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ABSTRACT
Centuries of metalliferous mining activities have resulted in a legacy of contamination
throughout the world. Unremediated mine wastes and tailings, as well as contaminated
soils, water and sediments, represent ongoing sources of environmental degradation
and human exposure, long after mine closure and abandonment. Despite global
concern over these contaminant sources, there remain uncertainties surrounding the
nature of human exposure to mine wastes and their toxicologically relevant
characteristics. As urbanisation expands into areas proximal to abandoned mine sites,
an understanding of the human-contaminant interface at this boundary is critical for
assessing the potential health risks.
This thesis addresses this knowledge gap by investigating the importance of particle
size as a factor governing the distribution of metals and metalloids in historical gold
mine wastes in regional Victoria, Australia, with an emphasis on arsenic as a
contaminant of potential concern. By characterising those particle size fractions that
are relevant to dust mobilisation and human exposure, this thesis examines the
human-contaminant interface using a multi-pathway approach. In particular, this thesis
focuses on the potential for exposure via inhalation of mine waste particulates.
The outcomes of the studies presented in this body of work demonstrate that historical
gold mine wastes in regional Victoria represent a source of readily ingestible and
inhalable particulates characterised by extremely elevated levels of arsenic (and other
contaminants) well above their bulk (in situ) concentrations. Although lung
bioaccessibility testing and mineralogical analyses revealed that most of the arsenic
in inhalable dust has been naturally immobilised, the lung-soluble fraction should be
considered when undertaking risk assessments for chronic exposure.
This thesis provides a framework for the development of targeted management
strategies for unremediated historical gold mining wastes in regional Victoria. The
findings suggest there is a need for environmental regulations to shift from generic
guideline values to exposure-specific guidelines that more accurately reflect the
human health risks posed by historical mine sites. This thesis has emphasised the
notion that in order for remedial action to accurately match the level of risk, the sourcepathway-receptor linkage must be evaluated using a systematic size-resolved
approach.
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CHAPTER 1
Introduction

1

1.1

OVERVIEW

Mining and ore processing industries have played a crucial role in developing and
securing the economic prosperity and wellbeing of civilisations around the world
(Wellmer & Becker-Platen 2002). In developed nations, mining supplies the necessary
raw material to manufacture the products and materials that are both essential for
everyday life and which provide increased levels of convenience and luxury. Metals
are used in a wide variety of consumer goods including electronic devices, industrial
equipment, and transportation systems, and industrial mineral commodities, such as
phosphate rock, salt, sand and gravel are used in building, road construction,
agriculture and the chemical manufacturing industries (Wellmer & Becker-Platen
2002).
Mining is also a major contributor to global employment, particularly in developing and
emerging nations. According to the Geneva-based International Labour Organization,
in 2010 there were around 1.5 million people employed in the mining sector in
developed nations, and 2.2 million in developing or emerging nations (Zeballos &
Garry 2010). Furthermore, artisanal mining employs at least 25 million people
worldwide, and indirectly supports more than 150 million people (Hruschka &
Echavarria 2011).
Despite the economic and well-being advantages that the mining industry brings,
mining is often associated with negative impacts on the environment (Fields
2003; Thornton 1996) and the health of local communities (Plumlee & Morman
2011). Widespread environmental damage resulting from various stages of
the mining process have been reported in many localities throughout the world,
ranging from the initial exploration of prospective sites (Fields 2003), through to the
various refining and purification processes (Hilson 2000). The environmental
impacts of mining are wide-ranging and many pose a threat to the sustainability and
maintenance of ecosystems which support our food production, clean air and water.
Mining directly and indirectly results in altered landscapes; unsealed pits and shafts;
land no longer useable due to loss of soil, altered pH or slope of land; large volumes
of metal-rich wastes and tailings; increased dust; changes in groundwater regime;
contaminated soils, surface water and aquatic sediments; subsidence and unstable
ground; changes in vegetation; and loss of biodiversity (UNEP 2001).
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In many cases, these environmental impacts pose concomitant hazards for nearby
communities (Fields 2003; Plumlee & Morman 2011). Such hazards may be obvious,
such as acid mine drainage or unsealed mine shafts, or they may be hidden, such as
chemically reactive waste buried underground, or metal-contaminated dust from waste
piles (Fields 2003). One of the major issues with hidden hazards is that they may pass
undetected for extended periods of time, and will only be investigated when they have
taken a serious toll on the community (Kasperson & Kasperson 1994). Indeed, one of
the most frequently cited threats posed by mining impacted sites for nearby
communities is the gradual release of toxic contaminants into the environment; these
could be from stored mining wastes containing naturally occurring heavy metals or
from discarded extractive chemicals such as cyanide and mercury (Fields 2001;
Thornton 1996; Plumlee & Morman 2011).
The environmental and human impacts of these toxic wastes and residues are
reported to persist long after mine closure and abandonment (Alpers et al. 2005;
Castillo et al. 2013; Nyambe & Chirwa 2014). In one extreme, but not isolated, case,
Pb and Cu generated by ancient mining activities were reported to have persisted in
the environment for more than 2000 years (Pyatt & Grattan 2001).
The extent of this problem has been highlighted by the Blacksmith Institute & Green
Cross Switzerland (Mills-Knapp et al. 2012), who claim that mining and ore processing,
artisanal gold mining, and lead smelting constitute three of the top 10 toxic pollution
problems in the world. They estimate that the health and well-being of an estimated
14 million people are at risk from the toxic effects of mining and ore processing alone
(Mills-Knapp et al. 2012). Furthermore, five of the top 10 toxic threats in the most
recent list of the World’s Worst Polluted Places, were represented by mining, ore
processing and allied industries (Mills-Knapp et al. 2013).
Given that mining activities continue to operate on a massive scale in many countries
around the world, the environmental hazards and associated human impacts
represent an ongoing global problem (Thornton 1996). As noted in a contemporary
review, in terms of global environmental challenges, there exists an ‘urgent need for
improved understanding, monitoring, and evaluation to protect, manage, and restore
the environment’ (Lubchenco 1998, p 495). Mining is clearly one industry that warrants
such a response.
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As further commented by Zobrist and Giger (2013), although annual rates of mined
commodities are often reported, evaluating the volume of mining waste deposited
within a country or continent presents a very challenging task because estimates of
waste generation are either imprecise or conservative. Therefore, developing globallyappropriate strategies to assess and mitigate the impacts and risks of mine wastes on
human health and the environment requires urgent attention in the form of ongoing,
collaborative research on an international scale.
This study will focus upon one important but underappreciated and potentially
understudied issue: the role of mining wastes in the generation of metal-contaminated
dust and the potential for exposure by proximal communities. Specifically, the intention
of the work is to highlight the potential hazards associated with dust-sized particulates
in metalliferous mine wastes, with an emphasis on arsenic which is of particular
concern to human health. Understanding the role of dust in the transportation of
contaminants will become increasingly important, particularly since predictions in
increased land activity, and the extreme weather events associated with climate
change, are likely to result in increases in windblown dust emissions (Pelletier 2006).
In this series of chapters, these issues will be investigated through case studies of
abandoned gold mining sites in Victoria, Australia, with special attention to arsenicrich historical mining wastes. It is noted that whilst these focussed case studies
represent a significant issue of current local concern, many of the findings are relevant
to similar mine waste issues throughout the world, both now and into the future.

1.2

MINE WASTES: PAST, PRESENT AND FUTURE ISSUES

One of the insidious aspects of mine wastes is the long-term persistence of the toxic
inclusions in abandoned waste heaps. Whereas the longevity of the danger of
radioactive wastes have been widely recognised, the potential for historical mine
waste heaps to produce contaminated dust when disturbed by activities such as
building, road making, and landscape modification is not fully appreciated. This
historical review indicates the extent of the distribution of heavily contaminated mine
wastes across the world, particularly in areas located close to or within heavily
populated areas, which emphasises the importance of the current type of study.
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1.2.1 A brief history of mining
The history of metalliferous mining dates back to the Bronze Age (3300-1200 BC)
when metals were typically used for the manufacture of simple tools, weapons and
ornaments (Thornton et al. 1984). Archaeological studies have revealed that during
the period of the Roman Empire (753 BC-476 AD), mining of metals, such as Fe, Au,
Ag, Sn, Cu, Pb, was conducted on a massive scale across the Ancient Roman Empire
(Thornton et al. 1984). After the collapse of the Western Roman Empire, metal mining
and ore extraction industries continued to operate on a large scale in various parts of
medieval Europe during the Middle Ages (500 AD -1500 AD) (Stefanowicz et al. 2014).
During the Industrial Revolution (1760-1830) which occurred in Great Britain, Western
Europe and the United States, there was a significant increase in the demand for raw
materials, particularly iron ore to manufacture steel (Ashton 1963), and coal for steam
power generation (Clark & Jacks 2006). These industrial needs have continued
unabated, and continue to operate on almost every continent.
1.2.2 Historical observations on the impacts of mining
Concerns regarding the deleterious human health effects of mining and metallurgy
were observed in the ancient Mediterranean as early as 400 BC. As noted by
Xenophon (434-359 BC) and Lucretius (98-55 BC) harmful smoke arising from the
lead mines in Attica were damaging to human health (Weeber 1990). Pliny also
observed the toxic effects of lead and wrote that ‘red-lead is a deadly poison and
should not be used medicinally’ and that ‘exhalations from silver mines (i.e., galena
mines) are dangerous to all animals’ (Waldron 1973). Similarly, ancient geographer
Strabo (63 BC-24 AD) identified a link between the high frequency of human deaths
in mining communities and exposure to toxic ore bodies (Wexler 2014). Although an
estimated several hundred thousand people (mainly slaves) died from acute lead
poisoning during mining and smelting processes in Greek and Roman times, these
deaths were considered acceptable due to the fact that lead was used extensively in
everyday life (Makra & Brimblecombe 2004).
The deleterious environmental impacts of mining and extraction industries in Central
Europe were recorded not long after the Late Middle Ages (1300-1500 AD). In 1556,
Georgius Agricola described the following devastating impacts of mining (Agricola
1556, p 8):
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…when the ores are washed, the water used poisons the brooks and
streams, and either destroys the fish or drives them away. Therefore the
inhabitants of these regions, on account of the devastation of their fields,
woods, groves, brooks and rivers, find great difficulty in procuring the
necessaries of life…..it is clear to all that there is a greater detriment from
mining than the values of the metals which are produced.

This quote is commonly used by contemporary authors to illustrate the early impacts
of mining on the environment (Kalin 2004; Lottermoser 2010).
As the scale of mining increased and metal extraction industries became more
technologically advanced during the Middle Ages, the degree of contamination and
pollution intensified (Ernst 1998). It was not until the Industrial Revolution, however,
that mining and ore processing industries were recognised as primary sources of metal
contamination on a global scale (Ernst 1998). A lack of understanding of the impacts
of mining and mineral processing, coupled with inadequate or absent regulatory
frameworks resulted in ongoing widespread environmental degradation that was, at
the time, viewed as secondary in importance to resource extraction and profit
maximisation (Lottermoser 2010).
Prior to the introduction of environmental laws and regulations in the 20th century,
mining continued to operate without due consideration for the environment and human
health. During the Gold Rush of the mid-19th and 20th centuries in Australia, for
example, the following historical notes relating to the impacts of gold mining and poor
sanitary conditions were documented by Butler in 1993 and summarised in a Bendigo
City Council Heritage Place Report (Bendigo City Council n.d, p6):
Massive problems were caused by mining with resultant sludge, silt and
flooding contaminating water supplies. Lack of water, severe drought, wind
blown contaminated dust caused severe outbreak of diseases, blindness,
cholera, typhoid which was a major problem.

Early observations (mostly subjective in nature) on the impacts of mining on the
environment and human health were limited from an analytical perspective. However,
because the geochemical characteristics of mining by-products, wastes and residues
have not changed fundamentally since the Middle Ages, environmental impacts similar
to those described by Agricola (1556), are often reported as major global issues today.
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In the following sections, some of the current and emerging environmental and human
health issues associated with mining operations will be discussed.

1.3

CONTEMPORARY ISSUES WITH MINING

The introduction of an environmental regulatory framework in the mineral resources
sector during the 20th century was designed to protect and manage the environmental
effects of mining activities, and to ensure the mining industry was held accountable for
its actions (Lottermoser 2010). Contemporary mining industries operating under
environmental laws are obliged to seek technically-robust solutions to their
environmental problems, such as the secure confinement of wastes and the
prevention of run-off, and subsequent rehabilitation (Kalin 2004). Upon mine closure,
there are also legislative requirements to ensure the mine site is safe, environmentally
stable, non-polluting, and self-sustaining, while minimising the likelihood and potential
impacts of adverse events (MCMPR 2010).
However, mining legislation, mine closure requirements, and incentives to adopt
environmentally-sensitive practices, can differ substantially from country to country,
and many countries find ways to circumvent these legal requirements (MIT 2016). The
following section highlights how unregulated historical and current mining practices
can negatively impact the environment and local communities.
1.3.1 Past and present mining practices
Table 1.1 (modified from Kalin 2004) compares some past and present mine waste
considerations in the mining sector compiled from reports since the mid-1970s. For
example, consideration of the geographic location of mine waste materials at active
mine sites was often restricted by economic and environmental constraints. A good
example of this is the township of Broken Hill, NSW, Australia, which was built directly
adjacent to an operational silver-lead-zinc mine. It is now recognised that the location
of mine waste stockpiles and tailings can have a profound influence on the
environmental, social and health effects of mining developments, and needs to be
balanced with the economic viability of a developing deposit (World Bank 2005).
Furthermore, while mine closure strategies were not typically activated in the past,
mine rehabilitation and closure programs are now recognised as critical components
of a sound environmental management program. It should be noted that there is
considerable global variation in these past and present practices (MIT 2016).
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Table 1.1 Comparison of present mine waste management practices with mining
practices in the mid-1970s (modified from Kalin 2004).
Present

Past

Hydrological and economic considerations
for site selection of waste materials

Economic considerations only (e.g.
proximity to mine)

Placement of ore stockpiles

Considered, but economic
constraints were a limiting factor

Mine runoff drainage systems

Sometimes considered

Gradual site reclamation during operations

Not considered

Mine closure plan considered

Not considered

Appropriate storage facilities for chemicals
and fuel

Sometimes considered

Storage of waste rock types according to
acid-generating potential

Unsegregated waste rock piles

Waste storage design (dam liners and leak
detection systems)

Dams constructed from coarse
tailings, overburden or waste rock

Tailings treatment systems

Not available

Underwater tailings management facilities

Above ground tailings management
facilities

Highly acid-generating material used as
backfill

Conventional backfilling, using only
coarse fraction of the tailings

1.3.2 Poorly regulated mining operations
The negative impacts of mining on the environment and human health are not limited
to historical activities. Although mining activities are heavily regulated in the vast
majority of developed nations, many emerging and developing countries do not have
in place robust legislative frameworks, or if legislation exists, there is a lack of incentive
or resources to enforce it (MIT 2016). Furthermore, environmental regulations that lack
clarity and stability can result in different interpretations, higher compliance costs, and
political interference (World Bank 2005). Consequently, the delicate balance between
profit maximisation and environmental degradation remains a topic of widespread
debate.
One example of a poorly-regulated mining activity relates to the artisanal mining
industry. Artisanal mining, such as the reprocessing of abandoned tailings and dumps
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or the extraction of remaining mineral from abandoned industrial mine sites, takes
place in many countries. Large numbers of people around the world rely on artisanal
mining for subsistence (Veiga & Hinton 2002), but because of the rudimentary nature
of these unstructured mining practices, they continue to degrade the environment long
after mine abandonment (Nyambe et al. 2014).
In some areas, artisanal miners continue to work decades after the closure of largescale mines reprocessing abandoned tailings and dumps, or extracting the remaining
material in the deposit (Hruschka & Echavarria 2011). Inadequate environmental
policies and a lack of technical knowledge are cited as the two primary reasons why
active and abandoned artisanal mining sites lead to widespread environmental
degradation (Veiga & Hinton 2002).
1.3.3 Historical mine sites as modern-day sources of contamination
In the past, environmental standards and community expectations were considerably
lower than at present, and this has given rise to a legacy of mines which do not meet
today’s standards (Unger et al. 2012). The number of legacy mine sites in Australia,
for example, is estimated to be more than 50,000 (Fig. 1.1; Unger et al. 2012). A United
Nations Environment Programme (UNEP) discussion paper on the problems, issues
and options for abandoned mine sites in Australia noted the following anecdotal
evidence illustrating some of the impacts of the gold rush in Australia (UNEP 2001, p
2):
Large areas of dryland forest in Australia that were dug over in the goldrush
in the 1860s have still not recovered. There is virtually no topsoil, and the
land is covered by only sparse vegetation and stunted trees. It is estimated
that more than 150 tonnes of mercury were lost from the diggings to the
environment due to inefficient gold recovery processes. On the coast
[location not specified], fish still carry high mercury levels from the
contaminated sediments, and health authorities have counselled a limitation
on consumption of fish caught locally.
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Figure 1.1 Number of abandoned mines in Australia per state, July 2011 (Image
source: Unger et al. 2012).
Although the case for rehabilitation of abandoned sites is similar for active mines, the
delegation of accountability and responsibility for abandoned and historical mines is
not clear-cut (UNEP 2001). Often, the responsibility for abandoned or orphan mine
sites cannot be identified, and this often results in non-action (Cooke & Johnson 2002).
The environmental, social and economic consequences of delayed- or non-action are
recognised as serious global-scale problems (UNEP 2001).
Abandoned mine sites are considered one of the most significant environmental issues
associated

with

mining

(UNEP

2001).

In

contemporary

literature,

poorly

decommissioned mine sites, as well as improperly stored tailings and wastes, are
frequently identified as current and ongoing sources of soil, surface water,
groundwater and air contamination (Alpers et al. 2005; Drahota et al. 2014; Foulds et
al. 2014; Leblanc et al. 2000; Stefanowicz et al. 2014). Some of the pathways of
pollution from exposed mine waste piles are shown and shown in figure 1.2.
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Figure 1.2 Pathways of environmental pollution from mine waste or tailings piles. 1.
Water pollution through seepage, 2. windblown dust, 3. operational failure, 4 biological
accumulation of toxic metals, 5. erosion or slumping, 6 decant discharge, 7. capillary
transport of metals (Image source: adapted from Andrews, 1975 and reprinted from
Williamson & Johnson, 1981).
There are many pertinent examples of the contamination legacy of historic mining.
Historical Pb-Zn mine and smelter sites in Southern Poland have been described as
‘hot spots’ of persistent soil contamination (Stefanowicz et al. 2014), and in Lavrion,
Greece, uncontained wastes and residues accumulated over 3000 years of intensive
mining activities have been linked to current atmospheric metal contamination
(Protonotarios 2011). Mining at Rio Tinto (Huelva, south-western Spain) is another
example whereby watershed-scale metal contamination of the Rio Tinto fluvialestuarine complex has been linked back to mining activities during the Copper Age
(Leblanc et al. 2000).
If the environmental issues described here are comparable with abandoned mining
sites in other localities, the legacy of pollution from these locations will persist into the
future.
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1.3.4 Dust and aerosol emissions from mine sites
Although the topic of air pollution was briefly raised in section 1.3.3, the unintentional
release of dust and aerosol emissions from mining operations represent major
contemporary global issues worthy of a separate discussion.
Active mining operations, their associated waste material, as well as disturbed
abandoned mine sites, are important sources of off-site dust and aerosol emissions
which are frequently characterised by elevated levels of heavy metals and metalloids
(Fernandez-Camacho et al. 2010; Kovacevic et al. 2010; Kribek et al. 2014; Zota et
al. 2013). Compared with natural and other anthropogenic sources of dust, mining
operations and active mine tailings have the highest potential to generate dust
emissions with the highest contaminant concentrations, and therefore pose significant
risks to human health and the environment (Fig. 1.3; Csavina et al. 2012).

Figure 1.3 Natural and anthropogenic sources of dust showing their relative
particulate emissions, contaminant concentrations and potential risk to human health
and the environment (image source: Csavina et al. 2012).
Of particular relevance to this thesis, is the observation that off-site emissions of dust
at mine sites, described in more detail in Chapter 3, often have adverse environmental
and human health impacts in downwind depositional areas (Csavina et al. 2012;
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Morman & Plumlee 2013). If compared with other contaminant transport media such
as surface water, groundwater, and biological vectors, air masses carrying dust
particles travel at much greater relative velocities and therefore have the highest
potential to transport contaminants rapidly, and over long distances, through the
environment (Csavina et al. 2012).

1.4

EMERGING MINING IMPACTS

As reported by Mudd (2009), the sustainability and environmental impacts of modern
mining are underpinned by the following long-term trends:
•

increases in production (due to increasing demand)

•

declines in ore grades

•

increases in open cut mining

•

increases in waste rock and tailings.

Other authors have cited that the impacts of climate change may increase rates of
mine waste weathering and also lead to greater frequencies of windblown dust
emissions (Middleton 1986; Zhang et al. 2003).
The following sections will address some of these emerging impacts.
1.4.1 Increasing demand for raw products
Over the past two and a half decades, rapid industrialisation of emerging countries
and continued high levels of material consumption in developed nations, have been
key drivers for the unprecedented rise in global demands for raw materials (Mudd
2004; Krausmann et al. 2017). Global population growth is also a major driver for raw
material demand, and recent projections indicate that world population will increase
from the current 7.2 billion people to 9.6 billion in 2050 and 10.9 billion in 2100
(Gerland et al. 2014).
As reported by the Sustainable Europe Research Institute (Behrens et al. 2007), the
strongest growth in raw material demand compared with other commodities is for
metal ores, with a predicted 200% rise in global resource extraction between 1980 and
2020. To demonstrate the representativeness of this prediction, global metal
production more than doubled (133%) between 1980 and 2008 (OECD 2015), with
significant resource extraction growth occurring in emerging countries such as Brazil,
Russia, India, Indonesia, China and South Africa (Behrens et al. 2007).
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One of the key issues with the increasing demand for metals and mineral resources is
that at any given locality, the ore deposit is finite (non-renewable), and eventually
depleted (Cooke & Johnson 2002). Mining is a temporary use of land, which usually
lasts from a few years to several decades. In Australia, the vast majority of ore grades,
especially gold and copper, have shown a rapid decline (Mudd 2004; 2010), while
similar trends have been noted for lead-zinc and gold mining overseas (Calvo et al.
2016). To compensate for diminishing resources and lower-grade ore bodies, mining
on a vast scale is usually necessary (Blight 2011). However, mine expansion (e.g.
shifting from underground to open cut mining) has led to dramatic increases in
pollution from waste rock, tailings and CO 2 emissions (Prior et al. 2012).
1.4.2 Projections in mine waste generation
Mines produce a wide range of waste types and quantities, and these waste products
may account for almost 10% of the total material mined to well over 99.99%,
depending on the nature of the economical product and the extraction processed used
(US EPA 1995). The wastes generated by the mining process are mainly a result of
mineral extraction, beneficiation and processing (Das & Choudhury 2013), and may
include waste rock, overburden, mill tailings, slimes and liquors (Williamson & Johnson
1981). Globally, mining produces the greatest proportion of waste compared with
municipal waste generation and non-mining industries (Lottermoser 2010; Zobrist &
Giger 2013). However, the actual volume disposed in dumps and tailings worldwide is
difficult to assess and many estimates are rough (Zobrist & Giger 2013). By 2000, an
estimated hundreds of thousands of tonnes of mine tailings were produced each day
around the world (Jakubick et al. 2003).
1.4.3 Impacts of climate change
The impacts of climate change are predicted to play an important role in the
remobilisation of contaminants from operational and abandoned mine sites. One of
the modelled effects of global warming is an increase in the intensity and frequency of
extreme precipitation over most regions throughout the 21st century (IPPC 2007).
Flood events are effective drivers of contaminant dispersal, which can lead to
deleterious impacts on ecosystems, animal and human health (Foulds et al. 2014).
One post-flood investigation reported widespread erosion of unstable landforms and
remobilisation of large quantities of contaminated sediment from old mine workings,
resulting in contamination of proximal agricultural resources (Foulds et al. 2014). Other
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impacts of flood events may include destabilisation of underground workings, failure
of tailings dams or seepage of tailings through pit walls, acid mine drainage, as well
as the direct discharge of contaminated water into open cut pits (Mason et al. 2013).
The effects of climate change are also predicted to have a direct impact on mine waste
chemistry and mobility (Lottermoser 2010). Along with longer-term trends in prolonged
drought periods, the predicted rise in global temperature is expected to increase the
rate of mine waste weathering by a factor of approximately 1.3 by the year 2100
(Nordstrom 2009). Prolonged weathering of mine waste materials will lead to a greater
abundance of soluble salts (Lottermoser 2010), and therefore greater concentrations
of acid and metals during rain events. Sudden increases in acid, metals, and sediment
flushed from mine sites are likely to have detrimental effects on downstream water
quality and aquatic life.
Prolonged weathering may also lead to increased loadings of airborne soluble salts
during dust storms. The anticipated increase in extreme weather conditions are likely
to lead to a greater frequency and intensity of dust storms, as already observed in
localities such as Asia, Africa, and Australia (Middleton 1986; Zhang et al. 2003),
which in combination with the weathering, is likely to result in an increase in the
occurrence of airborne contaminants.

1.5

CUMULATIVE IMPACTS ON FUTURE GENERATIONS

Based on the evidence presented so far, there is little doubt that if left unchecked
historical, current, and future impacts of mining will continue to have a negative impact
on the environment and human health. These cumulative impacts, in concert with
climate change, represent a serious threat to not only the health and well-being of
current populations, but to future generations. Therefore, the question that must be
addressed is ‘how do we continue to mine without compromising the needs of future
generations?’
In terms of securing the health and wellbeing of future populations, if we are to make
progress in moving towards a sustainable future in mining, we must become familiar
with those mining practices and waste products (current and historical) that lead to
both acute and chronic health outcomes. Although much progress has been made in
linking various deleterious health effects with different toxic geogenic materials, there
remain many uncertainties regarding the human interface between the source of
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environmental contaminants as well as their toxicological properties (Morman &
Plumlee 2013). Resolving such uncertainties will be critical for ensuring that future
generations are aware of, and can accurately identify, those mining activities and
waste products that pose immediate and long-term risks to health.
Of specific relevance to this thesis is the presence of toxic elements, particularly
arsenic, in legacy mining wastes. The following section describes in more detail some
of the critical gaps in our understanding of the nature of human exposure to mine
wastes and the toxicological properties of the associated contaminants. It will also
describe how this project will address these gaps.

1.6

IMPACTS OF MINING ON HUMAN HEALTH

1.6.1 Knowledge gaps
A review conducted by Plumlee and Morman (2011) on the health impacts of mine
wastes concluded that there are many uncertainties surrounding the nature of human
exposure to mine wastes and their toxicologically relevant characteristics. Specifically,
there exists a shortfall in our capacity to predict which physical and chemical
characteristics influence exposure and uptake, and which toxicological characteristics
are responsible for producing adverse health effects (Kelly & Fussell 2012).
Consequently, there is an ongoing need for progress in the identification of the sources
and components of mine waste particulates that exert the greatest effects on human
health (Kelly & Fussell 2012; Morman & Plumlee 2013). There is also a need to
investigate the routes by which populations and individuals are exposed, and a critical
evaluation of the associated risks (Hamilton 2000).
Pertinent to this study is the frequently reported presence of arsenic and other
potentially toxic elements in historical mining wastes at abandoned gold mine sites
(e.g. Ashley & Lottermoser 1999; Smith et al. 2003; Camm et al. 2004; Wang &
Mulligan 2006). Previous Australian studies have shown that the arsenic content of
residential soil represents a statistically significant and long-term source of exposure
for human populations residing in historical gold mining areas (Hinwood et al. 2003;
Martin et al. 2013; Pearce et al. 2010). One Australian-based study identified a link
between household dust arsenic concentration and the arsenic content measured in
the hair of mining-affected residents (Hinwood et al. 2003). Evidence of systemic
absorption of arsenic from soil by children has also been reported (Pearce et al. 2010).
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Moreover, a recently published ecological geographical correlation study revealed a
small but statistically significant increase in past cancer risk associated with increasing
soil arsenic concentrations in Victoria, Australia, particularly in socioeconomically
disadvantaged areas (Pearce et al. 2012).
Although the link between environmental arsenic and human uptake has been
established (Hinwood et al. 2003; Pearce et al. 2010; Martin et al. 2013), the pathways
leading to exposure remains undetermined. There is widespread agreement that the
ingestion pathway is the most significant exposure route for arsenic in soil, particularly
for children (Calabrese et al. 1997; Carrizales et al 2006; Chung et al. 2014). Then
again, the inhalation of resuspended mine waste particulates is also reported to be an
important source of uptake of inorganic compounds (Plumlee & Ziegler 2003). Despite
recent developments in identifying the direct pulmonary effects of arsenic (described
in more detail in Chapter 3), there is limited data relating to the pulmonary
bioavailability of different arsenic compounds (Mullins & Norman 1994).
The lack of published data on the pulmonary bioavailability of arsenic is of concern.
Arsenic is listed as a Group 1 carcinogen with links to a range of harmful health
conditions including cancer of the lung, bladder and skin (IARC 2012). The human
lung is recognised as one of the major target organs for arsenic-induced toxicities,
sustaining both carcinogenic and degenerative diseases as a result of ingestion and
inhalation exposures (ATSDR 2007). It remains undetermined why the carcinogenic
effect of exposure to airborne arsenic is confined to the respiratory system when
ingestion of arsenic from contaminated drinking water and soil results in a variety of
cancers, including lung cancer (Smith et al. 2009). It may be that inhalation represents
the primary pathway of direct exposure to airborne arsenic for the lung cells within the
respiratory system (Hu et al. 2012).
1.6.2 Addressing critical shortfalls
The identification of exposure pathways to environmental contaminants represents an
important step in the risk assessment process (Nieuwenhuijsen et al. 2006). This study
presents innovative and systematic research that contributes to the current knowledge
of human exposure pathways for arsenic in historical gold mining wastes by examining
the arsenic content across different particle size fractions considered relevant to
environmental distribution and human health. The research program will explore the
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potential routes of exposure to mine wastes common throughout an historical gold
mining province in Victoria, Australia. To date, there are no published studies that have
systematically examined the role of particle size on the distribution of, and potential
exposure to, arsenic in mine wastes in the selected study area. The data obtained may
be integrated into future health risk assessments of mining-contaminated sites not only
in the selected study area, but for other areas where similar mine wastes exist.
Having identified the potential routes of human exposure and the levels of arsenic
associated with each pathway, the inhalation pathway will be examined in more detail.
Specifically, this study will measure and compare the pulmonary bioaccessibility of
arsenic in the inhalable size fraction isolated from the four distinct types of mine wastes
common to regional Victoria. This component addresses the shortage of published
data on pulmonary arsenic bioavailability. The information gained from this study will
provide an indication of the degree of arsenic uptake as a result of the inhalation
pathway.

1.7

RESEARCH JUSTIFICATION

1.7.1 Global priorities
The United Nations recognised that the main issue of the 21st Century in the field of
waste management is ‘how do we handle our discarded resources in ways which do
not deprive future generations of some, if not all, of their value?’ (Connett, cited in
Memon 2016). In response to this fundamental question, environmentally sound waste
management has been broadly defined under the Basel Convention as ‘taking all
practicable steps to ensure that hazardous wastes or other wastes are managed in a
manner which will protect human health and the environment against adverse effects
which may result from such waste’ (Basel Convention/UNEP 2011). Similarly, for a
mining company to be considered socially responsible and to maintain a good
reputation, the ‘environmental impacts must not pose any unacceptable risk to
associated communities’ (Veiga et al 2001).
With regards to industrial pollution and resource degradation, national governments
should therefore establish and enforce environmental laws and regulations that should
give priority to avoiding public health problems associated with industrial pollution and
hazardous wastes (Brundtland 1987). Hence, the measurement of dust emissions
generated by mining sites and the associated health effects are considered high
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priority research areas for mine waste management in Australia (Ramirez-Andreotta
et al. 2011).
1.7.2 Australian strategic research priorities
The national strategic research priorities1 (DIICSRTE 2012) provide a framework for
addressing the most important societal challenges in Australia. Moreover, this
framework was developed to ensure that Australia maintains its role in the global
research landscape. Among the five research priorities listed in the research strategy,
this research project will address the following overarching priority (1) and sub-priority
(a):
Living in a changing environment [overarching priority]
Research outcomes will identify strategies to develop resilient natural
(ecosystems) and human environments (people, communities and their
utilities and industry) that can all thrive in a changing environment.
Enable societal transformation to enhance sustainability and
wellbeing [sub-priority]
Research will identify areas of highest risk and develop options for the
change required to mitigate and/or adapt to environmental change. This
priority will focus on urban design, governance systems, decision
frameworks and industry policies.

1.7.3 Alignment with global and national research priorities
This research project will respond to these complex societal challenges in a number
of ways. Firstly, potential threats to the health and wellbeing of mining-affected
communities will be identified through the systematic characterisation of historical
mine wastes. This analysis will have implications for urban design strategies, the future
governance of mining regions, industry policies and governmental decision
frameworks.
Secondly, the findings will provide important data that will assist environmental
regulatory agencies and mining-affected communities in mitigating and adapting to the
effects of environmental change, and this will have relevance to Australia and similarly

1

The national strategic research priorities referenced here have been updated since this PhD research
project was developed.
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affected mining impacted communities overseas. As our climate shifts to a hotter
and drier

regime,

it

will

become

increasingly

important

that

mining

communities and regulatory agencies are provided with reliable and accurate
information regarding existing and potential environmental hazards generated by
legacy mining industries.

1.8

AREA OF RESEARCH ENQUIRY

Earth scientists can provide health scientists with key predictive information about
the minerals and toxicants likely to be present in mine wastes at specific sites
based on the geology of the mineral deposit being mined or processed (Plumlee
& Morman 2011). As stated by Thornton (1996), in order to fully evaluate the
environmental and health effects associated with mining activities, a combination
of multi-disciplinary expertise is required.
The multi-disciplinary approach implemented in this project is consistent with
the methodologies employed in the area of medical geology; an emerging field of
research that deals with the intimate relationship between the geological
environment,

particularly geologic materials and processes, and the health

impacts in humans, animals and plants (Bunnell et al. 2007; Centeno et al. 2005;
Finkelman et al. 2001).
Throughout this thesis, a blend of scientific techniques from three discrete
but interconnected fields of research, including geochemistry, geology and health,
will be employed (Fig. 1.4). Specifically, in line with the geochemistry and geology
research fields, the chemical composition and physical properties of the mine
wastes selected for investigation will be explored in terms of their potential for
human exposure. In order to address the health component, the pulmonary
bioaccessibility of arsenic in the inhalable size fraction of the mine wastes will be
assessed.
The multidisciplinary scientific techniques described in this thesis were applied
to historical mine waste samples that were collected during, and specifically for
the purpose of, this PhD research. Conclusions regarding the geochemistry,
physical characteristics, and arsenic

bioaccessibilities

of

the

mine

waste

samples, as detailed in Chapters 4, 5 and 6, were based on empirical
evidence obtained throughout the course of this research.
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Figure 1.4 Area of research enquiry for the current study: a medical geology approach.

1.9

RESEARCH QUESTIONS AND THESIS STRUCTURE

This thesis by publication has been developed around a programmatic response to
the central research question which is concerned with the potential for human
exposure to arsenic in historical mine wastes. Prior to empirical work being
undertaken, a suite of sub-questions have been designed to provide incremental
contributions to knowledge regarding the overarching research question. Each subquestion is independently addressed in the thesis in the form of a review or original
research article.
1.9.1 Overarching research question
To what degree does particle size govern the risk of exposure to arsenic in abandoned
gold mine wastes from urban areas in central Victoria, Australia?
1.9.2 Sub-questions
i.

What are the current approaches to the assessment of contaminated sites and
associated risks to human health?
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ii.

What are the key knowledge gaps in our current understanding about arsenic
in airborne particulate matter generated by mining operations and the human
health effects associated with exposure?

iii.

Does particle size influence the distribution of arsenic and other potentially toxic
elements (PTEs) in historical mining wastes from the gold province in central
Victoria, Australia, and what are the associated implications for airborne
mobility and human exposure?

iv.

What are the concentrations of arsenic and other potentially toxic elements in
the inhalable size fractions of historical mine wastes from the gold province in
central Victoria?

v.

What is the pulmonary bioaccessibility of the inhalable size fraction in four
distinct mine wastes from the gold province in central Victoria, Australia?

1.9.3 Thesis structure
The main text of this thesis comprises seven distinct but interconnected chapters
which address the sub-questions listed above. These chapters provide a systematic
study of the interrelated aspects of the current knowledge of arsenic-contaminated
mine wastes in Australia.
Chapter 1 (this chapter) provides an introduction into some of the broader
environmental issues associated with historical and current mining operations, and
sets the scene for this body of work. This introductory chapter identifies gaps,
specifically in the current knowledge relating mine wastes and human exposure
pathways, and establishes the need for further research in this field of study. Finally,
Chapter 1 provides a plan of the structure of this work and describes how the various
chapters are woven together. This chapter does not directly address the subquestions, however, it is critical for understanding some of the ways in which historical
mining legacies were created.
Chapter 2 addresses sub-question (i) by describing the broader issues associated
with the identification and assessment of contaminated sites, and the regulatory
framework in which these assessments take place. This review examines the interface
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between contaminated lands and human populations, and creates a platform upon
which to discuss the management implications of the findings from this study.
Chapter 3 addresses sub-question (ii) through identifying the major sources of
global arsenic emissions arising from mining operations and discussing their effects
on human health, with a focus on inhalation as pathway of exposure to arseniccontaminated particulate matter. Chapter 3 provides a critical review of the literature
with the aim of establishing a theoretical framework and meaningful context in which
to conduct the current research. With an emphasis on mining activities as a source of
airborne arsenic-bearing particulates, this review discusses and critically analyses key
published works regarding: (i) the production of particulate arsenic, (ii) the human
exposure pathways to airborne arsenic, and (iii) the health effects associated with
exposure.
Clearly identified in this review is the apparent paucity of available literature on
inhalable arsenic-bearing particulates in mine wastes and tailings. This adds emphasis
to the need for prospective studies to investigate the human health risks posed by
these sources, and allows an integrated series of investigations to be more fully
developed. Chapter 3 also defines key terms, definitions and terminologies frequently
used throughout the subsequent investigations.
Chapter 4 addresses sub-question (iii) by examining the role of particle size on
arsenic (and other heavy metals) in the historical mine wastes selected for
investigation. A growing body of evidence suggests that particle size plays a key role
in governing contaminant concentrations in mine wastes and tailings, and this
observation provides a convenient starting point for this investigation.
Of particular interest to Chapter 4 is the frequently-reported inverse trend between
particle size and contaminant concentration, and the suggestion that smaller particles
may be of particular importance in relation to human exposure pathways. Thus, in
order to further understand this inverse relationship, a systematic approach to mine
waste characterisation was applied to four distinct types of historical mine wastes from
the gold province in central Victoria. This approach enabled a general assessment on
the fractionation of contaminants in the selected mine wastes and identified those size
fractions that may pose a particular risk to human health. Results from this
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investigation

informed

subsequent

investigations

into

arsenic,

and

other

potentially toxic elements, in mine waste dust.
Chapter 5 answers sub-question (iv) by reporting on the presence of
inhalable

particulate matter in historical mine waste and describing their

geochemical attributes. The

reviewed

literature

highlighted

that

inhalation

exposure to arsenic-bearing particulates may lead to a range of deleterious health
effects, such as lung cancer and chronic respiratory disease. Key variables
governing the human response to arsenic exposure include intensity (how much?),
frequency (how often?) and duration (how long?). Therefore, Chapter 5 examines
the potential exposure intensity to total arsenic in two discrete inhalable size
fractions isolated from the historical mine wastes, and confirms whether the
inverse relationship between arsenic and particle size may be observed at this
increased resolution. The findings from this study were important for determining
whether a further assessment of the inhalable size fraction was warranted.
Chapter 6 deals with sub-question (v) by reporting on the pulmonary
bioaccessibility of arsenic in the inhalable fraction of the mine wastes. In Chapter
6, the pulmonary bioaccessible fraction of arsenic in inhalable mine waste
particles was investigated using a simulated lung fluid. By addressing this research
question, the risks associated with inhalation exposure to As-bearing particles from
the mine waste deposits can then be discussed. This chapter also reports on a key
factor controlling solubility in the mine waste samples; mineralogy.
Chapter 7 provides a synthesis of the key findings from Chapters 2 to 6 and
comments on the regulatory and management implications associated with
abandoned, unremediated mine waste deposits in urban areas. Chapter 7 draws
on

the

literature

recommendations

presented
that

have

in
been

Chapters

2

and

3

to

contextualise

developed from the empirical research

undertaken in this study.
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ABSTRACT
Brownfields present a continuing and evolving problem for land use planners, developers, public
health authorities and for the public. Legislative frameworks and fears over liability combined with
an inconsistent and sometimes ad hoc approach across national and international borders are key
contributors to poor outcomes. In a world hungry for more development, brownfields present an alluring opportunity to improve land value, improve environmental and human health outcomes and to
limit the expansion of the anthropogenic footprint by reusing this ‘poor value’ land. The absence of
a systematic approach to the understanding of brownfields contamination, their remediation and the
associated risks will significantly impact on whole-of-population health outcomes in the next century.

INTRODUCTION
Fertile soil, potable water, sustainable energy, clean air and the abundant mineral resources provided by our planet are all essential for the sustainability of human civilisation. However, the importance of soil in the public debate is often overlooked with much political and social emphasis being
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placed on water, air and energy and on the financial returns of mining. Given the extensive footprint
of human development, it is unsurprising that much of the ‘hidden’ soil profile has already been
affected by human activities and, in an increasingly space hungry world, attention is turning to the
use of so-called brownfield sites.
Brownfields are defined by the USEPA as ‘property, the expansion, redevelopment, or reuse of
which may be complicated by the presence or potential presence of a hazardous substance, pollutant,
or contaminant’. Human activities and operations such as mining, intensive agriculture, manufacturing and poor waste management systems have created large areas of contaminated land systems
throughout the world. As early as 2004, it was estimated that 294,000 ha of contaminated sites were
recorded in the United States (USEPA, 2004) while over 300,000 ha of potentially contaminated
lands were identified in the United Kingdom (DEFRA, 2011). In 2014, reports suggest that China
has identified 19.4% of its agricultural land as contaminated, with Greenpeace positing that treating
1 million hectares of contaminated soil will cost at least 140 billion yuan (22.6 billion USD) in 2015.
Brownfields are scattered across both urban and rural landscapes and affect all nations irrespective of economic development. The global reach of the issue has refocused the attentions of policy
makers and planners to consider redevelopment and rehabilitation of these sites (De Sousa, 2003).
However, soil contamination is often complex and heterogeneous and may include a range of toxic
organic, inorganic, anthropogenic or geogenic compounds (e.g. Sultan and Dowling, 2006; Pearce
et al., 2010; Mackay et al., 2013; Martin et al., 2013; Arnold, 2014; Méndez-Fernández et al., 2015;
Taylor et al., 2015; Zierold and Sears, 2015), and have the potential to remain in the soil for poorly
defined and significantly long periods of time. Contaminants may be present in very high concentrations in both the soil and sediment profiles (e.g. Chen et al., 2005; Feng and Qiu, 2008) and pose a
serious threat to human health (Csavina et al., 2012). Hence remediation and repurposing of brownfield sites is desirable but also complex, expensive and potentially hazardous.
As communities expand into fringe areas land once used for industry, intense agriculture or manufacturing is now required for other commercial or residential development and with this expansion
comes the need to build schools and play grounds and facilities for other, potentially vulnerable,
sections of our community. It is essential that we should build ‘sustainability’ and public safety into
redevelopment but little consensus exists among the policy makers, governments and local planning
authorities. Often these hidden threats are poorly evaluated: these landscapes are under increasing
pressure to be redeveloped and made ‘productive’ and time and sufficient funds are often constraining factors. We must always ask ourselves: Is there equal pressure to make them safe?
Of key concern in this discussion is how we should assess and redevelop brownfield sites, and
what sustainable principles should be considered to redevelop a brownfield site to acceptable safe
levels of contamination as defined now and potentially into the future (Figure 17.1). As we acknowledge that most of the surface of our planet records the effects of human occupancy and that there is a
need to ‘reuse or recycle’ this land, we also ask the question: In a global market, how can legislators
keep up with the needs of developers?
Brownfield sites present complex risk profiles that need to be carefully assessed (Alker et al.,
2000). This task is further complexed by ownership, jurisdiction and historical factors that often
coexist in a tight fiscal environment. Each site needs to be characterised in terms of the threats it
poses and the duration of that threat. Characterisation and assessment informs the range of suitable
future land uses based on some agreed value placed on the projected use. However, agreeing on a
value is in itself complex and even if the physical and chemical characteristics of the site were well
understood, the social and economic drivers to repurpose the site might be in conflict and as such a
hands-off strategy is unlikely to be an option.
EXAMPLE 17.1: URBAN COMPLEXITY
In what is now central Melbourne, Australia, town gas was manufactured from coal between
1861 and 1927, after which the site was used for a multitude of purposes including production
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FIGURE 17.1 Terms associated with the concept of brownfield. (Adapted from Alker, S. et al. 2000.
J. Environ. Plann. Manage., 43(1): 49–69.)
of defence vehicles up until the 1960s. The site was identified as significantly contaminated with
an array of compounds including free tar, complex hydrocarbons, heavy metals and inorganics
distributed in fill material, clay and rock formations. Local groundwater was also shown to be
affected. The Environment Protection Authority (EPA) Victoria, an independent statutory authority
established under the Environment Protection Act 1970 determined via audit that a clean up was
required in 2014. This requirement was levelled at the Crown (the Government). It is clear that the
purpose of the EPA is to protect and improve the environment and prevent harm to human health
but the motivation was not some systematic review of prior land use and mapping of contamination. This part of Melbourne is experiencing significant gentrification. The site is within easy walking distance of extensive urban parklands, commercial districts and desirable housing. The local
council saw great potential for development and offered an Urban Design framework to attract
development and commence discussions for repurposing this brownfield site. The fact that this site
could be remediated is in part thanks to the pressing need for land in our urban environments. The
question raised here is why remediation has taken so long to be an agenda item.
EXAMPLE 17.2: COMPETING NEEDS
Consider a brownfield site in a regional city where land pressure and competing needs suggest
multiple remediation options. Historically, a solidification or stabilisation technology, perhaps using
a capping cement layer might be used to limit environmental liabilities and protect human health by
trapping the hazardous contaminant. Capping the material is relatively easy to cost and has proven
results. However, the option of transformation into an urban park presents a more difficult costing
challenge. The cost effectiveness of various remediation technologies, on-site or off, potential off-site
contamination during capital works, the addition of topsoil, appropriate revegetation strategies can
be calculated, but the value of the impact and contribution to the physical and aesthetic quality of
the area is difficult to quantify. More recently, policymakers have broadened the concept of a park’s
contribution to society to include contributions to larger urban policy objectives including job opportunities, youth development, public physical and mental health, art and community building, etc.

The value of brownfield sites may be gauged using a triple bottom line approach, in which
value is expressed in terms of separate financial, social and environmental benefits (Norman and
MacDonald, 2004). Redeveloping (or at least remediating) these brownfields may increase community and economic opportunities at several levels, including an increase in quality of life, it
may increase environmental values and could result in a reduction in urban sprawl as a result of
appropriate land use assignment (CABERNET [Concerted Action on Brownfield and Economic
Regeneration Network], 2006). Appropriate land use assignment requires transparency in reporting
and a detailed analysis of the site conditions and both these aspects may prove difficult. Many local
planning authorities and commercial investors cite commercial-in-confidence reasons for not providing complete information to our communities and while this may not be inappropriate, it further
complexes the evaluation of options.
Significant factors that complicate the assessment of brownfield sites include; extensive time
of use, lack of detailed records showing prior use and disposal history, time since closure, poor
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containment, multiple ownership (potentially including site relinquishment before assessment) and
unclear lines of responsibility. Contaminated sites can be many decades or even centuries old allowing time for off-site migration of toxic components through surface run-off, dust dispersion, illicit
dumping and even harvesting of soils for use off-site. This is often exacerbated by limited vegetation
or surface cover. Such poorly defined and potentially diffuse contaminated sites clearly have costs
associated with rehabilitation and often no clear responsible person or group to receive or accept
the costs. Authorities, often on fixed term government tenure are required to provide judgement on
these matters and may face a public backlash from a sector of their constituency for almost any outcome. A developer may be seen as a saviour for suggesting any solution to a potential public health
issue linked to a contaminated site.
Globally there are financial and environmental drivers to redevelop brownfield sites and broad
support to do so in accordance with sustainable development principles (Nijkamp et al., 2002;
Lange and McNeil, 2004; Karakosta et al., 2009). However this work is hampered by the lack of
appropriate frameworks, policy platforms or clear guidance in terms of best practice. To facilitate
sustainable remediation the impacts of remediation activities (as well as the possible decision not
to remediate) need to be balanced against the community’s demand for clean environments with
recognition that all development comes with both short- and long-term traditional economic and
green costs.
In this chapter we discuss the human–contaminant interface (both historical and contemporary),
hazard identification with specific reference to mining activities, the impacts of this exposure and
finally, the ways our regulatory context might evolve to better address the needs of humans without
unacceptable degradation of the larger environment.

THE INTERFACE BETWEEN HUMANS AND CONTAMINANTS
early observations
Environmental and health impacts associated with industrial activities are not restricted to the postindustrial world. As early as 400 bc, Xenophon noted concerns regarding the health effects of mining and metallurgy in the ancient Mediterranean. Others, including Lucretius (98–55 bc), Strabo
(63 bc–24 ad) and Pliny (23–79 ad) reported links between poor human health and mining activity. Nonetheless, because of the economic importance of these activities the deleterious impacts on
human health were considered acceptable (Makra and Brimblecombe, 2004). The cultural capital
facilitated by mining, extraction and metallurgy is clearly seen in the art, literature and architecture
of the ancient world. The health impacts are harder to quantify.
The same can be said of Europe in the late middle ages through to the industrial revolution, by
which time mining and ore processing industries were recognised as primary sources of metal contamination on a global scale (Ernst, 1998). However, the resultant environmental degradation and
ongoing pollution were viewed as secondary in importance to resource extraction and profit maximisation (Lottermoser, 2010). Progress was deemed most important and the cost to largely poorer
peoples and the environment was ignored both in knowledge and ignorance.
Early mitigation efforts were largely ineffective and mining continued to operate with little
consideration for environmental and human health until the twentieth century. And even in the
twenty-first century, global practice is inconsistent and arguably open to corruption or convenient
interpretation. Global corporations and mid-range firms in the extractive industries proclaim their
commitment to ‘corporate environmental and social responsibility’ but their actual implementation, particularly in developing countries or in contexts with a limited legislative framework, is
questionable. Slack (2012) cites environmental crises in Guatemala, Edwards et al. (2014) considers
risks and opportunities for mining in Africa while Dashwood (2014) catalogues the patchwork of
differential global practices and applauds the move of major corporations to embrace responsibility in a context of limited legislation or in the absence of reasonable regulatory tools. Clearly some
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corporations behave well, but without transparency and a solid legislative context this behaviour is
optional. Given the geographic dimension of the issue, is this approach tenable? With increasing
human populations wanting greater development and access to the artefacts of modern living, we
must remain cognisant of the social and economic consequences of greater contaminant exposure.

broWnFielDs as sites oF ContaMinant exPosure For huMan PoPulations
As we move into brownfields, assessment of exposure is essential for reasons encompassing risk
mitigation, occupational health and safety, setting remediation goals, determining appropriate
development options, costing and accountability. Human contaminant exposure pathways involve a
myriad of intermediary stages and may extend well beyond the boundaries of the local population.
However many definitions are limited in scope, for example, pathway of exposure is defined as the
link between environmental releases and local populations that might come into contact with, or be
exposed to, environmental contaminants (ATSDR, 2005). Brownfield sites need a broader definition
as their contaminants may have been present and poorly contained for decades or even centuries.
The temporal dimension is significant. That said, the identification and assessment of contact or
‘exposure’ requires a systematic approach to determine if an exposure risk and hence a public health
hazard exists. Such a scheme is exemplified in the Public Health Assessment Guidance Manual
(2005) produced by the Agency for Toxic Substances and Disease Registry (ATSDR, 2005) and
although the emphasis and significance varies between jurisdictions, the five elements of exposure
pathway remain relevant:
• Source of contamination: May include, but are not limited to, leaking drums, waste dumps,
buried wastes, emission stacks (chimneys), tailings dams, etc.
• Release mechanism and transport: Contaminants may be transported away from primary
source, through and across different environmental media including soils, water, air and
biota. This process may be also change the nature of the contaminants.
• Exposure point: Examples include drinking water, contaminated food stuffs and dust.
• Exposure route: Inclusive of ingestion, inhalation, etc.
• Potentially exposed population: Specific to the subgroup at risk, for example, residents or
the elderly.
Once the exposure elements have been identified, a conceptual site model (CSM) for human
exposure can be developed and should form an integral part of a successful risk assessment procedure (ATSDR, 2005). The CSM provides a framework for the characterisation of contaminated sites
and various formats of the model have been used by different regulatory agencies (NEPM, 2011;
USEPA, 2011). It is also a representation of site-related information regarding potential contamination sources, receptors and exposure pathways between those sources and receptors. Furthermore,
the CSM can be used as a management tool to help visualise and understand the characteristics
of the site and the chemicals involved prior to implementing a recovery strategy (USEPA, 2011).
A note of caution is raised by some statutory authorities, when a generic CSM is used instead of a
site-specific model. The diverse nature of brownfields means that the use of a single template is a
dangerous oversimplification.
Using an abandoned mine site as an example, Figure 17.2 shows how the five exposure elements
may be integrated into the CSM.

PATHWAY EXAMPLES WITH A FOCUS ON MINING
Given historically poor legislative controls on mining, and the subsequent mobility and availability
of potentially toxic elements, it is prudent to consider a few examples, to illustrate the impacts of
past poor practice.
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FIGURE 17.2 Example of a CSM for exposure to potentially toxic materials at an abandoned mine site.
(Adapted from Australian and United States sources.)

EXAMPLE 17.3: CHILDREN’S PLAY AREAS
Reclaimed land is not a synonym for a remediated site and brownfield sites that have been converted into recreational spaces may pose an ongoing risk to the community. This is primarily
due to poor definition of the contamination and inadequate containment or remediation of the
primary and secondary contaminant source(s) on the site. Open spaces designated for children’s
play, inclusive of a child’s backyard or neighbourhood, present a risk from past poor practice and
potentially ongoing extractive activities.
A recent study (Taylor et al., 2014) conducted in Australia’s oldest lead–zinc mining city of
Broken Hill, highlighted the extent to which children may come into contact with arsenic, cadmium and lead contaminated dust from playground equipment. The innovative methods used in
the study were designed to directly quantify the metal exposure hazard available to children while
using playground facilities. The authors measured the metal content on hand wipes that had been
wiped over the surfaces of play equipment at several playgrounds. In addition, using a ‘simulated
play’ behaviour (Taylor et al., 2013), one of the researchers ‘played’ on the play equipment in a
manner that mimicked the exploratory behaviour of a child. The researchers’ hands were cleaned
using a dust wipe before and after play to compare metal loadings on hands pre- and post-play at
four playgrounds at varying distances from the smelter. A statistically significant increase in lead
loadings on the post-play wipes was recorded, with a maximum mean increase of 72 times the
pre-play loadings recorded at the playground closest to the smelter. It was concluded that the
contamination on the playground equipment was sourced from remobilised dust from historical
metal deposition as well as emissions from current mining operations. In addition to active mining operations, this study illustrates the contribution of historical contaminants on contemporary
exposure risks. The Australian National Health and Medical Research Council (NHMRC) sets the
childhood blood lead intervention level at 5 μg/dL and it is estimated that approximately 50% of
children under 5 years old in Broken Hill have a blood lead level in excess of the intervention
value.
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EXAMPLE 17.4: TRACE METALS IN HOUSEHOLD DUST
Brownfield sites that host unremediated and exposed mine wastes represent permanent primary
sources of contamination, particularly in arid and windy localities where trace metals become
mobilised and transported through the air. Previous research has shown that abandoned mine
wastes in particular are important sources of dust and are often characterised by higher trace
metal concentrations than the bulk mine waste material (Kim et al., 2011; Martin et al., 2014). Our
own research shows that historic mine tailings may contain up to 45% dust (i.e. particles with an
aerodynamic diameter of 100 μm), and thus have the potential to be highly mobile and have multiple pathways into the human body.
When dust particles become airborne and settle in indoor environments, humans may come
into contact with elevated levels of trace metals via inhalation or direct ingestion of dust particles.
Once again, this is of great concern because of the unique risk factors associated with children.
To determine whether indoor dust is a significant source of arsenic exposure by residents living
in an historic gold mining community, a correlation analysis was conducted on the arsenic content
in settled household dust and the residents’ hair and toenails (Hinwood et al., 2003). The study
reported a statistically significant correlation between the arsenic content in household dust, hair
(correlation coefficient, 0.82) and toenails (0.54). This study shows that residents in areas close to
mining activity may be exposed to arsenic and that household dust contributes to this exposure.
EXAMPLE 17.5: URBAN VEGETABLE GARDENS
Social equity and environmental justice are two of the driving forces behind urban garden initiatives. In older industrialised cities and near peri-urban developments, urban agriculture has
become a popular option for the transformation of brownfields as well as for social re-engagement
within the community. These transformations are motivated by: (i) an increasing interest in affordable and locally produced foods (Hettiarachchi et al., 2010), (ii) the need of the community to
restore underutilised and damaged land (Ferris et al., 2001) and (iii) a desire to provide nutrition
resources regardless of socio-economic status (Campbell, 2012).
However, growing foodstuffs in unremediated or poorly remediated brownfields (either at the
home or in a community garden setting) can increase the likelihood of human exposure to contaminants directly (i.e. through soil ingestion) and indirectly (i.e. via the food chain). Common
urban soil garden contaminants include lead, arsenic, cadmium, zinc and polycyclic aromatic
hydrocarbons (PAHs).
The most common human vectors are: (i) consumption of contaminants that have deposited
from the atmosphere onto plant surfaces (Sharma et al., 2008) and (ii) consumption of contaminants that have been transferred directly from the soil into the plant (Cui et al., 2004). Other potential human vectors to urban garden contaminants include dust inhalation and direct ingestion of
soil, particularly for vulnerable population subgroups such as infants (Hough et al., 2004).
Several studies have investigated the accumulation of heavy metals in vegetables grown in
contaminated soils. Asteraceae vegetables (e.g. artichokes, lettuce, endive, etc.) pose one of the
greatest risks to human health due to their enhanced metal uptake compared to other vegetable
families (Liu et al., 2013; Ramirez-Andreotta et al., 2013). Furthermore, leafy vegetables typically
have higher metal concentrations than non-leafy vegetables (Liu et al., 2013). In one greenhouse
experiment, lettuce leaves and radish roots grown in mine wastes accumulated significantly more
metals than beans and tomatoes (Cobb et al., 2000). Silverbeet in particular has been shown
to have increased arsenic values when grown in the mining affected soils of the gold fields of
Victoria, Australia (Harvey et al., 2003).

The social and health benefits of play, of engaging in outside activities linked to green space and
of growing and eating fresh produce and the like are not questioned and in a space-poor world, we
strive to provide more of these opportunities for an exploding human population. It is imperative
that we balance the risk to the opportunity and ensure that the social good stays clearly in the sights
of land use planners.
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FACTORS AFFECTING RISK
at-risk grouPs
Specific groups within our societies experience elevated risk for a variety of reasons including
exposure intensity and duration, genetic predisposition, age, financial status, education levels and
prejudice. For example, in a typical community, children, the elderly and immune compromised
individuals all have heightened risk profiles. When considering the development of brownfield sites,
those at risk deserve special consideration.
The age at which environmental exposure commences or occurs, including exposures prior to
conception and before birth, may impact on the exposure pathway, absorption, metabolism and
excretion of xenobiotic chemicals, and hence the nature and severity of their effects (Bearer, 1995).
Children are particularly vulnerable to environmental toxins due to their low breathing zone,
increased surface-to-volume ratio, greater intake of air, food and water compared with adults,
as well as their immature metabolic pathways and rapid growth and development (Bearer, 1995;
Landrigan et al., 1999). Children also have unique play and activity patterns that increase their
potential for exposure to contaminants (e.g. repetitive hand-to-mouth and object-to-mouth behaviour). This leads to greater exposure through direct contact with soil and dust.
Older adults are also vulnerable to toxins as they have a reduced capacity to compensate for
impairment caused by toxins and their exposure time to contamination is considerably longer
(potentially their entire lifetime) and hence their body may already have elevated contaminant levels. The increased risk to older adults has received limited attention, and there is scant research
covering the adverse effects of long-term, low-level exposure to environmental toxins on a physiologically stressed or impaired elderly population (Risher et al., 2010).
The recognition that exposures to toxins could produce DNA mutations represented a major
landmark for risk assessment and public health management (Wogan, 1992) and the differential
response to environmental toxins by individuals with specific genetic characteristics is still being
explored (Baccarelli and Bollati, 2009). Links between environmental toxins and the disruption
of methylation cycles, disruption to metabolism and/or to DNA repair suggest genetic risk factors
which, at the current time, are poorly understood.

GEOGRAPHICAL DISADVANTAGE
Simply put, distance matters: proximity to primary or secondary toxin sources increases the risk
of adverse health outcomes (Zota et al., 2011). For example, Zusman et al. (2012) examined cancer
incidence rates linked to residential proximity at the Kiryat Haim industrial zone in Northern Israel
and demonstrated statistically significant correlations for both lung and non-Hodgkin lymphoma
patients with distancing from the industrial zone.
Geographical disadvantage has been quantified in a novel study by Currie et al. (2013). They
reviewed the housing market response to the openings and closings of 1600 industrial plants that
emitted toxic pollutants. Amongst other findings, they determined that housing values within
1.6 km decrease by 1.5% when plants open, and increase by 1.5% when plants close. Further, while
the housing value impact was most pronounced within 800 m from plants, a statistically significant
infant health impact extended up to 1.6 km away (Currie et al., 2013).
Evidence of a disease cluster is difficult to obtain unless symptoms are acute and affect numerous individuals. If the exposed community is remote or sparsely populated, prone to relocation and
resettlement, a minority group of lower socio-economic status, is poorly educated, disempowered,
or if disease onset has a long latency period, then the trigger to seek evidence of a causal association
between environmental contaminants and disease outcome may be delayed or impossible. This is
complexed further by the fact that brownfield sites are often ‘hidden’ by a lost history or masked by
subsequent development, and suggests that sophisticated mapping tools with high-quality historical
data are required for appropriate site assessment and risk evaluation.
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But it is not impossible: GIS (geographic information systems) and spatial geostatistical techniques can be applied to incorporate patient level data georeferenced to residential address or locality in order to investigate disease clustering or high-risk areas. Aggregate population-level studies
have been conducted to explore transmission patterns of infectious diseases such as influenza (Hu
et al., 2012; Gog et al., 2014), map lung cancer mortality rates (Goovaerts, 2010) (both relevant
because they may reflect an impacted immune system) and investigate rates of cancer incidence in
association with soil arsenic levels (Pearce et al., 2012). The United States has developed a rapid
inquiry facility to facilitate investigations of links between the environment and health outcomes
(Beale et al., 2010).
Climatic and seasonal effects may add new, or exacerbate existing, environmental interfaces. For
example, wind borne dispersion of airborne particulates originating from contaminated sites may
increase, thus increasing the risk of exposure through inhalation or ingestion (Meza-Figueroa et al.,
2009). Similarly, increased (or decreased) rainfall may cause changes in environmental interfaces.
Climatic fluctuations and increases in extreme weather events may also contribute.

DIAGNOSTIC DIFFICULTIES
Even when the risk of a substance is known, identification of an issue at a brownfield site may prove
difficult as a result of complexity, ignorance or errors of omission. For example, the risks associated
with exposure to asbestos, arsenic, coal ash, radioactive waste or metals such as lead have been
well documented (Hinwood et al., 1999; Arnold, 2014; Huang et al., 2014; Liu and Lewis, 2014;
Pearce et al., 2012; Zota et al., 2011; Zierold and Sears, 2015) yet investigative journalists continue
to uncover examples of exposure to workers and the surrounding environment as we repurpose and
redevelop sites.
Diagnosis and attribution is often complex and conflicted. For example, long latency periods
between exposure and disease outcomes, differences in exposure levels and susceptibilities due to
genetics and nutritional status add to the complexity of determining the effects of arsenic (Naujokas
et al., 2013).
In previous centuries, asbestos was commonly used as insulation and now many abandoned
buildings, some already razed, are inundated with this contaminant (Lin et al., 2015). Elevated lead
levels associated with construction, painting and historical petroleum products remain trapped in
the soil profile to be rediscovered during the redevelopment phase. The fact that they have remained
as a contaminant repository for many years prior to discovery has almost certainly already had
undiagnosed health impacts.
The fact that there are no globally accepted and benchmarked assessment regimes for brownfield
site developments means that unrehabilitated sites continue to release contaminants and that redevelopment occurs in circumstances that are less than well understood.

ATTITUDES AND PERCEPTIONS OF RISK
When confronted with news that a site is contaminated, humans react. Media reports are often emotive and public concerns about contaminated sites are heightened by a lack of confidence in environmental policy, regulations and the officials that enforce them. Public perceptions of risk combined
with a fear of negative health outcomes are influencing the development of public policy regarding
the environment and remediation which many see as positive. However, there is a perception by
policymakers and remediators that the public are irrational (Wandersman and Hallman, 1993), yet
there are excellent reasons for this ‘irrationality’.
The ‘stigma’ associated with remediated contaminated land is tangibly demonstrated in the
assessment of the negative impact on property value (Bond, 2001). Negative intangible factors such
as the inability to completely remediate the site, the unseen remnants of the previous use, the risk
of changes in legislation or remediation standards, or fear linked to limited understanding (Bond,
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2001) play out in an environment where statistical likelihoods of effect are poorly understood and
those with the most limited ability to act are often the most affected, specifically low socio-economic groups, and those with poor education.
Anthropogenic disasters such as contaminated sites caused by profit-driven motives are the subject of psychoanalytical literature aimed at aiding people to cope with this style of catastrophe
(Guglielmucci et al., 2015). Real and measurable negative health impacts inclusive of mental health
are recorded when we do not appropriately remediate these brownfield sites, and adequately communicate the nature and effectiveness of the remediation. Increased attention is now placed on
participation by communities and individuals affected by brownfield sites in all facets of decision
making (Ramirez-Andreotta et al., 2014).

NEW TECHNOLOGIES AND INDUSTRIES
It is challenging for regulation to keep up with new technologies and industries. The literature is
full of examples of the development and use of a new product or technology which is later shown
to have deleterious impacts on human and environmental health. Breakthrough technologies and
products such as asbestos, dioxins (largely the by-products of industrial processes), the outflow from
smelter stacks such as fluoride from aluminium production and mercury used in gold recovery all
showed great benefit and promise when introduced. The precautionary principle inherent in much
environmental legislation struggles to keep up with ever evolving and expanding databases of new
compounds. The balance between development and safety is not easy to regulate and the setting of
the balance point is problematic.
EXAMPLE 17.6: UNCONVENTIONAL NATURAL GAS
Unconventional natural gas development (UNGD), which includes coal seam gas (CSG), is of concern because of the potential to contaminate large tracts of land with hydrocarbon products and
contaminants. While purporting to alleviate energy shortfalls and contribute to development, the
long-term impacts to human and environmental health are largely untested (Werner et al., 2015).
Monitoring of co-produced CSG water, which may contain residual fracking fluid constituents,
has detected hazardous substances with known adverse health consequences, such as benzene,
previously linked with leukaemia, and given rise to fears of contamination of surface and ground
waters (Navi et al., 2015). Adverse psychological impacts have also been attributed to perceived
invasive aspects of mining in agricultural areas of Australia (Hossain et al., 2013).
The underlying questions that must be asked in all such cases are: Will this production result
in the development of large-scale brownfield sites reacquiring remediation? What level of assurity
offsets the economic gain and how do we factor in the very expensive business of remediation
noting that remediation technology may have not yet been invented?

THE RISKS OF LOW-LEVEL AND LONG-TERM EXPOSURE
Acute exposures to toxic chemicals, whatever the source or exposure pathway, may trigger the onset
of symptoms that are quickly detected and therefore diagnosed and treated in a timely manner.
Chronic, or low-level long-term exposures, may cause adverse health effects that are less easily
identifiable. Symptoms may have a long latency period, be less specific, or appear as exacerbations
of commonly experienced adverse health effects, particularly for multifactor exposures.
Symptoms of diseases associated with unanticipated environmental exposures may go unrecognised for long periods, particularly when exposure pathways are not obvious, where there are few
diagnosed cases, or when the chain of notifications is unclear and regulatory procedures are absent
or incomplete. Further, perceptions of environmental hazards may be misconstrued or difficult to
‘prove’, especially when exposed communities are disempowered and funding sources for epidemiological investigations limited.
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EXAMPLE 17.7: ACUTE VERSES CHRONIC EXPOSURE
Comparatively limited research has investigated the long-term consequences of chronic exposure to arsenic in soil and/or mine waste, however, Naujokas et al. (2013) considered the scope
of health effects from chronic arsenic exposure as a global health issue. There is evidence of
increased risks of all human cancers, melanoma and cancers of the colon, breast and prostate
located in high soil arsenic areas in Victoria, Australia (Hinwood et al., 1999; Pearce et al., 2012).

Lack of evidence due to a deficit of monitoring or research must not, under any circumstances,
be interpreted as a ‘negative’ association nor as the absence of a plausible causal pathway between
an environmental exposure and adverse health outcomes.

BROWNFIELD SITES OF THE FUTURE
Where humans interact with the landscape, the landscape is impacted. As the human population
soars, a greater landscape impact is predicted and the need to repurpose brownfield sites becomes
more pressing. The mantra of reduce, reuse, recycle applies here and – even if all mining, processing, agricultural, urbanisation and manufacturing technologies could achieve no landscape affects
– the legacy of the past and the need to make this land safe, remains.
In the simplest case, where there is a functioning and strong market, and where contamination is
limited in scope and complexity and where land use remains unchanged, the private sector is most
likely to initiate and implement remediation and reuse.
However, when a brownfield is redeveloped from industrial to residential use, and complexity
exists (multiple ownerships, variety of contaminants and extended life of operation) greater public
input and potentially public subsidies are required.
Redevelopment of a brownfield site by ether public or private capital can be considered an investment, but the allocation of scarce remediation funds will still be controversial. The precautionary
principle inherent in most environmental legislation requires that if a development has a risk of
causing harm to the public or to the environment, the burden of proof that it is not harmful resides
with the developers. Further, this implies that there is a social responsibility to protect the public
from exposure to harm. In progressive legislature such as in the European Union, the precautionary
principle has been made a statutory requirement and this together with the education of communities serves to ensure accountability.
At a minimum, we need transparency in the development of brownfield sites and, equally, in any
development that may result in the creation of further brownfield sites.

CONCLUSION
Historically, human activities including mining, manufacturing and processing have impacted on
the landscape, creating the very brownfield sites that are increasingly required for safe and sustainable development. Our needs for resources, both traditional and exotic, combined with a rapidly
growing population means that not only will we be forced to redevelop increasing numbers of
brownfield sites, but we will also be creating sites that will be the brownfield of the future.
The precautionary principle requires that we limit harm and, in the globally connected market
in which corporations operate, the legislative context is a patchwork of differing rules and responsibilities. The move by some groups to integrate ‘corporate environmental and social responsibility’
into business practice irrespective of the country or province they are working in is clearly excellent
but does not remove the need to embed good environmental and social practice at the local level.
Identification of contaminated sites and the risks they pose, strategies to promote risk awareness
among potentially exposed communities and implementation of policies and practices that enable
exposed communities to be proactive in risk reduction are needed. It is logical to ‘reuse’ land and
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make it productive rather than expand the human landscape footprint. This is consistent with us
collectively reducing our impact. The key is a consistent legislative context that is equitable to both
communities and corporations which share the cost of this past practice.
Without a deep understanding of each brownfield site, the risks to the human population and the
environment in general will only be magnified. As urban environments encroach on poorly understood historical sites, and as industry itself encroaches on essential human environments, it becomes
inevitable that human populations will come into contact with contaminants in the air, water, soil
and food profiles.
It is how we approach this challenge that will determine whole-of-population health outcomes
in the next century.
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Abstract: Arsenic in dust and aerosol generated by mining, mineral processing and
metallurgical extraction industries, is a serious threat to human populations throughout the
world. Major sources of contamination include smelting operations, coal combustion, hard
rock mining, as well as their associated waste products, including fly ash, mine wastes and
tailings. The number of uncontained arsenic-rich mine waste sites throughout the world is
of growing concern, as is the number of people at risk of exposure. Inhalation exposures to
arsenic-bearing dusts and aerosol, in both occupational and environmental settings,
have been definitively linked to increased systemic uptake, as well as carcinogenic and
non-carcinogenic health outcomes. It is therefore becoming increasingly important to
identify human populations and sensitive sub-populations at risk of exposure, and to better
understand the modes of action for pulmonary arsenic toxicity and carcinogenesis.
In this paper we explore the contribution of smelting, coal combustion, hard rock mining
and their associated waste products to atmospheric arsenic. We also report on the current
understanding of the health effects of inhaled arsenic, citing results from various
toxicological, biomedical and epidemiological studies. This review is particularly aimed at

42

Geosciences 2014, 4
those researchers engaged in the distinct, but complementary areas of arsenic research
within the multidisciplinary field of medical geology.
Keywords: aerosol; arsenic; coal; dust; epidemiology; cancer; mining; smelting; tailings

1. Introduction
Arsenic is the 20th most abundant element in the earth’s crust and may be released into the
atmosphere as a result of natural processes and anthropogenic activities [1]. Environmental arsenic is
released via chemical and physical weathering processes, biological activity and volcanic emissions,
while anthropogenic sources include mining, metal smelting and burning of coal. Annual global
arsenic emissions are estimated to be 24,000 t [2], with around 60% originating from copper smelting
and coal combustion alone [3]. In some urban and highly industrialized areas, less than 2% of the
atmospheric arsenic inputs originate from natural sources [3].
Emissions of arsenic-bearing particulate matter (PM) are of particular concern for human populations
living in proximity to an emission source. Arsenic and inorganic arsenic compounds are classified as
Group 1 carcinogens and are associated with cancers of the lung, bladder, kidney, skin, liver and
prostate [2]. It should be noted that within the general population, inhalation is only considered a
minor exposure pathway for inorganic arsenic compounds, and ingestion is considered the primary
exposure pathway [2]. However, populations living in the vicinity of an arsenic emission source have
an increased risk of additional exposure through inhalation of arsenic-contaminated particulates [4–9].
Despite their substantial contribution to global atmospheric arsenic species, mining operations play
an understudied role in the generation of contaminated dust and aerosols [10]. To identify some of the
emerging issues associated with arsenic in particulate matter this review presents key findings from a
range of distinct but complimentary areas of research within the multidisciplinary field of medical
geology, including geochemistry, toxicology, biomedicine and epidemiology. We will discuss two key
themes: (i) the origin, occurrence and current monitoring of mining-related arsenic in the atmosphere;
and (ii) the current understanding of the health effects of inhaled arsenic, citing results from various
toxicological, biomedical and epidemiological studies.
2. Mining Operations as a Source of Airborne Arsenic
For brevity, the term “mining operations” is utilized throughout this paper to include all mining and
mining-related activities including extraction, mechanical and high temperature processing, transportation,
and storage of mine waste products. To compare or describe the impacts of different types of mining
operations, specific mining terms are used.
2.1. Generation of Dust and Aerosol: An Overview
Mining operations release arsenic into the atmosphere via wind-borne dispersal of arsenic-laden
particulates [11], with dust being the dominant transport medium for these emissions [3]. Active
mining operations produce and/or mobilize dust to varying degrees in all stages of the mining process:
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during the removal of overburden; in all aspects of the handling of ore, including its extraction,
transportation and further processing; as part of waste disposal operations; and as a result of wind
erosion of exposed areas [12–15]. Mining operations associated with an opencut coal mining operation
in India, for example, generate 9.4 t of dust per day [16]. Active and abandoned mine tailings, mine
sites and processing facilities also represent important sources of dust [17–22].
To demonstrate the potential for mine tailings to generate dust emissions, Figure 1 compares the total
mass distribution (%) by particle size fraction of four different types of arsenic-bearing gold mine tailings
in an historical mining region in regional Victoria, Australia. Comparable with the findings of a
Californian-based study [21], our data suggest that mine tailings in this locality may contain up to 45%
dust (particles ≤ 100 µm), as recorded in the fine-grained battery sand (Figure 1C). Future analysis may
reveal the relationship between total arsenic concentration and particle size in these mine tailings samples.
Figure 1. Percentage mass distribution by particle size fraction for historical mine tailings
including: (A) coarse battery sand; (B) red calcine sand; (C) fine battery sand; (D) composite
coarse/fine battery sand. Size fractions Size fractions 1: >2000 µm; 2: 1000–2000 µm;
3: 500–1000 µm; 4: 250–500 µm; 5: 100–250 µm; 6: 53–100 µm; 7: ≤53 µm. Total arsenic
(TAs) concentration (ppm) of each mine waste sample is also shown. (Our results obtained
using a modified sieving method protocol described by Kim et al. [21]).

While most mining operations generate coarse dust, high temperature processes, such as smelting
and coal combustion, are typically associated with fine particulates, accumulation-mode particulates,
and vapors [10]. Coarse particles (≥2.5 µm diameter) are produced by mechanical processes such as
the crushing and grinding of ore, and may be resuspended via wind erosion and mechanical
disturbance [10,23]. Fine (≤2.5 µm) and accumulation mode particles (0.1–2.5 µm) are produced
during smelting and combustion through the condensation of high temperature vapors, diffusion and
coagulation [10,23].
Coarse and fine particulates have widely varying atmospheric residence times, and as a result,
widely varying distributions. Arsenic associated with the fine fraction may remain in the atmosphere
between seven [24] and up to 10 days (reviewed in Matschullat [3]), and can travel long distances [25].
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Coarse particulates have a much shorter atmospheric residence time, typically minutes to hours due to
a larger settling velocity [10]. Particle segregation of mine waste can occur during airborne transport,
thereby reducing the size of the individual particles deposited [17]. In addition to mining operation
type, atmospheric contaminant concentrations are also influenced by the distance and position of a
sampling site in relation to the source, the height of the source (e.g., chimney or tailings pile), the
type of dust suppression or flue gas cleaning, the exit velocity of the flue gas, and the prevailing wind
speed [26] as well as changes in industrial technologies [27].
2.2. Origin, Production and Release of Particulate Arsenic
It is widely accepted that global atmospheric arsenic fluxes are dominated by mining-related industries
involving high temperature processing [3]. An estimated 60% of global anthropogenically-generated
atmospheric arsenic is attributed to copper smelting and coal combustion, with annual outputs of
12,080 and 6240 t respectively [3]. While it is well-documented that mine tailings represent major
sources of arsenic-contaminated dust throughout the world [10,19,28,29], the contribution by
these sources to total global atmospheric arsenic fluxes is yet to be assessed [3]. The occurrence of
arsenic-bearing phases in unprocessed ore and the generation of particulate arsenic by different types
of mining processes will be reviewed in the following sub-sections.
2.2.1. Smelting Operations
Gold, copper, lead and zinc ores typically contain arsenic-bearing minerals such as pyrite (FeS2),
galena (PbS), chalcopyrite (CuFeS2) and the dominant arsenic-bearing mineral, arsenopyrite (FeAsS),
which contains approximately 46% arsenic by weight [2]. The high temperature purification of
arsenic-bearing ores during smelting and roasting volatilizes arsenic [30,31], and the resultant vapors
may contain up to 95% arsenic [32]. Arsenic in close proximity to smelters and roasters is typically
arsenic trioxide in particulate form [33,34], and depending on the feed material and extraction process,
flue dusts can contain up to 30% arsenic trioxide [35,36]. Fugitive emissions of particulate arsenic may
occur at various stages of high temperature processing, as well as during the transport and storage of
ores, concentrates and waste heaps [37].
Although high efficiency control devices are often employed in smelters to reduce emissions, the
quantity of total arsenic emitted from a single smelting operation can be substantially high.
For example, around 300 t of arsenic are emitted annually from the Copper Smelter Complex Bor, in
eastern Serbia [38]. Furthermore, uncontained smelter flue dusts represent an important potential
source of airborne arsenic, compared with other secondary smelter by-products [39]. Over a period of
20 years, a copper smelter in Japan produced an estimated 9000 t of arsenic-rich flue dust (19.5 wt %
of As) which is currently stockpiled at an undisclosed location in Japan [32]. Stockpiled by-products of
the smelting process with high arsenic content present ongoing sources for redistribution.
2.2.2. Coal Combustion
Coal is a complex mixture of organic and inorganic compounds formed over millions of years from
successive layers of fallen vegetation. Coal contains detectable levels of the vast majority of elements
in the periodic table, including arsenic and other potentially toxic and environmentally sensitive
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elements [40,41]. Although much of the arsenic in coal is associated with the inorganic or mineral
fraction (such as pyrite and other sulphide minerals), a significant portion is associated with organic
matter [42,43]. Arsenic concentrations in coal typically range between 1–10 and 1500 mg·kg−1, but
concentrations as high as 32,000 mg·kg−1 have been reported in some super-enriched coal samples
(reviewed in Kang et al. [42]). Arsenic in coal occurs in three non-exclusive distinct forms: arsenical
pyrite, arsenopyrite and arsenate species [44,45].
During coal combustion, arsenic readily oxidizes to form arsenic oxide vapor [44] which combines
with calcium oxide and condenses on the surface of fly ash particles in the form of calcium
arsenate [46–48]. The inverse correlation between arsenic concentration and particle size which has
been observed demonstrates that volatilized arsenic preferentially adsorbs or condenses on the finer
particles [31]. Furthermore, higher combustion temperatures result in higher concentrations of particulate
arsenic. For example, an increase in total arsenic concentration in PM1 (particulate matter <1 µm) from
0.07 to 0.25 mg·m−3 at respective temperatures of 1100 and 1400 °C was reported in one study [48].
Solid by-products of the combustion process, including fly ash and bottom ash, are major sinks for
arsenic. An estimated 90% to 100% of arsenic is captured in coal combustion by-products [49], with a
preferential enrichment (up to 80%) for the fly ash component (reviewed in Yudovich and Ketris [50]).
Removal efficiencies of arsenic by particulate control systems such as cyclones, electrostatic
precipitators, wet scrubbers and fabric filters range between 43% and 99%, depending on the control
device used [51]. An early study by Ondov et al. [52] reported that arsenic penetration through
electrostatic precipitators (ESP) and wet scrubbers may be as high as 8.8% and 7.5%, respectively.
Despite the widespread use of ESPs in Europe, a reported 575 t of arsenic were emitted from the
combustion of coal during 1990 [35]. Similarly, in China around 550 t of arsenic were emitted from
coal-fired power plants during 2007 [51]. Arsenic emissions arising from coal burning industries are an
ongoing issue of global significance.
2.2.3. Mine Tailings
Fugitive dust emissions from mine wastes and mechanical processes associated with the hard rock
mining industry such as crushing of sulphide ore and concentrates, and mechanical disturbance and wind
erosion of uncontained mine tailings [10,53] are also associated with elevated levels of arsenic [17–19,54].
This is not surprising given that mine wastes and tailings are often characterized by extremely high arsenic
concentrations. Concentrations in tailings ranging between 2250 and 21,400 mg·kg−1 have been detected
in the Zimapan mining district in Mexico [55], and in some historical gold mine waste disposal areas
in Victoria, Australia, concentrations of up to 15,000 mg·kg−1 have been recorded [56]. The preferential
enrichment of arsenic in the finer size fraction in mine tailings [21,57] suggests that re-suspended dusts
are characterized by higher arsenic content than the material from which it is suspended.
2.3. A Global Issue
The magnitude of the problems associated with arsenic contamination from mining operations is a
serious ongoing issue in many localities throughout the world, and there are no indications of
abatement. If the projected increase in global copper production over the next 20 years is correct [58],
it could be reasonably expected that smelter emissions, and the generation of flue dust and other
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associated waste products, will also increase [39]. Furthermore, despite an overall increase in the
number of coal plant retirements in some localities [59], the global demand for coal is predicted to rise
at a rate of 1.3% per year, from 147 quadrillion Btu in 2010 to 180 quadrillion Btu in 2020 and
220 quadrillion Btu in 2040 [60]. Expansion of coal consumption reflects substantial increases in
China and India [60]. In India, arsenic-contaminated fly ash from coal combustion processes occupies
more than 65,000 acres, rendering the surrounding land unsuitable for agriculture [61].
Although not increasing substantially, the number of abandoned mines worldwide runs into
millions [62], and their impact is likely to increase due to population growth and urban expansion.
In the United States of America, 80% of an estimated 46,000 known abandoned mine sites require
further investigation and/or remediation [63]. In Australia, there are more than 50,000 registered abandoned
mines ranging from isolated minor surface works to more extensive and complex sites [64,65] In Mexico,
the area affected by mining activities is estimated to be over 21.7 million hectares [66]. Each year in China
the mining industry produces wastes that occupy an additional 2000 ha [67], and around 4000 Mt of
tailings are stockpiled on land that is urgently needed for other purposes [68].
Given the widespread geographical distribution of arsenic-rich mine wastes and the global reliance
on smelting and coal combustion for various products and services, the systematic characterization and
ongoing monitoring of particulate arsenic generated by mining operations are becoming increasingly
important for reliably determining the impacts on human health and the environment [45].
3. Monitoring and Assessment
A number of monitoring and assessment studies have been undertaken for different purposes: (i) to
identify the dominant emissions sources of arsenic; (ii) to predict the potential contribution of an
identified arsenic emission source to the atmosphere; and (iii) to identify the airborne arsenic species
(Table 1). For monitoring and reporting purposes, atmospheric total arsenic concentrations are often
compared with the annual mean target value of 6 ng·m−3, as set by current European Union air quality
standards [69]. According to the World Health Organization (WHO) [70], the excess lifetime risk of
contracting lung cancer if continuously exposed to 6.6 ng·m−3 is 1:100,000.
The different methodologies used to collect PM from mining operations are reflected in the
contrasting size fractions and reporting units listed in Table 1. Air monitoring programs use various
types of sampling equipment to collect PM, and the arsenic content of the PM is typically reported in
terms of ng·m−3. Measurement of total suspended particulates (TSP) was the United States of America
standard for atmospheric aerosol until the discovery of the relationship between particle size and lung
deposition of inhaled particles [71].
The smaller the particle, the deeper it will travel into the respiratory tract (RT) and PM10 (particulate
matter ≤10 µm) represents the upper limit for tracheobronchial and alveolar deposition in the human
lung [72]. To meet the new PM10 health-based standard (adopted by the USA, Europe and elsewhere
during the mid to late 1980s), collection devices such as the cascade impactor and multiple orifice uniform
deposit impactor (MOUDI) have been used in various atmospheric monitoring studies [10,18,54]. These
sampling systems are designed to collect a pre-selected suite of aerodynamically-fractionated samples
which enables a systematic investigation into the arsenic content of particulates of interest to health.
The relationship between particle size and human exposure will be reviewed in detail in Section 4.
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Particulate arsenic may also be measured in size-fractionated mine waste samples generated through dry
sieving bulk samples [21,57]. Similar to the cascade impactor mentioned above, this method facilitates a
systematic characterization of collected mine waste samples but reports the concentrations in terms of
µg·g−1. While this technique cannot provide a quantitative assessment of atmospheric arsenic at a particular
location, the data may be useful for predicting potential particulate arsenic emissions from the source.
Atmospheric arsenic concentrations vary between localities and the type of emission source (Table 1).
The following sub-sections examine the contribution of each emission source to atmospheric arsenic
levels in various localities throughout the world.
3.1. Smelting
Much of the atmospheric arsenic research and monitoring published to date has focused on emissions
from smelting operations. This reflects the dominant contribution by smelter emissions to global
anthropogenic atmospheric arsenic inputs. As reviewed in Matschulatt [3], copper and zinc smelting
activities contribute of 12,800 and 2210 t of arsenic respectively into the atmosphere per year, whereas
steel production contributes a comparatively lower annual quantity of 60 t per annum. It should also be
noted that in some industrial localities, smelting and other processes associated with the manufacturing
of ceramic materials represent important sources of arsenic in the atmosphere [27]. Smelting
operations produce the greatest localized air and soil arsenic concentrations while coal combustion
distributes arsenic to the air in substantially lower concentrations over a wider area [73].
In the vast majority of case studies summarized in Table 1, concentrations exceeded, and in some
cases, greatly exceeded, the annual WHO-prescribed target value [70]. In one extreme case, an average
concentration of 330 ng·m−3 was reported in TSP collected approximately 1 km from a complex
lead-copper smelter in Belgium [4]. Similarly, a maximum arsenic concentration of 572.3 ng·m−3
(mean, 93.9 ng·m−3) was recorded in TSP collected in the vicinity of a smelter in Walsall, UK, during
an air monitoring program conducted between 1972 and 1989 [26]. Interestingly, a declining trend in
atmospheric arsenic levels was reported at all of the UK monitoring locations, except the Walsall
smelter site [26]. The authors postulated that widespread industrial switching from coal combustion to
oil and gas as a domestic energy source for space heating was the probable cause for the overall
decline in atmospheric arsenic in the UK [26]. Similar results were recorded in an industrial area in
Spain, whereby reductions in atmospheric arsenic concentrations were significantly associated with
decreases in industrial activities, specifically the production of ceramic materials [27].
Although the quantification of arsenic in TSP provides one measurement of arsenic contamination
in the atmosphere, this measurement may underestimate the respiratory health risks to nearby
communities due to the inverse relationship between particle size and arsenic content. After the
introduction of particle size-selective criteria, various studies have measured and compared arsenic
content in the PM10 and PM2.5 fractions collected in the vicinity of smelting operations (Table 1). Data
from these studies suggest a general trend for preferential enrichment in PM2.5 [74–76]. For example,
an air monitoring study conducted approximately 3.5 km from the Huelva copper smelter in
southwestern Spain found that 85% of the total arsenic concentration in the PM10 size fraction
was concentrated in PM2.5 [77]. Similar studies conducted in the same locality yielded comparable
results [74,75]. In contrast to these findings, one study reported that PM2.5 collected in the vicinity of a
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copper smelter in Tacoma, WA, USA, contained only 37% of the total arsenic in the PM10 fraction
(calculated from Polissar et al. [78]). These results highlight the importance of site-specific
investigations during health-based risk assessments.
The greatest atmospheric arsenic levels generated by smelting operations occur in close proximity
to the smelter, and decrease with increasing distance from the source [4,76,77]. Multiple reports suggest
that the maximum concentrations are typically found within 1 km of the smelter site [4,78–81].
Furthermore, declines in concentrations have been observed over a relatively short distances.
For example, atmospheric arsenic levels at a distance of 1 and 2.5 km from a complex copper-lead
smelter in Belgium were 330 and 75 ng·m−3, respectively [4]. These results were supported by a
complementary soil-based study that documented an exponential decline in soil arsenic and heavy
metal concentrations within 1 km of a lead smelter in the Czech Republic, followed by a less-steep
decrease between 1 and 6 km [37].
Meteorological variables, particularly surface wind circulation, play a critical role in determining
the transport and spatial distribution of the pollution plume from smelting operations [82]. Contrary to
the general trend between concentration and distance from the emission source, Serbula et al. [81]
reported average arsenic levels of 131.4, 51.3 and 93.7 ng·m−3 at respective increasing distances of
0.8 (town park), 1.9 (institute) and 2.5 km (Jugopetrol) from a copper smelter in Bor, eastern Serbia.
Compared with the mid-distance sampling location (institute), the farthest sampling location
(Jugopetrol, which is downwind from the pollution source) experienced high-frequency exposure to
the emissions as a result of dominant WNW and NW winds. To further highlight the impact of
prevailing wind direction, the maximum concentration reported at Jugopetrol was equal to the
maximum recorded at the sampling location closest to the smelter (Table 1). Similar relationships
between atmospheric arsenic (and other metals), and surface wind characteristics in the vicinity of
copper smelters have been documented [74,83]. In addition to wind direction, wind speed plays an
important role in determining particulate arsenic distribution from smelting operations. The greatest
concentrations of arsenic (and other metallic elements) emitted from the copper smelter in Bor
occurred during calm conditions (wind speed less than 0.5 m/s) [38]. Low wind speeds inhibit the
dispersal of local pollution away from the emission source and can therefore lead to very high
localized concentrations of atmospheric pollutants [38].
3.2. Coal Combustion
Global coal combustion contributes an estimated 6240 t of arsenic to the atmosphere each year,
equating to approximately half the contribution from copper smelting [3]. Atmospheric arsenic
concentrations in coal combustion emissions are generally lower and typically distributed over a wider
area. As a possible result of these two factors, coal combustion as a source of atmospheric arsenic has
received less attention in the literature compared with copper/zinc/lead smelting.
Much of the research into coal combustion as a source of atmospheric arsenic has been undertaken
in China (Table 1), and a recent review article listed this source as one of the key contributors to
atmospheric arsenic in this country [84]. The mean atmospheric arsenic concentration for 32 localities
across China was 51 ± 67 ng·m−3 (range, 0.03–200 ng·m−3). However, in heavily industrialized areas
such as around Beijing, concentrations may be substantially greater [9].
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Given that high temperature processes are typically associated with fine and accumulation-mode
particles, arsenic levels in PM10 and PM2.5 are frequently reported [85–88]. Comparable average PM10
arsenic concentrations were recorded in Beijing (58.3 ng·m−3) and nearby Taiyuan (43.36 ng·m−3)
whereas the average PM2.5 concentration in Ji’nan (40 ng·m−3) was almost double that of Beijing
(23.08 ng·m−3 Table 1). These values greatly exceed the recommended target value of 6 ng·m−3.
Wind conditions appear to play an important role in the dispersal of atmospheric arsenic emitted by
coal combustion sources [9]. Consistent with the trend found in the vicinity of smelting operations, one
study [9] reported a statistically significant negative correlation between atmospheric arsenic
concentration and wind speed in Beijing, China (R = −0.31, p < 0.01; Figure 2).
Figure 2. Relationship between total atmospheric arsenic concentration and wind speed in
Beijing, China, for the period February 2009 to March 2011. Reprinted from Yang et al. [9]
with permission from Elsevier.

3.3. Mine Tailings
Research into mine tailings as a source of atmospheric arsenic has gained momentum in the last decade.
Mine tailings have the potential to generate high levels of dust with extremely high atmospheric arsenic
concentrations, particularly in arid and semi-arid environments [10]. The Rosh Pinah lead and zinc mine
and ore processing plant in Namibia reported a maximum arsenic concentration of 9140 ng·m−3 (median,
4970 ng·m−3) in wind-blown dust from tailings that cover more than 60 ha and are more than 20 m
high [89]. Comparable with the trend observed around smelting operations, the impact of mine tailings on
atmospheric arsenic levels are typically greatest at the source [11,17,18,54]. At the Rosh Pinah mine and
ore processing plant atmospheric arsenic levels decreased from 4970 ng·m−3 at the tailings dam to
60 ng·m−3 at a distance of 2.5 km from the mine [89]. This relationship is most likely a result of the
short atmospheric residence time of coarse particles (≥2.5 µm) typically found in mine tailings [10].
Arsenic enrichment in the finer fractions of size-fractionated mine tailings has been reported [19,21,57].
Although these findings are not reflective of actual atmospheric arsenic emissions from a particular
source, the finer size fractions are more susceptible to wind-borne transport and are most likely to be
re-suspended by wind or mechanical disturbance. Kim et al. [21] examined the distribution of arsenic
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concentration as a function of particle size in mine tailings samples collected from two different
localities in the Randsburg historic mining district in south-central California, USA. Although there
were distinct differences in the arsenic distributions amongst the wastes, there were obvious inverse
relationships between grain size and arsenic concentration. The high arsenic content recorded in the
dust size fraction of each sample (range, 356–8210 ppm) illustrates the potential of their corresponding
sources to generate potentially hazardous emissions [21].
The effects of seasonality on particulate arsenic emissions from mine tailings have also been
investigated. Meteorological factors associated with different seasons, especially rainfall and temperature,
have been shown to have a dramatic impact on arsenic mobility through the air [54,90]. During the dry
summer months in the City of Lavrion, Greece, concentrations of arsenic in PM10 increased dramatically
(more than 6 times) compared with concentrations during late winter [54,90]. Similarly, a study in
Aznalcazar, southwest Spain, found that sporadic rainfall and low convective atmospheric dynamics during
the late winter were associated with relatively low re-suspension of PM from heavy metal mining
wastes [54]. During summer, the combination of intensive convective circulation and low rainfall facilitates
surface drying leading to enhanced re-suspension of PM. Low rainfall and decreased humidity lead to
increased atmospheric particulates, and therefore, increased atmospheric arsenic concentration [90].
3.4. Arsenic Speciation in Particulate Matter
Environmental arsenic exists in four oxidation states including As(V), As(III), As(0) and
As(-III) [91,92]. The most common forms of arsenic in the environment include the trivalent (arsenite) and
pentavalent (arsenate) species [93], and they are often found occurring together [94,95]. Under oxidizing
conditions, such as in surface soils and water, arsenic typically occurs in the pentavalent form [92],
whereas in sufficiently reducing environments, or in the presence of a reducing agent, arsenite is the
dominant form [94,96]. It is widely recognized that arsenite species have greater mobility in the
environment [97] and are reported to be 25 to 60 times more toxic than the corresponding pentavalent
forms [98]. Since the oxidation state of arsenic in soil, water, and other environmental matrices is one
of the key factors governing toxicity, speciation analysis is of interest in human exposure studies.
Speciation analysis has been used widely for the identification and quantification of arsenic species
in bulk samples of surface soils and mine wastes [94,95,99,100]. However, comparatively less work
has been conducted in relation to arsenic speciation in atmospheric PM generated by mining
operations [9,18,44,74–76,83]. Research conducted to date indicates that both arsenate and arsenite
may co-exist in smelter, coal combustion and gold roaster emissions [9,44,45,74–76,83,94] although
reported levels for the trivalent species are generally much lower than those for the arsenates (Table 1).
For example, arsenate and arsenite concentrations in coal combustion emissions in China were 67 and
4.7 ng·m−3, respectively [9]. Similarly, Oliveira et al. [83] reported respective arsenate and arsenite
concentrations of 10.4 and 1.2 ng·m−3 in copper smelter emissions in Spain. The presence of arsenite
in smelter emissions may result from the reduction of arsenate by aerosol sulphur dioxide S(IV)
complexes during transport of the emission plume [101].
Airborne monitoring programs combined with speciation analysis demonstrate clearly that airborne
arsenic is a serious and ongoing issue in mining communities and heavily industrialized areas
throughout the world.
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Table 1. Summary of the average, minimum and maximum total arsenic (TAs) concentrations recorded in particulate matter (PM) from
various mining operations, including smelting, coal combustion and mine waste. Values for TAs are expressed as nanogram per cubic meter
(ng·m−3) unless otherwise specified. Where applicable, all units of distance measurement have been converted to metric system.
Source

Location

Size Fraction (Time Period)

Pb-Cu smelter

Belgium

TSP (May–September 1978)
PM2.5–10 (January 1985–Febrary 1986)

Cu smelter

Tacoma, WA, USA

Distance (km)

TAs (Min–Max)

<1

330

2.5

75

0.8

PM2.5 (January 1985–Febrary 1986)
PM2.5–10 (January 1985–Febrary 1986)

10

PM2.5 (January 1985–Febrary 1986)

As(III) (Min–Max)

As(V) (Min–Max)

Ref.
[4]

153.9 ± 269.4
90.2 ± 170.7

[78]

3.7 ± 9.6
4.4 ± 3.6

Cu smelter

Walsall, UK

TSP

<1

93.9 ± 89.7 (10.6–572.3)

[26]

Cu smelter

Quillota, Central Chile

PM10 (December 1999–November 2000)

≤40

32.5 ± 33.7 (1.7–196)

[102]

Cu smelter

Huelva, southwest Spain

TSP (January–December 2000)

2

12.3 ± 1.6 (3.0–33.8)

1.2 ± 0.3 (0.3–1.8)

10.4 ± 1.8 (2.1–30.6)

Cu smelter

Huelva, southwest Spain

7.7 (1.6–29.4)

1.2 (0.6–2.2)

6.5 (0.01–25.7)

9.9 (1.3–79.8)

2.1 (0.4–3.4)

7.8 (0.01–56.2)

Cu smelter

Huelva, southwest Spain

6.4 (0.8–30.2)

0.9 (0.01–1.6)

5.0 (0.01–25.3)

7.9 (1.0–56.6)

1.4 (0.1–2.7)

6.6 (0.01–56.2)

Cu smelter

Cu mining and smelter complex

Huelva, southwest Spain

Bor, eastern Serbia

PM10 (2001)

2

PM10 (2002)
PM2.5 (2001)

2

PM2.5 (2002)
PM10 (2004)

3.5

4.67 (max: 22.4)

PM2.5 (2004)

3.5

3.04 (max: 19.0)

PM10 (2005)

3.5

10.6 (max: 62.1)

PM2.5 (2005)

3.5

9.18 (max: 60.3)

0.8

131.4 (<2–669)

1.9

51.3 (<2–356)

2.5

93.7 (<2–670)

PM10 (15–year average; 1994–2008)

[83]
[75]
[74]

[77]

[81]

Cu mining and smelter complex

Bor, eastern Serbia

PM10 (24 March–1 April 2009)

0.65

32.97 ± 53.63 (2.4–149)

[38]

Ferromanganese plant

Dunkirk, France

PM10 (January 2003–March 2005)

2

5.1 ± 5.4 (0.5–35.1)

[103]

Cu smelter

Huelva, southwest Spain

PM2.5 (16–22 October 2009)

5

2.1 ± 4.2 (0–20)

[82]
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Table 1. Cont.
Source

Location

Size Fraction (Time Period)

Distance (km)

TAs (Min–Max)

Smelter boundary

310

Low exposure site

190

Complex Cu smelter

Tsumeb, Namibia

PM10 (2010–2011)

Coal combustion

Beijing, China

PM10 (2001 and 2006)

12 sites across city

58.3 ± 60

As(III) (Min–Max)

As(V) (Min–Max)

Ref.
[80]
[86]

Coal combustion

Beijing, China

TSP (February 2009–March 2011)

n.a.

130 ± 60 (30–310)

Coal combustion

Beijing, China

PM2.5 (December 2012–January 2013)

n.a.

23.08

[85]

Coal combustion

Taiyuan, China

PM10 (2–16 March 2004)

n.a.

43.36 ± 27.61 (11.98–82.55)

[87]

Coal combustion

Ji’nan, eastern China

PM2.5 (17–28 September 2010)

5

40 ± 40

[88]

Coal mine (raw coal)

Southwest Virginia, USA

PM10 (7 August 2008)

0.3

0.958

1.6

0.735

Gold mine tailings

Rodalquilar, southeastern Spain

Pb-Zn mine

Rosh Pinah, Namibia

PM10

n.a.

Mechanically re-suspended in lab, n=2

Cu-Pb-Zn mine tailings

Aznalcazar, South Spain

0

4970 (2800–9140)

0

280 (130–920)

1.5

30 (30–70)

2.5

60 (20–80)

0

221 (4.9–2681)

0.5

69 (2–921)

PM10 Overall average
Historical Ag-Pb mine tailings

City of Lavrion, Greece

Winter

1

[89]

[54]

115 (1–791)

[90]

909 (121–3031)

>16 µm (2004)

Nova Scotia, Canada

[19]

520 (1–3031)

Summer

Abandoned Au mine tailings

[9]

[12]

1368 ppm

Tailings dam

TSP (20 May–27 December 1998)

67 ± 35 (14–250)

1581 ppm

TSP

Ore treatment plant

4.7 ± 3.6 (0.73–20)

0

8200

16–8 µm (2004)

2020

8–4 µm (2004)

631

4–2 µm (2004)

337

2–1 µm (2004)

58.3

1–0.5 µm (2004)

13.3

53

Present but not quantified

[18]
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Table 1. Cont.
Source
Former Au mine tailings

Location
Yellowknife, Canada

Size Fraction (Time Period)

Distance (km)

TSP (July–September 2004)

<1

PM10 (July–September 2004)
PM10 Mine waste type 1

Different mine waste types

Ag-Au mine tailings

Butte, Montana, USA

Descarga mine tailings site, USA

Cu-Au-Ag mine waste

Smelter & coal combustion

Oklahoma, USA

Rio Tinto mines, Spain

China (various localities)

PM10 Mine waste type 2

n.a.

PM10 Mine waste type 3

Aspropyrgyros Greece

As(V) (Min–Max)

Ref.
[104]

6 (1–15)
467 ppm
769 ppm

>2830 µm

203 ppm

2830–1700 µm

452 ppm

1700–1000 µm

976 ppm

1000–500 µm

1870 ppm

500–250 µm

n.a.

250–125 µm

[57]

469 ppm

PM10 Mine waste type 4

2650 ppm

[21]

3790 ppm

125–75 µm

3650 ppm

75–45 µm

4720 ppm

45–32 µm

7060 ppm
8210 ppm

PM2.5 (July–September 2005)

Total bulk deposition (March 2009–February
2010/March 2010–February 2011)

<1

0.64 ± 0.48

5

0.62 ± 0.32

18

0.56 ± 0.33

0

4.4/2.1 mg·m−2

0.5

0.7/0.5 mg·m−2

1.5

−2

[11]

[17]

0.7/1.0 mg·m
51.0 ± 67

Average of PM10, PM2.5 TSP and dust
TSP (December 2004–June 2006)

Smelter & other industries

As(III) (Min–Max)

19 (1–76)
406 ppm

32–20 µm
Pb-Zn mine waste

TAs (Min–Max)

PM10–PM2.5 (December 2004–June 2006)
PM2.5 (December 2004–June 2006)

54

n.a.

[84]

3.4 ± 0.3

<0.2

3.2 ± 0.4

1.9 ± 0.3

<0.2

1.7 ± 0.4

1.1 ± 0.3

<0.2

1.0 ± 0.4

[76]
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4. Human Exposure
Communities living in the vicinity of mining operations may be exposed to airborne
arsenic-contaminated particulates and be at risk of health deterioration though absorption after dermal
and eye contact, or by ingestion after inhalation [28]. However, arsenic absorption through the skin
following dermal and eye contact is a minor contributor compared with ingestion and inhalation
exposures [25] and will not be further discussed here. Furthermore, incidental ingestion of
arsenic-contaminated particulates, usually as a result of contaminated food or water supplies, has been
the most thoroughly investigated pathway, and its significant range of adverse effects have been well
documented following acute, intermediate and chronic exposures [25], negating the need for further
detailed review here.
For the general population, ingestion is typically considered the primary exposure pathway to
arsenic, and inhalation of arsenic bearing PM has been considered to be a minor exposure route [2].
The relatively neglected topic of inhalation exposure with consequent issues linked to airborne PM
containing arsenic species from proximate mining industries needs to be addressed. For example,
exposure assessments of communities living in the vicinity of smelting and coal combustion operations
suggest that inhalation may play a similar, if not more important role than ingestion, in the overall
exposure to airborne particulate arsenic [4,105–107]. In addition, it has been shown that children are
particularly susceptible to inhalation exposure due to: (i) their increased likelihood of coming into contact
with dust [78]; and (ii) children inhale a greater volume of air than adults relative to their size [108].
Therefore, in the following sections we will consider some of the ways in which inhaled
arsenic-contaminated particulates generated by mining operations may lead to systemic absorption,
toxicity, and arsenic-related disease endpoints. In order to understand how arsenic becomes mobile
(or bioavailable) and exerts its toxic effects in the human body, we will begin with a discussion on the
fate of inhaled particles in the RT with particular emphasis on the role that particle size plays in
determining the ultimate absorption or defense mechanisms.
4.1. Deposition Location and Particle Clearance from the Respiratory Tract (RT)
The location and manner in which PM is deposited in the RT are critical for understanding how the
arsenic-bearing particles might react with different lung constituents. When PM is inhaled, a
proportion of the particles are retained while the remainder are expelled via exhalation. Retained
particles are deposited in different regions of the RT according to their size [109–111] and as a general
rule, the smaller the particle the deeper it will penetrate into the RT and the longer it will be retained
(Table 2; [72,112]). To protect the body against foreign materials, the human respiratory system has
developed a range of physiological lines of defense [113,114]. We will review the deposition location
of inhaled particles as a function of particle size, the methods of clearance from each location,
and pathways for absorption. When referring to the different “deposition regions”, we use the
morphometric model described by the International Commission on Radiological Protection [115].
This model divides the human RT into three major anatomical regions: (i) the extra-thoracic; (ii) the
tracheobronchial, and; (iii) the alveolar, which are modeled deposition locations for the inhalable,
thoracic and respirable particulate size fractions, respectively [116].
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Table 2. Deposition of PM10 in different regions of the human respiratory tract [115,116]
as a function of particle size (data from Newman [72]), including the estimated retention
time of the particle size in each deposition location (data from Bailey [112]).
Anatomical Region (Corresponding
Particulate Size Fraction)

PM Size (µm)

Deposition Location

7–10

Nasal passage

5–7

Pharynx

1 day; small fraction
may be retained for longer
Few minutes

Tracheobronchial (Thoracic)

3–5
2–3
1.0–2.5

Trachea
Bronchi
Terminal bronchioles

Few minutes
Hours to weeks
Hours to weeks

Alveolar (Respirable)

0.5–1.0

Alveoli

50 to 7000 days

Extra-thoracic (Inhalable)

Retention Time

4.1.1. Extra-Thoracic Region (Inhalable Particulate Fraction)
The inhalable particulate fraction (particles up to 10 µm in size) consists of particles that can be
deposited into the extra-thoracic region and become trapped in the nasal cavity [109], mouth [116]
and pharynx [117]. The vast majority of particles deposited in the extra-thoracic region are removed
via a combination of nose-blowing, sneezing and mucociliary transport to the gastrointestinal (GI)
tract [117]. Nose-blowing clears from 0.5% to 50% of particles from the front of the nose,
while the remainder is slowly cleared into the GI tract [117]. Particles in the pharynx may reach the
GI tract within one hour following deposition [117], and a very small proportion (around 0.05%)
may be absorbed directly via the pharynx epithelium and cleared into the blood or lymphatic
system [117]. Ingestion is therefore the dominant exposure pathway to particles deposited in the
extra-thoracic region.
4.1.2. Tracheobronchial Region (Thoracic Particulate Fraction)
The thoracic particulate fraction is comprised of particles (1–5 µm in size) that penetrate the
extra-thoracic region [116] and deposit in the tracheobronchial region. This region consists of the
trachea, bronchi and terminal bronchioles [115]. Particles deposited here are of particular importance
because lung carcinomas occur preferentially in the bronchial airways [110]. Particles trapped in the
mucous produced by the bronchial epithelial cells are typically cleared by mucociliary transport
into the throat, and then expectorated or swallowed [28,114,118]. While it is generally accepted
that mucociliary transport is the principal clearance mechanism in the first 24 h [118], the rate of
clearance depends upon on the clearance velocity of the mucous, particle shape, charge and surface
geochemistry [119]. Furthermore, the ciliary movement is ineffective if the mucous is not of the correct
viscosity due to illness or pharmacological action [109]. Other clearance mechanisms from the
tracheobronchial region include coughing, absorption through airway epithelium into the blood or
lymphatic system, and phagocytosis [113,118], and depending on the method of clearance, particles
can be retained in the RT for weeks (Table 2; [112]). As described in sub-Section 4.2, the solubility of
the particle plays an important role in determining which clearance mechanism is employed and the
duration of the retention.
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4.1.3. Alveolar Region (Respirable Particulate Fraction)
Airborne particles ≤1 µm can be deeply inhaled into the unciliated airways of the lung (the alveolar
region) and absorbed directly into the pulmonary circulation system [113]. Alternatively, these
particles may be phagocytosed and cleared by alveolar macrophages, and then either absorbed into
regional lymph nodes via lymphatic vessels [120] or transported into the ciliated airways and cleared
via mucociliary transport [121]. This latter process may take weeks to months to complete [122].
Alveolar macrophages are important cells of the immune system, exhibiting major phagocytic abilities
and in response to inflammatory reactions, release reactive oxygen species (ROS). Under normal
exposure conditions, the components of the inflammatory reaction interact synergistically with ROS to
eliminate foreign material from the respiratory system [123].
4.2. Effects of Exposure Duration and Solubility
Variation in the solubility of different arsenic compounds is important for exposure and risk
assessment studies [57]. In the case of short-term inhalation exposure (minutes to hours), the number
of particles in the RT decreases over time until all particles have been cleared via phagocytosis and/or
mucociliary transport [124]. Deposited particles containing soluble arsenic compounds may expose
nearby cells to a high concentration of arsenic [125], which rapidly declines as the dissolved arsenic is
removed from the lungs [126] via absorptive mechanisms through the airway epithelium [127].
Lantz et al. [128] proposed that this exposure regime would reduce the time for interaction with
pulmonary cells and tissue. Less soluble particles on the other hand that are retained in the lung expose
the target tissue to arsenic for a longer period of time (up to weeks), as observed in rodents after
intratracheal instillation of inorganic arsenic compounds of varying solubility [125,126,129,130].
In the case of long-term exposure (days to years), a steady state between deposition and clearance
will be reached and the retained fraction will remain in the lungs for most of the exposure period [110].
Consequently, retention of particles containing soluble and slightly soluble arsenic compounds,
especially those particles deposited in the alveolar region and sequestered in the lymph nodes, may
expose cells to low doses of arsenic for a prolonged period of time. It is frequently reported that
long-term, low-level exposures to arsenic may be predictive of toxic effects [126,131,132] and the
pathogenesis of lung diseases, such as lung carcinoma [130].
Figure 3 illustrates that following inhalation, arsenic can follow different pathways leading to
systemic absorption, and each pathway is highly dependent upon particle solubility and method of
clearance. Systemic exposure to arsenic may occur as a result of ingestion following mucociliary
clearance, by dissolution in the lung fluid, direct entry into lymph nodes, or by phagocytosis. Systemic
exposure to arsenic following inhalation of arsenic-bearing particulates could therefore be considered
as a multi-pathway process with differing durations and intensities of exposure.
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Figure 3. Potential pathways leading to systemic absorption of inhaled arsenic, including
clearance mechanisms and their associated durations and intensities of exposure. Adapted
from Wang [120].

4.3. Pulmonary Bioavailability of Inhaled Arsenic
The bioavailable fraction of arsenic is considered to be an important determinant of toxicity and the
associated disease response [133]. The term bioavailability may be interpreted in a number of different
ways [134], however and for the purposes of this review paper, the terms bioavailability and
bioaccessibility will be used in accordance with the definitions prescribed by Ng et al. [135]. Briefly,
the portion of a contaminant that is absorbed into the body following exposure is referred to as the
bioavailable fraction and is typically measured in vivo [135]. Bioaccessibility on the other hand refers
to the soluble fraction of a compound following in vitro gastrointestinal or pulmonary extraction, and
may be used as a surrogate for estimating the bioavailability of a contaminant [135].
In order to assess the relative risk of inhalation exposure to metal-laden particles of various origins,
simulated lung fluids (SLF) such as Gamble’s solution and artificial lysosomal fluids (ALF) have been
used in various studies [136–139]. Gamble’s solution is an electrolyte fluid similar in composition to
that of interstitial fluid with a pH near 7.4, and aims to mimic the aqueous component of the
lung [140]. ALF is analogous to the fluid produced by macrophages during phagocytosis [141] and has
a pH of around 4.5 [137]. Biological fluid pH is an important parameter governing the solubility of
arsenic and other metals. For example, arsenic solubility measured as a percentage of the total arsenic
concentration of mine waste, was reported as 36.6% in simulated stomach fluid (pH 1.2) and 0.4% in
SLF (pH 7.5) [57], suggesting that an acid medium is required for arsenic dissolution. When
determining pulmonary arsenic bioaccessibility, it may therefore be prudent to also investigate the
behavior of arsenic in the more acidic ALF solution.
A limited number of studies aimed at comparing the bioaccessibility of other metallic compounds in
SLF and ALF solutions reported significantly higher dissolution rates of potentially toxic metals in
ALF [137,139]. Conversely, Plumlee et al. [142] found that SLF (near-neutral pH) was effective in
leaching arsenic from dust samples collected from a dry lake, and the oral and inhalation bioaccessible
arsenic fractions found in these particular dust samples were comparable. While it is important to note
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that the contrasting results between these studies highlight the importance of site-specific
bioaccessibility assessments, they also indicate that certain arsenic species are relatively mobile at
near-neutral conditions. Furthermore, the differences may also be attributed to the contrasting
dissolution times used in each study: the mine waste and the dry lake dust samples underwent
dissolution times of around 2 h [57] and 24 h [142], respectively. Given that fine particles may be
retained in the RT for prolonged periods of time (Table 2), incubation duration is a particularly
important parameter in bioaccessibility studies.
Pulmonary bioaccessibility tests may be more reliable predictors of bioavailability than the
widely-used aqueous solubility tests, since Rhoads and Sanders [125] reported that arsenic, and other
metals with low aqueous solubility, were highly soluble in the lungs of rats. A more recent study
observed that SLF was more effective than deionized water at leaching arsenic in the ≤20 µm size
fraction of soil impacted by fire, with leachate concentrations of 19 and 2 µg/L, respectively [143].
4.4. Summary
A summary of some of the key factors governing bioavailability of inhaled arsenic-bearing particles
is proposed (Figure 4). Particle size governs the deposition location of inhaled particulates in the RT.
Knowledge of the location and solubility of deposited particles is important for predicting the methods
of clearance from and retention time in the RT, and therefore the types of lung fluids with which
the particles may interact. Contact with pulmonary fluids can then release arsenic from inhalable
arsenic-bearing particulates. Since the retention of arsenic in the body is predictive of toxicity and the
pathogenesis of disease [126,131,132], the long-term pulmonary bioavailability of arsenic represents
important consideration in the health risk assessment of populations living in mining-affected regions.
Figure 4. Diagrammatic representation of the interactions between key factors governing
the pulmonary bioavailability of arsenic.
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5. Importance of Metabolic Transformation in Arsenic Toxicity
5.1. Arsenic Biomethylation
The role of metabolism in arsenic toxicity has been the subject of several detailed reviews [144–149]
therefore the following discussion will provide an overview of the key concepts only. Methylation is
the major metabolic pathway for ingested inorganic arsenic in most mammals, and occurs via
alternating reduction of pentavalent arsenic to the trivalent state, followed by oxidative addition of a
methyl group [146,150–153]. Biotransformation of inorganic arsenicals occurs primarily in the liver
with an estimated 70% [154] of metabolites readily excreted in urine [147,155–157]. The remaining
portion deposits differentially in other target organs and tissues including the kidneys and the lungs, as
well as keratinized tissues such as skin, nails, and hair [158–161].
In terms of clearly understanding arsenic biochemistry and toxicology, arsenic methylation presents
a complex problem because the metabolic sequence (Figure 5) yields at least six distinct products, each
with its own unique toxicology: arsenite, monomethylarsonic acid (MMAV), monomethylarsonous
acid (MMAIII), dimethylarsinic acid (DMAV), dimethylarsinous acid (DMAIII) and dimethylthiolarsinic
acid (DMTAV) [146,162,163]. Various studies have demonstrated that the unstable trivalent
intermediary products, MMAIII and DMAIII, are highly reactive and substantially more toxic than the
inorganic and pentavalent compounds [149,152,162,164,165]. Arsenic methylation is therefore widely
considered to be a bioactivation pathway rather than a detoxification process [144], with the resulting
toxicity closely linked to the methylation status and valence state of the metabolites [166]. Therefore,
understanding the arsenic biomethylation pathway is critical to elucidating its subsequent action as a
toxin and carcinogen [167].
Figure 5. Metabolic pathway of inorganic arsenic. Reprinted from Chilakpati [168] with
permission from Elsevier.

5.2. Oxidative Stress as a Mode of Action for Arsenic Carcinogenesis
Although several modes of action for arsenic carcinogenesis have been presented in the literature
including oxidative stress, suppressed DNA repair, altered methylation patterns, genotoxicity and cell
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proliferation [144], the oxidative stress theory has been intensively investigated and is supported by a
substantial mass evidence [168–171]. Oxidative stress refers to an imbalance between the production
of reactive oxygen species (ROS), or free radicals, and antioxidant defense mechanisms [172].
Free radicals are characterized by the presence of unpaired electrons and the associated reactivity can
lead to tissue injury [173].
The first oxidative stress theory for arsenic proposed that a minor metabolite of DMAV,
dimethylarsine (a trivalent arsenic compound), is produced via a process of reduction in vivo [170],
possibly following a reaction between DMAIII and specific coenzymes important for cellular
respiration [174]. Dimethylarsine is estimated to be around 100 times more toxic than DMAIII which is
a potent genotoxin in its own right [174]. Dimethylarsine can react with molecular oxygen forming the
dimethylarsenic ((CH3)2As) radical, and the superoxide anion O2− [175]. Through the addition of
another molecule of oxygen, the dimethylarsenic radical forms the dimethylarsenic peroxyl
((CH3)2AsOO) radical. Finally, the hydroxyl radical (HOˑ) can be produced via reaction with cellular
iron and other transition metals [170,175].
Although an excessive production of ROS, such as superoxide anion and hydroxyl radical, is
commonly associated with impaired cellular functions, DNA damage and carcinogenesis [144,175,176],
the dimethylarsenic and/or dimethylarsenic peroxyl radicals were found to play a crucial role in
lung-specific DNA damage, tumorigenesis [169–171,174,177] and general arsenic-induced
toxicity [178]. The generation of oxidative stress as a potential mode of action of arsenic for its
disease endpoints is an ongoing area of research and the associated complexities have been
comprehensively reviewed [145,158,175,179].
5.3. The Human Lung as a Target Organ for Arsenic Toxicity
Remarkably, arsenic is the only reported human lung carcinogen for which there is sufficient
evidence of pulmonary carcinogenicity as a result of both inhalation and ingestion exposures [25,180].
Smith et al. [181] reported that the relative risk of lung cancer following inhalation and ingestion of
arsenic was independent of the exposure pathway. Distinguishing between the different routes of
exposure is complicated not only by the arsenic transformations that take place in the body, but also
the common target organs following the different exposure pathways [163]. The high variability in
pulmonary solubility observed for different arsenic compounds [126,129,130] also represents a
confounding factor.
For systemically absorbed arsenic, via inhalation or ingestion, research suggests that the pulmonary
system may function as a target tissue for toxicity based on the observation that dimethylarsine is
excreted as a gas from the circulation via the lungs [170,177]. High partial pressures of molecular
oxygen in the lungs may promote dimethylarsenic and dimethylarsenic peroxyl radical formation as
dimethylarsine is excreted and passed through to the respiratory system [144,158,175].
Less soluble arsenic compounds can be retained in the lung as observed in humans [182] and
rodents [126,129,130]. According to Styblo et al. [152], human lung epithelial cells have very low
arsenic methylation capacity in vitro, which may translate to a lower capacity to convert inorganic
arsenic methylate arsenicals in vivo. A reduced capacity to methylate arsenicals could be associated
with an increased risk of toxicity due to prolonged retention of inorganic arsenic in the lung [183]. In
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support of these observations, various in vivo studies have reported that arsenic toxicity is closely
linked with a prolonged retention of inorganic arsenic in the lungs of rodents [129,130]. Further studies
to examine the direct effects of inorganic arsenic compounds on pulmonary cells in order to elucidate
the carcinogenic mode of action of retained arsenic-bearing particulates are suggested.
5.4. Direct Effects of Arsenic on Pulmonary Cells
Some of the key effects of arsenic exposure on a range of different pulmonary cell lines are
summarized in Table 3. Since the dose response of arsenic can be substantially different in animal
models compared with in vivo human exposure [184], this section will primarily focus on studies
involving pulmonary cell lines, specifically human bronchial epithelial (HBE) cells derived from
human lung epithelium [168], alveolar macrophage (AM) cells, which are typically harvested from
animals [185], and human pulmonary fibroblast (HPF) cells. HBE and AM cells represent the first
lines of defense against foreign particles [185], while HPF cells are important for regeneration and
repair of chemically or mechanically damaged tissues [186]. As discussed by Dodmane et al. [165],
although the effects of in vitro arsenic exposure are likely to reflect the in vivo effects, a cautionary
approach should be adopted when interpreting the data due to the variability of effects observed
amongst experimental systems.
5.4.1. Pulmonary Cytotoxicity of Arsenic
Cytotoxicity assays, and the measurement of representative parameters associated with cell
pathology, are widely used to quantitatively assess the in vitro potency of a toxicant in the whole
animal. Clear dose-response relationships between arsenic concentration and cytoxicity have been
established in HBE cells [165,168,187–189], HPF cells [189–191] and AM cells [185]. Figure 6 shows
a notable decrease in HPF and HBE cell survival, in a time- and concentration-dependent manner,
following 24 and 120 h treatments with sodium arsenite [189]. Relative cell survival rates indicate that
sodium arsenite is more cytotoxic to HPF than HBE cells (Figure 6; [189]). A similar study found that
arsenic trioxide was also toxic to HPF cells, however greater concentrations were required to produce
similar effects [190]. The differential cytotoxicities observed between these two trivalent arsenic
compounds can be attributed to the fact that arsenic trioxide has a lower solubility in the lung than
sodium arsenite [126].
Consistent with other lines of evidence presented in previous sections, recent studies confirm
that methylated arsenicals are more cytotoxic to pulmonary cells than the inorganic trivalent
forms [165,168,188]. For example, the respective median lethal concentrations (LC50) of AsIII, DMAIII
and MMAIII in HBE cells were reported as 5.8, 1.4 and 1.0 µM, after a 72 h exposure period [165].
DMTAV, exhibited a similar cytotoxicity potency to DMAIII [168]. While little is known about the
pulmonary toxic effects of DMTAV, gene expression analysis has shown that cells exposed to DMTAV
and DMAIII share a relatively high number of differentially expressed genes (DEGs) following
exposure to minimally cytotoxic arsenic concentrations, indicating the existence of associated similarities
in the cellular mechanism of cytotoxicity of these two arsenicals at lower concentrations [168].
A systematic assessment of the cytotoxic effects and cellular uptake of AsIII, MMAIII, DMAIII,
MMAV, DMAV and thiodimethylarsinic acid (thio-DMAV, [(CH3)2As(S)OH]) on human alveolar
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epithelial cells has been undertaken in complementary studies [187,188]. Thio-DMAV is a human
arsenic metabolite of inorganic arsenic and is formed immediately when DMTAV is added to aqueous
solution [187]. Cytotoxicity was quantified by measuring reductions in cell number, cell volume and
colony formation following a 24 h exposure period [187,188]. In terms of these cytotoxicity endpoints,
the cytotoxic order of extracellular arsenic concentrations was reported as DMAIII > MMAIII >
thio-DMAV ≥ AsIII ≥ MMAV ~ DMAV [187]. Taking into consideration the bioavailability of each
arsenic species, as measured by cellular uptake, the cytotoxic order was reported to change to
thio-DMAV ~ AsIII ~ MMAIII > DMAIII ≥ MMAV ~ DMAV [187]. Cellular uptake of thio-DMAV was
strongly correlated with cytotoxicity endpoints, including cell number (correlation coefficient, −0.986)
and colony forming ability (correlation coefficient, −0.998) [187].
Differences in arsenic-induced cytotoxicity endpoints reported in the literature may be attributed to
variability in a number of experimental parameters: (i) the arsenic species or compound; (ii) the cell
exposure duration; (ii) the cell systems used in each study; and (iii) the methods for assessing
cytotoxicity endpoints.
Figure 6. Cytotoxicity of sodium arsenite in: (A) human lung fibroblast cells, and (B) human
lung epithelial cells, following 24 and 12 h treatments. Reprinted from Xie et al. [189] with
permission from Elsevier.

5.4.2. Effects of Arsenic-Induced Reactive Oxygen Species (ROS) Production on Human Bronchial
Epithelial (HBE) Cells and Human Fibroblast (HF) Cells
Although ROS are widely recognized for their beneficial and growth-promoting effects on cells,
overproduction can lead to toxic effects [192] including damage to cellular DNA and protein [144].
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Studies show that HBE and HPF cells generate elevated ROS levels in a dose-dependent manner in the
presence of arsenic [191,193]. Moreover, chronically exposed arsenic-transformed HBE cells
constitutively generate cellular ROS (probably hydrogen peroxide) in the absence of further arsenic
exposure [193]. Constitutive generation of ROS was found to be necessary for activating certain
signaling pathways that regulate cell survival and cell proliferation [193].
Enhanced arsenic-induced ROS generation and accumulation have been associated with dose-dependent
responses in rates of cell proliferation and colony formation in HBE cells [193–196] as well as
anti-apoptotic signaling [195]. Increased cell proliferation is a distinguishing characteristic of cancer
cells and is crucial for tumor formation, while apoptosis plays an important role in killing abnormal
cells so that they cannot form tumors [193]. One study reported that increased cell proliferation of
arsenic-exposed cells was mediated by anti-apoptotic-signaling induced by cyclooxygenase,
COX-2 [197], an enzyme associated with inflammation and other pathogenesis [198]. Enhanced ROS
levels play an important role in mediating COX-2 production in airway epithelial cells [199].
ROS production has also been linked with gene expression changes in HBE cells consistent with
several of the proposed mechanisms for arsenic carcinogenesis [144] including oxidative stress, DNA
damage and a weakened tumor-suppression response [165,168,195]. Suckle et al. [195] assessed the
malignant potential of in vitro arsenic-transformed cells by injecting them into mice. The in vivo study
identified phenotypic characteristics consistent with malignant lung epithelial cells [195], and whole
genome expression profiling identified potential mitochondrial oxidative stress and increased
metabolic energy output, which is indicative of increased mitochondrial energy production [195].
Importantly, chronic arsenic exposure may therefore target mitochondrial function leading to enhanced
ROS generation and cancer-related gene signaling [195]. Antioxidants that target mitochondrial
function could play a role in ameliorating some of the effects of arsenic in chronically-exposed
populations [200].
Zhao et al. [201] recently discovered that long-term exposure to arsenic altered cellular
energy metabolism through the induction of aerobic glycolysis (the Warburg effect), as observed in
arsenite-treated HBE and other human cell lines cells. The Warburg effect is a metabolically
supportive phenotype for the increased energy demands associated with the growth, proliferation and
invasion of cancer cells (see the review by Vander Heiden et al. [202]). Unlike normal cells which
produce lactate under anaerobic conditions only, the Warburg effect states that cancer cells generate
large quantities of lactate regardless of oxygen availability [202]. This study was potentially the first to
link an environmental toxicant with the induction of the Warburg effect, and thus this discovery may
assist in identifying the role of arsenic toxicity in other diseases associated with disrupted energy
metabolism, such as diabetes and atherosclerosis [201].
5.4.3. Arsenic-Induced Suppression of Alveolar Macrophage (AM) Function
Alveolar macrophages (AM) serve as the front line of cellular defence against foreign material by
clearing the air spaces of any infectious, toxic or allergenic particles that have penetrated mechanical
defences, such as the nasal passages and mucociliary transport system [203]. Under normal conditions,
ROS are secreted by alveolar macrophages in response to phagocytosis or stimulation with specific
agents, and play a key role in efficiently killing invading pathogens [204]. Various detrimental
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effects of arsenic on these important cell functions have been observed (Table 3). For example,
Palmieri et al. [185] noted concentration-dependent reductions in AM viability and size following
exposure to sodium arsenite concentrations of 2 and 2.5 µM, respectively, and a notable increase in
apoptosis after 5 µM. In the presence of the lower sodium arsenite concentrations (<2 µM), AM cells
maintained the ability to regulate cell homeostasis whereas higher doses (≥5 µM), reduced cell
viability to 50% [185]. Increasing cell culture time generally played a key role in amplifying the
observed adverse effects, particularly during exposure to the higher (5 and 10 µM) sodium arsenite
concentrations [185].
Contrary to the commonly-observed response by arsenic-exposed HBE and HPF cells, AM
cells typically exhibit a dose-dependent reduction in ROS production in the presence of
arsenic [128,185,205–208]. Soluble trivalent arsenic was notably more potent at inhibiting ROS
production than the corresponding pentavalent form, with superoxide inhibition occurring at respective
concentrations of 0.1 and 1 µg/mL [208]. In contrast, the slightly soluble trivalent and pentavalent
forms showed similar patterns in ROS production with inhibition occurring at a concentration of
10 µg/mL arsenic [128,207]. Gercken et al. [205] postulated that the depression of O2− (superoxide
anion) production by arsenic-exposed AM may be linked with high concentrations of arsenic on the
particle surface. Both the studies by Lantz et al. [128,208] observed that a 24 h period of arsenic
exposure was required to suppress ROS production.
Suppression of ROS production, or a reduction in AM function as demonstrated by
others [128,185,205,207,208], may therefore inhibit phagocytosis: an important clearance mechanism
of foreign particles, such as dust and bacteria, from the lung. Suboptimal phagocytosis by AM cells has
been associated with a decreased ability to clear dead or dying cells from the respiratory system
thereby leading to pathological inflammation [209] as well as an increased susceptibility to pulmonary
infection such as pneumonia, in respiratory health-compromised individuals [210].
5.4.4. Arsenic-Induced Inhibition of the Wound Healing Response in Human Bronchial Epithelial
(HBE) Cells
As the respiratory epithelium is frequently injured by inhaled pollutants or micro-organisms,
the epithelial wound repair response plays a critical role in the maintenance of epithelial
barrier integrity [211]. Concentration-dependent arsenic-induced inhibition of wound healing in
mechanically-wounded HBE cells has been demonstrated (Table 3). In the absence of arsenic, the
wounded area of an epithelial monolayer of HBE cells was largely repaired (approximately 80%) by
migrating cells after a period of 4 h [212]. In the presence of 30 and 60 ppb arsenic however, the
amounts of wound closure were 48% and 24%, respectively [212]. The highest concentration
(290 ppb) resulted in the expansion of the wound area in the first hour, followed by 16.5% healing
at 4 h [212]. Further analyses indicated that overexpression of matrix metalloproteinase (MMP-9), an
enzyme important for human respiratory healing and wound closure [213], leads to dysregulated
wound repair in the presence of arsenic and reductions in cellular migration [212].
Regulation of MMP-9 and migration of airway epithelial cells are linked with ATP-dependent Ca2+
signalling [213]. Tightly coordinated Ca2+ transport and activity are vital during early wound healing
processes; therefore Ca2+ is commonly used as an immediate damage indicator [214]. Furthermore,
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general interference with airway ATP signalling has been linked with chronic lung diseases, such as
chronic obstructive pulmonary disease (COPD) [215]. To investigate whether arsenic disrupts Ca2+
signalling in mechanically-wounded HBE cells, Ca2+ concentrations were monitored following acute
(24 h) and chronic (4–5 weeks) exposure with micromolar and nanomolar concentrations of sodium
arsenite [216,217]. Significant and dose-dependent reductions in Ca2+ propagation in wounded cells
compared to controls were observed (Figure 7; [216,217]). Arsenic-induced suppression of the wound
healing response as a result of both acute and chronic exposures (well below levels typically associated
with inhalation where arsenic has been linked with disease presentation) may ultimately result in a
reduced ability of the lung epithelium to effectively and sufficiently close a barrier breach [212,216,217].
Figure 7. Wound healing assay of 16HBE14o- cells exposed chronically (4–5 weeks)
to 0, 130, or 335 nM sodium-arsenite: (A) Representative images of initial wounding
(left column), 30 min post-wounding (middle column), and 1 h post-wounding
(right column). White scale bar represents 50 µM; (B) Quantification of percent wound
closure over time at 30 and 60 min post-wounding. “*” indicates significant difference
from untreated controls by a one-way ANOVA (p < 0.05). Reprinted with permission from
Sherwood et al. [217].
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Table 3. Direct effects of arsenic exposure on human bronchial epithelial (HBE) cells, human pulmonary fibroblast (HPF) cells, and
pulmonary alveolar macrophage (AM) cells. All experiments were conducted in vitro, unless otherwise specified. Specific cell lines are listed
in accordance with the abbreviations used in each study.
As Compound

Dose

Cell Line

Pathological Effects

Potential Human Effects

Ref.

Lung cancer

[189]

Human bronchial (or alveolar epithelial) cells
Na-arsenite

0.5–10 µM for 24 and 120 h

NHBE

Dose-dependent reduction in cell survival; chromosomal aberrations
suggestive of DNA double strand breaks
MMAIII & DMAIII were more cytotoxic; dose-dependent alteration of

Na-arsenite, MMAIII, DMAIII Variable for 3 days

HBE

inflammatory response at low concentrations; alterations in oxidative
stress and DNA damage repair at increasing concentrations

Na-arsenite

As-trioxide

0–4 µM for 2 weeks

2.5 µM for 6 months

HBEp

Pulmonary diseases
linked with inflammation
and increased bronchial
cell proliferation

Concentration-dependent increase in cellular lactate production; lactate

Growth, proliferation and

produced via aerobic glycolysis (the Warburg effect)

invasion of cancer cells

BEAS-2B

Time-dependent cell proliferation; cells exhibited a cancer-like phenotype

In vivo

Tumour formation; time-dependent increase in tumour volume; cells

(Nu/nu mice)

exhibited a malignant and metastatic phenotype

[165]

Lung cancer

[201]

[195]

In silico Signalling ROS generation; DNA damage; chronic inflammation; dysregulation of
pathway analysis
Na-arsenite
Na-arsenite MMAIII, DMAIII,
MMAV, DMAV, DMTAV

pro- and anti-cancer gene signalling, anti-apoptosis and invasive signalling

130 and 330 nM for 4–5 weeks 16HBE14o-cells

Dose-dependent reduction in the wound healing response (Ca2+ signalling),

Chronic lung disease,

and 0.8 and 3.9 for 24 h

(wounded)

leading to inhibition of wound repair

e.g., bronchiectasis

Various (µM) for 24 h

A549

0.25–5 µM for 26 weeks

BEAS-2B

DMAIII and MMAIII showed pronounced cellular uptake; differential
cellular endpoints related to DNA repair
ROS-induced cell proliferation and colony formation; constitutive

Na-arsenite

generation of ROS (probably H2O2); degree of effects were
concentration-dependent

Na-arsenite

20 nM, 200 nM, 2 µM and
20 µM for 12, 24 and 48 h

BEAS-2B

Arsenic-induced diseases
Primary lung tumour
formation

Enhanced cell growth and proliferation; up-regulation of protein,

Development/progression

Cyclin D1, is commonly over-expressed in cancer cells

of lung carcinogenesis

[216,217]
[187,188]

[193]

[196]

Arsenite was least cytotoxic; methylated forms shared similar cytotoxicities;
Arsenite, MMAIII, DMAIII,
V

DMTA

Variable concentrations
for 24 h

BEAS-2B

dose-dependent increase in number of differentially expressed genes
linked to carcinogenicity; minimally cytotoxic arsenic levels induced
oxidative stress
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Table 3. Cont.
As Compound

Dose

Na-arsenite

30, 60, 290 ppb for 24 h

Cell Line
16HBE14o(wounded)

Pathological Effects

Potential Human Effects

Dose-dependent inhibition of the wound healing response

Compromised lung
function

Ref.
[212]

Accumulation of
Na-arsenite

5–40 µM for 6–48 h

BEAS-2B

Overexpression of COX-2; apoptotic disruption; cell proliferation

genetically damaged cells

[197]

leading to malignancy
Human pulmonary fibroblast cells
Na-arsenite

0.5–10 µM for 24 and 120 h

HPF

As-trioxide

1–50 µM for 24 h

HPF

Dose-dependent reduction in cell survival; concentration-dependent
increase in chromosome damage such as DNA double strand breaks.

Lung cancer

Dose-dependent reduction in cell survival between 10 and 50 µM As-trioxide

[189]
[190]

−

As-trioxide

1–50 µM for 0–180 h

NHBF

Dose-dependent increase in ROS (O2 ) levels; cell growth inhibition and

[191]

cell death

Alveolar macrophage cells (harvested from animals)
Na-arsenite
As-trioxide & Ca-arsenate
(slightly soluble)
Na-arsenite & Na-arsenate
(soluble forms)
Arsenic (fly ash)
As-trioxide
As-trioxide (fly ash)

1.25–10 µM for 24–96 h

0.1–300 µg/mL for 24 h

0.1–300 µg/mL for 24 h
50–230 ppm for 24 h
0.1–1000 µM for 24 h
Industrially-relevant levels
for 24 h

Mouse AM

Rat AM

Rat AM
Rabbit AM

Dose-dependent reduction in macrophage viability and volume;

Immunological disorders;

time-dependent increase in apoptotic cell at higher arsenic concentrations;

decreased capacity to

decrease in ROS (O2−) generation at low concentrations

respond to toxicants

Dose-dependent reduction of ROS (O2−) after 24 h; similar pattern for

Alteration in AM function;

both arsenicals (around 10 µg/mL)

compromised host defence

Dose-dependent reduction of ROS (O2−) after 24 h; AsIII more potent
than AsV; differential immune response between the two species
Concentration-dependent inhibition of ROS (H2O2 and O2−) production

Rabbit AM

Concentration-dependent inhibition of ROS (H2O2 and O2−) production

Rabbit AM

Suppressed ROS (O2−) production
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[185]

[128]

Compromised defence
against infection and

[208]

altered immune surveillance
Suppression of AM function [206]
Increased susceptibility to
bacterial infections

[207]

Suppression of AM function [205]
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6. Epidemiological and Exposure Monitoring
Epidemiological studies provide an important link between health effects and air pollution
exposure, because they provide an accurate representation of the health records and environmental
conditions pertaining to a well-defined population [218]. In this regard epidemiological studies of
industrially-exposed cohorts conducted during the mid-1900s have provided strong evidence of a
causative role for airborne arsenic in respiratory cancer mortality. This has resulted in a diverse but
important body of historical epidemiological evidence accrued on the health risks and disease
outcomes associated with known, high level occupational inhalation exposures [219–221].
However, with increasing concerns regarding the effects of peripheral exposure to potential
carcinogens, there is increasing attention directed at the health of communities living in the vicinity of
smelting and mining operations and uncontained mine wastes and tailings. Notwithstanding the
common source of the concerns, it has been observed that there are important differences between the
situations of occupationally- and environmentally-exposed cohorts. Occupational studies usually differ
methodologically from the environmental investigations in that there is a contained area of
contamination and a restricted population who are exposed to high levels of airborne material.
Whereas studies of environmental exposure in communities living in arsenic-affected areas usually
start at birth, and the exposure itself may not be recognized for many years and may be intermittent,
thereby rendering epidemiological studies more difficult to design and interpret, particularly since they
are observational only. For these reasons, we report separately on the findings for each exposure type,
since they will address different aspects of the effects of airborne particulate matter on health.
6.1. Known Occupational Exposures
An industrial hygiene study conducted between 1943 and 1965 at the Anaconda copper smelter in
Montana, USA, recorded extremely high levels of airborne arsenic (≥5000 µg·m−3), particularly in and
around the ore roasting furnace, materials crushing plant and the arsenic refinery departments [222].
Similar conditions were reported at the Ronnskar smelter in Sweden [220]. Airborne arsenic concentrations
in excess of 20,000 µg·m−3 were not uncommon at these two smelting operations [220,222]. Lower values
for airborne arsenic were typically found in areas such as the administration departments, electrical and
machine workshops, outdoor environment, building department and general office area [220,222].
Significantly, airborne arsenic concentrations reported at the latter two locations are 8- and 2000-fold
greater than the current target value of 6 ng·m−3 proposed by EU regulations.
Symptoms of severe arsenic exposure among smelter workers observed during the 1920s included a
notable rise in the rate of sick days due to various acute and chronic respiratory disorders [223].
Arsenic trioxide-laden dust (generated as a by-product of the copper smelting process) deposited in the
nose and respiratory airways forms arsenous acid on contact with moisture, resulting in necrosis of the
mucous membranes [223]. Diseases reported among smelter workers during the early 1930s were
bronchitis, tracheitis, ulcers, laryngitis, rhinitis, perforation of the nasal septum, atrophy of the mucus
membranes in the respiratory passages and occupational arsenical dermatitis (unpublished works by
Inghe and Bursell [224], translated in Gerhardsson et al. [225]). Emphysema and ischemic heart
disease were also noted [219]. Despite the prevalence of these non-malignant respiratory disorders,
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meta-analysis of the available epidemiological data did not detect any statistically significant excesses
in mortality among smelter workers compared to the control cases [219,221].
The first cases of lung cancer that were traced to the work environment occurred at a Swedish
smelter in the 1960s whereby a five-fold increase in lung cancer mortality compared with controls was
observed [226]. Occupational health investigations at other smelting operations, as well as comprehensive
reassessments and meta-analyses of previously reported data, demonstrated strong links between
airborne arsenic exposure and respiratory cancer [220–222,227,228]. Lubin et al. [221] reported a
statistically significant trend between the excess relative risk of respiratory cancer and cumulative
exposure to airborne arsenic amongst a cohort of 8014 copper smelter workers in Montana,
United States. Over a 50 year period, 446 deaths due to respiratory cancers were observed, comprising
428 lung cancers and 14 cancers of the larynx. No other cause of death was found to be associated with
arsenic exposure, with the possible exception of COPD [221].
In addition to smelting, other studies have demonstrated a link between lung cancer and arsenic
exposure at hard rock mining operations [228]. One of the most comprehensively investigated cases
relates to four tin mines and three associated smelting operations in southern China, where underground
miners were exposed to respirable concentrations of arsenic ranging between 0.1 and 38.3 µg·m−3 [229].
Chen and Chen [229] reported that the rates of lung cancer were strongly associated with cumulative
dust exposure, arsenic exposure and duration of exposure. While the magnitude of risk from mining
(odds ratio (OR), 8.8) was only slightly less than for smelting (OR, 12.3), exposure to both mining and
smelting increased the risk to 22.0 [228]. The potential additive carcinogenic effects of inhaled
crystalline silica, cigarette smoking and exposure to radon could not be ruled out [228].
To examine the distribution of arsenic in the body following long-term exposure, researchers
collected and analysed tissues from deceased workers from the Ronnskar smelter in Sweden, and from
various controls, and correlated these with the cause of death [225]. Post-mortem investigations
discovered elevated levels of arsenic and seven other metals of concern in the lung, liver and kidneys
of the deceased workers [182,225]. Median arsenic concentrations of 35 and 50 µg·kg−1 reported
in lung tissue of the deceased smelter workers were six to seven times greater than the control
cases [182,225], providing some evidence of a causative role for arsenic in respiratory cancer mortality
among the exposed population [182]. Although the arsenic content diminished in liver tissue, a longer
biological half-life of arsenic was observed in the lung [182]. Similar findings have been reported in
animal studies [126]. An extended biological half-life and retention of arsenic in lung tissue may have
implications for the development of respiratory disease. Lung cancer risk in a cohort of 107 Chinese
tin miners was more dependent on the duration of arsenic exposure than then intensity [228].
Conversely, exposure intensity was more important in determining the lung cancer risk than duration
in smelter workers [220,222], indicating a need for comparative studies with consistent exposure and
outcome criteria.
Due to the use of exposure reduction measures by mining and mining-related industries, the number
of published studies relating to rates of lung cancer and mortality in mining and mining-related
industries has declined in recent years. However, occupational inhalation exposure to airborne arsenic
remains a serious health issue in some localities. A recent study reported that copper smelter workers
in northeastern China were exposed to airborne arsenic values that were up to 57% above the
short-term exposure threshold limit value of 20 µg·m−3 [230]. Seven of the 38 copper smelter workers
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selected for investigation had arsenic-related skin disorders including hyperkeratosis and/or
hyper-pigmentation, as well as elevated urinary arsenic levels [230]. Urinary arsenic speciation
analysis revealed that higher occupational exposures and skin damage cases were associated with a
decreased capacity for arsenic methylation [230]. Similar results have been reported elsewhere [231].
These findings support the premise that suppressed methylation capacity results in an increased risk of
arsenic toxicity due to the retention of arsenic in the body [183].
6.2. Inadvertent Environmental Exposures
It has been found that a number of populations around the world live in the vicinity of active or
abandoned mining operations [28], and there exists overwhelming epidemiological evidence
suggesting that there is an increased risk of arsenic exposure for these communities [4–9,78,107,232].
These studies show that children are particularly susceptible to inhalation exposure since they respire a
greater relative volume of air with respect to their size, and may therefore be exposed to
correspondingly higher levels of airborne contaminants than adults. Children also have an increased
likelihood of coming into contact with soil and dust through playing in dirt contaminated with arsenic
residues [78,233,234]. As a consequence, many human exposure monitoring studies have focussed on
measuring arsenic exposure in child populations [4,7,107,233,235,236].
Measurement of arsenic in human nails, hair, urine and blood concentrations are commonly
used for determining arsenic uptake in humans [78,105,232,235,236]. Blood and urine arsenic
levels provide a reliable short-term measure of arsenic exposure because arsenic is readily
excreted from the bloodstream via the kidneys [25]. Analysis of arsenic deposited in the toenails and
hair provides useful indicators when the measurement of long-term, low-level arsenic exposure is
required [234–238]. It has also been shown that analysis of the arsenic content of particles that have
adhered to the hands of children can also be used as an indicator of potential exposure [4].
It is important to note that although such biological markers of arsenic exposure as those reported
above are useful for predicting the degree of risk, elucidating the exact pathway to environmental
uptake of arsenic in localities where multiple exposure pathways exist is not straightforward [233].
As previously mentioned in this review, airborne arsenic-contaminated particulates generated by
mining operations often may be small enough to be inhaled, and have the potential to directly reach the
tracheobronchial and/or alveolar regions of the RT of populations living within the reach of the
industrial plume or raised dust material [19,54]. However, particles that have been deposited on the
ground or other surfaces may be either ingested due to physical contact, or resuspended as dust, and
then inhaled [19,105]. Many studies therefore report the existence of multiple possible pathways for
human exposure to arsenic-bearing particulates in the vicinity of mining operations which contributes
to the complexity of epidemiological studies of this issue [4,7,105,233,238] A recent study reported
that the ingestion and inhalation exposure pathways contributed equally to the arsenic-associated
carcinogenic and non-carcinogenic risks in such populations [105].
From the work reported in the above investigations, it is clear that human arsenic exposure is
governed by a number of variables. There are important inverse relationships which have been
frequently reported between the concentration of airborne arsenic levels and the distance from the
source, and between biological arsenic levels and the distance of the home, playground or school
71

Geosciences 2014, 4
environment from metal smelters and other mining operations [4,7,107,233]. Buchet et al. [4] reported
airborne arsenic concentrations of 330 and 75 ng·m−3, and dust concentrations of 1710 and 66 µg·g−1
at distances of 1 and 2.5 km from a lead smelter in Belgium, which are consistent with this inverse
relationship. Correspondingly, the average arsenic concentration on the hands of children living within
the 1 km zone was ten times greater than those children living further away [4]. Similarly,
Hwang et al. [233] found that the urine arsenic content of children living near an extensively
contaminated former copper smelter in Montana were significantly inversely correlated with distance
from the smelter site.
As cautioned by Frost et al. [6], the assumption of a simple inverse relationship between arsenic
uptake and distance from the emission source may oversimplify this phenomenon, since seasonality and
wind direction are also important variables influencing exposure [9,107,231]. Milham and Strong [107]
demonstrated that fluctuations in urine arsenic levels among children living near a copper smelter were
closely associated with changes in prevailing wind direction. In this study, the urine arsenic
concentrations of children living downwind of the smelter decreased simultaneously with shifts in
wind direction [107]. Another study of children living near a former copper smelter site reported
elevated biological arsenic levels during the summer, a time when seasonal factors enhance the
mobilisation of dust from uncontained mine wastes, such as tailings and flue dust [233].
Carcinogenic and non-carcinogenic risks associated with inhalation exposure to atmospheric arsenic
emitted by coal combustion have recently been estimated in exposed Chinese populations [9,105].
Because it has been observed that the average effective diameter of arsenic-containing aerosols from
combustion processes is 1 µm [3], there exists a high potential for deposition in the terminal
bronchioles and alveoli of exposed populations. Consequently, it has been estimated that more than
two million residents in Beijing have an increased risk of developing cancer as a result of probable
exposure to atmospheric arsenic, generated principally from coal combustion [9]. Recent measures of
daily total inorganic arsenic inhalation exposure values for Beijing residents (0.3–0.8 µg·day−1)
showed that they were 10 times greater than those in the United States (40–90 ng·day−1). These studies
indicated that daily intakes of arsenite and arsenate in Beijing were 0.01–0.03 and 0.16–0.44 µg·day−1
by inhalation, respectively. Based on these exposures and the known effects of both arsenite and
arsenate as carcinogens, an estimated excess cancer risk of (4.2 ± 2.0) × 10−4 was predicted for the
city’s population [9]. In a similar study, Cao et al. [105] reported a median carcinogenic risk posed by
arsenic inhalation of 2.91 × 10−3 in a community living near the largest coal refinery plant in a town of
Shanxi Province, China.
6.3. Impacts of Climate Change
The effects of climate change are predicted to have an impact on mine waste chemistry and
mobility. The predicted rise in global temperature is expected to increase the rate of mine waste
weathering by a factor of approximately 1.3 by the year 2100 [239]. Prolonged weathering of mine
waste materials will lead to the formation of a greater abundance of soluble salts [67]. Moreover, the
anticipated increase in extreme weather conditions are likely to lead to a greater frequency and
intensity of dust storms, as already observed in localities such as Asia, Africa, and Australia [240,241]
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which in combination with the weathering, is likely to result in an increase in the occurrence and
bioavailability of airborne arsenic.
7. Conclusions and Research Priorities
The potential health effects of exposure to airborne arsenic-bearing particulates generated by
current and/or past mining operations are widely recognized as a growing issue of significant global
importance. Investigations surveyed in this review, taken from disparate but complimentary lines of
inquiry, strongly support a causative role for inhalation exposure of inorganic arsenic species in the
aetiology of lung cancer and other respiratory health disorders, suggesting that a strong focus on this
exposure modality is crucial for the long-term health of affected populations.
This review has highlighted the need to conclusively elucidate the exact mechanisms of
arsenic-induced toxicity from exposure to PM in order to facilitate the prediction and diagnosis of
adverse health consequences, and thereby enable adequate risk assessments to be undertaken.
Recent developments in various complimentary areas of research within the overarching field of
medical geology including geochemistry, biomedicine, toxicology and epidemiology, have identified a
number of factors that play a key role in understanding these varied phenomena. These include: (i) the
effects of differing environmental variables leading to exposure; (ii) the influence of particulate
characteristics on the initial deposition location in the RT; (iii) the differing toxicity levels of
particulate-borne arsenicals, their species and their metabolites, and (iv) the complex pathogenesis of
arsenic-induced lung disease.
While it is clear that absorbed arsenic exerts cytotoxic and genotoxic effects on pulmonary cells
following both acute and chronic exposures, important species- and dose-dependent differences in
toxicities between the two exposure regimes have been observed. It is also clear that particle size plays
a major role in governing the deposition location, solubility, methods of clearance and retention time
of arsenic-bearing species in the RT, and hence has a direct effect on the range of arsenic metabolites
released to the body. Current research indicates that the exposure to arsenic and of these metabolites is
predictive of the pathogenesis of lung disease, which leads to the conclusion that the long-term
pulmonary bioavailability of arsenic in PM requires serious consideration in health risk assessments.
Development of a series of standardized lung bioavailability assays that assess both short- and
long-term exposures would be beneficial, particularly when drawing comparisons between studies.
The potential for human exposure to airborne arsenic will inevitably increase in the future due to
several key factors. Increases in global copper production and coal use, with which arsenic species are
intimately related, are indicators of increasing global wealth and population. With increasing wealth
and population, consequent increases in urbanization will inevitably lead to encroachment on and
disturbance of existing contaminated sites. In addition, it is predicted that climate change will have a
considerable impact on mine waste chemistry and mobility, effectively amplifying every other
risk factor, and increasing the urgency in gaining a greater understanding of all aspects of arsenic in
our environment.
It is strongly recommended that future research prioritizes identifying human populations and
sensitive sub-populations at risk of exposure, as well as developing long-term, cost-effective methods
to adequately contain or reduce airborne emissions from known sources.
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Abstract Abandoned historical gold mining wastes
often exist as geographically extensive, unremediated,
and poorly contained deposits that contain elevated
levels of As and other potentially toxic elements
(PTEs). One of the key variables governing human
exposure to PTEs in mine waste is particle size. By
applying a size-resolved approach to mine waste
characterisation, this study reports on the proportions
of mine waste relevant to human exposure and
mobility, as well as their corresponding PTE concentrations, in four distinct historical mine wastes from
the gold province in Central Victoria, Australia. To
the best of our knowledge, such a detailed investigation and comparison of historical mining wastes has
not been conducted in this mining-affected region. Mass
distribution analysis revealed notable proportions of

waste material in the readily ingestible size fraction
(B250 lm; 36.1–75.6 %) and the dust size fraction
(B100 lm; 5.9–45.6 %), suggesting a high potential for
human exposure and dust mobilisation. Common to all
mine waste types were statistically significant inverse
trends between particle size and levels of As and Zn.
Enrichment of As in the finest investigated size fraction
(B53 lm) is of particular concern as these particles
are highly susceptible to long-distance atmospheric
transport. Human populations that reside in the
prevailing wind direction from a mine waste deposit
may be at risk of As exposure via inhalation and/or
ingestion pathways. Enrichment of PTEs in the finer
size fractions indicates that human health risk assessments based on bulk contaminant concentrations may
underestimate potential exposure intensities.
Keywords Mining waste  Tailings  Dust  Arsenic 
Human exposure  Particle size
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Introduction
Human populations throughout the world have been
negatively impacted by the release of metals and
metalloids as a result of historical and modern mining
activities (Fields 2003; Plumlee and Morman 2011;
Schwarzenbach et al. 2010). This is largely because
natural, agricultural and urban settings in proximity to
active or former mining operations are often contaminated with potentially toxic elements (PTEs) such as
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Morman 2011). Epidemiological studies show that
human exposures to PTEs such as Pb and As in mining
wastes are linked with a wide range of deleterious, and in
some cases, irreversible health effects (ATSDR 2007;
Taylor et al. 2011). The toxic effects of Pb in children
living near Pb mining operations and smelters include
neurodevelopment problems, adverse impacts on behaviour, intellect, memory, poor motor development, as
well as kidney disease and anaemia (Sullivan and
Krieger 2001; Taylor et al. 2011). Chronic exposure to
As may lead to increased carcinogenic and noncarcinogenic risks (Cao et al. 2014). In the goldfields
region of Victoria, Australia, increases in soil As
concentration have been linked to a small but statistically
significant increase in cancer risk (Pearce et al. 2012).
Other studies in this mining-affected region in Victoria
also found evidence of long-term As exposure by
children, as well as some systemic As absorption (Martin
et al. 2013; Pearce et al. 2010). Chronic As exposure is
associated with diabetes, hypertension and cardiovascular and neurological diseases (ATSDR 2007).
Increased levels of PTEs in progressively finer size
fractions are of particular concern as wind and other
mechanical disturbances can lead to the redistribution
of highly contaminated dust particles from mine
wastes and tailings piles into the surrounding environment (Csavina et al. 2012). Exposure to these
particles via inadvertent ingestion or inhalation may
therefore lead to greater exposure intensities compared to the average contaminant concentrations in the
source material. To further understand differences in
potential exposure intensities as a function of particle
size, the objective of this study was to determine the
degree to which particle size influences the distribution of PTEs in historical mine wastes and tailings
collected from abandoned gold mining sites in Victoria, Australia. To achieve this, size-fractionated splits
of historical mine wastes were investigated in terms of
their mass distribution, elemental concentration and
elemental abundance using a modified systematic
method of size-dependent characterisation prescribed
by Kim et al. (2011). This method was applied to four
physically distinct types of As-rich historical gold
mine waste samples collected from abandoned gold
mining sites. Understanding this distribution, and its
consequences, is important for the establishment of
effective management plans and remedial measures
for historical As-rich mine wastes and tailings located
at abandoned mining sites.

As, Cd, Cr, Hg and Pb in concentrations that greatly
exceed prescribed guidelines for human health (Candeias et al. 2014; Lim et al. 2008; Meza-Figueroa et al.
2009; Taylor et al. 2010). Air, soil and water are
important vectors of human exposure to PTEs in
mining-affected areas and are therefore the subject of
many research investigations (Martin and Dowling
2013; Pearce et al. 2010; Protonotarios et al. 2002;
Taylor et al. 2010). Assessing the relative contribution
of PTEs from these environmental matrices is important for identifying the potential pathways for exposure and the corresponding exposure intensities. Such
targeted assessments may also be useful for the
ongoing management of contaminated sites.
Human exposure to mine wastes, mining-affected
soils, and residues may occur via three distinct
pathways: dermal, ingestion and inhalation. Solid
particles B250 lm can readily adhere to food and
skin, and subsequently be ingested during food
consumption or hand-to-mouth behaviour (Plumlee
and Ziegler 2003). This size fraction is most likely to
accumulate indoors as deposited wind-blown particulate matter, or transported on clothing, toys, pets, and
other objects (US EPA 2000). Particles B100 lm are
commonly referred to as dust and may be inhaled into
the upper respiratory system, while particles B10 lm
(PM10) may be inhaled more deeply into the lung
(Plumlee and Morman 2011). Particle size therefore
plays a critical role in influencing the pathway of
human exposure to mine waste particulates.
In addition to influencing the route of exposure, a
growing body of evidence has demonstrated that
particle size can play a role in governing the intensity
of exposure to contaminants in wastes produced by
mining activities. Specifically, an inverse trend
between particle size and trace element content has
been reported in various mine wastes and tailings as
well as mining-affected soils and sediments (Brook
and Moore 1988; Kim et al. 2011; Martinez-Martinez
et al. 2010; Moreno et al. 2007; Palumbo-Roe et al.
2013; Schaider et al. 2007; Singh et al. 1999; Taylor
et al. 2010). Because exposure intensity is a critical
factor governing the toxicological response (Snyder
1984), the targeted measurement of PTEs in environmental media relevant to human exposure is critical
for assessing the risk to human health.
Adverse health outcomes associated with exposure to
mine wastes have been observed in residents living in
and proximal to mining-affected areas (Plumlee and
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Methods

(Cu12Sb4S13) and stibnite (Sb2S3) (Ramsay et al.
1998). In Ballarat, arsenopyrite, the most common Asbearing mineral, is considered the most definitive
indication of an association with gold mineralisation
(Bierlein et al. 1999). Arsenic is also known to exist as a
contaminant in pyrite and may be enriched up to the
weight per cent level (Reich et al. 2005). These sulphide
minerals are potentially important sources of As and Fe
in mine waste deposits.
The long mining history of Victoria’s gold province
is evidenced by the numerous deposits of As-rich
tailings, battery sand and waste rock (Sultan 2007), as
well as considerable amounts of mining residue
(Kotsonis and Joyce 2003). The form and composition
of the waste depend upon the ore processing methodologies used, including crushing, grinding, separation
and calcination. Calcination involved roasting the ore
in order to liberate the gold from the sulphides, thereby
transforming most of the arsenopyrite and pyrite to
As-bearing iron oxides, such as maghemite and
haematite (Walker et al. 2005). The calcine and
battery sands were often re-worked by cyanide plants
resulting in voluminous quantities of fine-grained
sludge and silt that covered flood plains, flats and
gullies (Kotsonis and Joyce 2003).
Victoria hosts approximately 38 % of the 50,000
mining legacy sites currently registered in Australia
(Unger et al. 2012). It is estimated that historical gold
mining activities redistributed 30,000 tonnes of As to
the surface in the Ballarat goldfields alone (Jahan et al.
2002). Arsenic in abandoned and unvegetated historical gold mine wastes and residues in this region
represent ongoing sources of environmental contamination (Sultan 2007; Sultan and Dowling 2006) and
human exposure (Hinwood et al. 2004; Martin et al.
2013; Pearce et al. 2010). Moreover, in some townships As-rich mine wastes and residues have either
been built on for housing or are situated in close
proximity to urban areas (Sultan and Dowling 2006).
Given the historic importance of the gold era, which
lasted for almost two decades, many of the remaining
legacy mine sites are now protected under the Heritage
Act 1995 (Pepper et al. 2014), and for planning
purposes, are zoned by councils as public open space.

Study area
Gold mining in Victoria commenced in 1851 and
declined rapidly around 1914 (Phillips and Hughes
1998). Victoria’s gold region is considered a major
world-class gold province with a total Au production of
approximately 2,460,000 kg since initial alluvial discoveries (Ramsay and Willman 1988). Of the total gold
produced, an estimated 60 % originated from extensive alluvial deposits while 40 % was from primary
(hard rock) sources (Ramsay 1995). This study focuses
on historical mine wastes and tailings collected from
abandoned gold mining sites in the Central Victorian
region of Australia, specifically within or proximal to
the townships of Ballarat, Bendigo and Mount Egerton
(Fig. 1).
Victoria’s gold deposit is a classic example of a
Palaeozoic slate belt gold province, as described in
detail in Phillips and Hughes (1996). In many of the
larger goldfields in Victoria, such as Bendigo and
Ballarat, gold occurs in tightly folded Ordovician
turbidites (Phillips and Hughes 1998). Most of the gold
produced was hosted in quartz veins associated with
reverse faults and chevron folds (Sandiford and Keays
1986). Hydrothermal auriferous quartz veins and associated wallrock often contain sulphides such as pyrite
(FeS2), arsenopyrite (FeAsS), chalcopyrite (CuFeS2),
sphalerite (ZnS), pyrrhotite (FeS), tetrahedrite

Mine waste collection and sample preparation
Mine waste samples were collected during 2013 from
abandoned gold mining sites in Bendigo, Ballarat and

Fig. 1 Location of study sites (Bendigo, Ballarat and Mt
Egerton) within the State of Victoria, Australia
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such as tyre marks and walking trails. Each discrete area
was divided into five evenly spaced subsampling
locations along a transect ranging between 20 and
30 m in length, depending on the location. Prior to
collection, the top B5 cm of surface material was
removed to minimise the inadvertent sampling of nonmine waste material. By sampling beneath the top
material, we were able to obtain a representative sample
of each mine waste deposit (Kim et al. 2011), and this
enabled meaningful comparisons between the different
mine waste types. Approximately 1 kg of mine waste
was collected from each subsampling location and
transferred into a labelled plastic bag. Samples were
composited (each composited sample weighed approximately 5 kg) and thoroughly homogenised in the soil
laboratory at Federation University Australia. Each
composited sample was oven dried at 20 °C until a
constant weight was achieved.
Collecting a representative sample of mine-waste
material can be challenging. It is important to
acknowledge that the vertical composition and permeability of historic mine waste heaps are not
homogeneous (Palumbo-Roe et al. 2013). Variability
in the origin of the ore as well as improvements in ore
production techniques over time are likely to influence
the characteristics of the resultant tailings in terms of
particle size, secondary mineral formation and concentration of heavy metals. Despite the high likelihood
for vertical variability of the mine waste deposits, we
limited our sampling to near-surface material (i.e., no
deeper than 5 cm), as it is more reflective of the
current hazards posed by the mine waste material to
nearby communities (Palumbo-Roe et al. 2013).

Mount Egerton, Victoria, Australia. Samples were
collected directly from prominent and well-documented historical mine waste deposits including
battery and calcine sand. The term ‘‘battery sand’’ is
used to describe quartz that has undergone primary,
secondary or tertiary crushing using stamp batteries or
stamp mills (Davey 1986), while the term ‘‘calcine
sand’’ refers to waste generated through the roasting
and crushing process (EPA Victoria 2002). Gold in the
crushed sand was typically recovered by amalgamation and gravity separation, but neither method was
particularly efficient (Lawrence and Davies 2010). In
later years, some waste deposits were re-worked using
chemical and physical methods such as chlorination,
treatment with cyanide and sulphuric acid, and
flotation (Lawrence and Davies 2010). Given that
the mining history of the Victorian goldfields spans
more than 100 years, and there are major gaps in
historical mining records, it is very difficult to
definitively state which processing methods are associated with specific mine waste deposits.
Table 1 provides the origin, a brief physical description (based on field observations) of the predominant
waste types identified at each site, and a corresponding
sample identity code. All sites are closely bordered by
residential and/or public use areas. In addition to
selecting wastes types that were physically distinct
from each other, sites were chosen based on their close
proximity to residential properties and/or a lack of
vegetation cover, as well as their accessibility.
Because of the extensive footprints and poorly
defined boundaries of the mine waste deposits, it was
not feasible to sample each deposit in its entirety. A
composite sampling program (EPA South Australia
2005) was undertaken in discrete areas at each sampling
location. The discrete areas were selected based on their
close proximity to residential areas, high potential for
wind erosion and evidence of use by the community

Size fractionation of mine waste samples
Prior to dry sieving, representative samples (n = 4) of
the composited mine waste samples were obtained

Table 1 Origin, brief description and sample identification code of mine waste samples collected from historical gold mines in
central Victoria, Australia
Locality

Council land zoning

General description (based on visual observations)

Sample
ID code

Ballarat

Public conservation and resource

Poorly sorted mix of coarse and fine brown-coloured
battery sand

BBS

Bendigo

Public park and recreation

Fine-grained, grey-coloured battery sand

GBS

Bendigo

Industrial

Coarse-grained, red-coloured calcine sand

RCS

Mount Egerton

Public conservation and resource

Coarse-grained, yellow-coloured battery sand

YBS
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depending on the type and source of the material (Kim
et al. 2011; Martinez-Martinez et al. 2010). In addition,
the small sample size required for NAA is particularly
advantageous given the limited quantities of mine
waste represented by specific particle size fractions.
Total concentrations of the selected elements in
size-fractionated mine waste samples (S1–7) and a
single split from each bulk sample were quantified by
NAA at the Australian Nuclear Science and Technology Organisation (ANSTO) using the k0-method of
standardisation. Subsamples of approximately 0.1 g
were encapsulated for irradiation in the neutron flux of
the 20 MW OPAL research reactor. Samples were
irradiated for around 10 h with a neutron flux of
5 9 1012 cm-2 s-1 in the LE2-1 position.
Following suitable decay periods, samples were
counted for between 0.5 and 1 h on an ORTEC GEM
high-purity germanium gamma-ray detector (P-type,
25 % relative efficiency) coupled to an ORTEC
DSPEC-Pro digital spectrometer. The samples were
co-irradiated with certified reference material IRMM530RC, Al-0.1 %Au wire alloy, used as the comparator in the k0-method of standardisation. Gamma-ray
spectra were analysed using Hyperlab software and
elemental concentrations were determined using
Kayzero for Windows.

Table 2 Particle size diameter (dp) range for individual size
fractions labelled split (S1–S7) generated by dry sieving
Size fraction

Particle diameter (dp)

S1

dp [ 2000 lm

S2

2000 lm [ dp [ 1000 lm

S3

1000 lm [ dp [ 500 lm

S4

500 lm [ dp [ 250 lm

S5

250 lm [ dp [ 100 lm

S6

100 lm [ dp [ 53 lm

S7

dp \ 53 lm

using the coning and quartering technique (Gerlach
et al. 2002) until a 1 kg sample was attained. To
characterise the particle size distribution of the mine
waste samples, each 1 kg subsample was passed
through a series of 200 mm diameter stainless steel
laboratory test sieves (Endecotts Limited) manufactured to ISO3310-1 specifications. The dry sieving
technique described here is a modified version of the
method described by Kim et al. (2011). The sieves
were stacked in accordance with the order in Table 2
and agitated for 45 min using an EFL2000 (Endecotts
Limited) sieve shaker. The stack was then dismantled
and individual splits were recovered from each sieve
and weighed. The sieve stack was re-agitated until a
constant weight was achieved for each of the splits.
The sum of the individual fractions varied between 0.3
and 0.8 % from the initial bulk mass, indicating that
very little of each sample was lost during the sieving
process and subsequent sample handling.

Statistical analyses
Due to the small sample size and non-normally
distributed data, all concentration data were analysed
using non-parametric tests. A level of significance of
p \ 0.05 was used, and all statistical tests were twotailed. Friedman two-way analysis of variance by
ranks (Sheskin 2003) was used to test differences in
elemental concentration distributions between mine
waste types. Spearman’s correlation coefficients (Sheskin 2003) and associated p values were calculated to
examine the statistical significance of relationships
between elemental concentrations. The Mann–Kendall test for trend was used to assess the trends of
elemental concentration across the series of particle
size fractions (S1–7) using R V3.1.1 (R Core Team
2014). Although the Mann–Kendall test for trend is
traditionally used to investigate variables of time,
spatial or directional trends may also be investigated
(Helsel and Hirsch 2002). All graphs were generated
using Microsoft Excel 2013 (Microsoft Corporation,
Redmond, WA, USA), and the correlation matrices

Chemical analysis
A total of six elements (As, Co, Cr, Fe, Sb and Zn)
were selected for investigation based on their associations with regional gold mineralisation, their high
potential for environmental mobility (Radojkovic and
Bibby 2003), and their potential to negatively impact
the biosphere (Fuge 2005).
Neutron activation analysis (NAA) is an appropriate
method of quantitative multi-element analysis of sizefractionated mine waste samples as it is sufficiently
sensitive for the accurate measurement of both depleted
and low levels of constituents (Laul 1979). This is
particularly useful for the analysis of size-fractionated
mine wastes because certain trace elements may either
concentrate or deplete with decreasing particle size,
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two distinct size fraction populations within each
sample; however, further analysis such as laser
diffraction particle size analysis would be required
for confirmation. Consistent among the four mine
waste types were very small proportions in the S1
([2 mm) and S2 (2 mm [ dp [ 1 mm) size fractions.
A quantitative assessment of the proportions of
finer-grained material in size fractions relevant to
human exposure are displayed in Table 3. Proportions
of mine waste in the readily ingestible size fraction
(B250 lm; S5–S7) ranged between 36.1 and 75.6 % in
the order of YBS \ BBS \ RCS \ GBS. The proportions of mine waste in the dust size fraction (B100 lm;
S6–S7) ranged between 5.9 and 45.6 % in the order of
YBS \ RCS \ BBS \ GBS. Particles in the finest
size fraction (B53 lm; S7) ranged between 0.9 and
19.7 % and followed the same order as for dust.

were generated using SPSS version 21.0 (IBM,
Chicago, IL, USA).

Results
Size-based mass distribution analysis of mine
wastes
Mass distributions of the four mine waste samples as a
function of particle size fraction (S1–S7) show the
percentage mass contribution of each category for
particle size to the overall sample mass of each mine
waste type, as a result of dry sieving (Table 3; Fig. 2).
Compared with the BBS and GBS samples, the
RCS and YBS samples are characterised by relatively
normal, or unimodal, mass distribution trends with a
narrower range of size distributions. Although the
mass distribution of the RCS reveals a moderate
negative skew compared with the YBS, both distributions show a notable decreasing trend in mass between
the finest (S6 and S7) size fractions. Quantitative
analysis of the two unimodal distributions (RCS and
YBS) revealed that 78.4 % of the total mass in the
RCS was contained in the S4–S6 size fractions, while
93.4 % of the total mass in the YBS was contained in
the S3–S5 size fractions.
In contrast to the RCS and YBS wastes, the mass
distribution of the GBS was negatively skewed with
approximately three quarters of the total mass contained in the S5–S7 size fractions. Furthermore, the
BBS showed a slight increase from 10 to 16 % across
the two finest size fractions (S6 and S7). Bar charts of
the BBS and GBS mine wastes suggest the presence of
Table 3 Mass distribution
(%) of mine waste samples
as a function of size fraction
(S1–S7), including
cumulative totals for the
B250 lm (readily
ingestible) and B100 lm
(dust) size fractions

Elemental concentrations and correlation analysis
Box plots comparing the selected elemental concentrations in each of the mine wastes are shown in Fig. 3.
Friedman’s two-way analysis of variance revealed
significant differences between elemental concentration distributions among the mine waste types (all
p values \0.05).
The RCS was characterised by substantially greater
concentrations of As, Co, Fe, Sb and Zn, compared
with the other mine wastes: the median concentrations
of As (13,200 mg kg-1) and Sb (1550 mg kg-1)
were, respectively, one and three orders of magnitude
greater in the RCS than those recorded in the other
mine waste types. In contrast to this trend, comparable
concentrations of Cr were reported in the RCS, BBS

Size fraction

BBS (%)

GBS (%)

RCS (%)

YBS (%)

S1

0.5

0.1

1.5

S2

6.4

0.9

2.0

0.0
0.7

S3

23.9

10.6

9.5

20.4

S4

21.8

12.7

22.6

42.7

S5

20.3

30.0

42.0

30.2

S6

10.7

25.9

13.8

5.0

S7

16.4

19.7

8.5

0.9

S5–S7

47.4

75.6

64.3

36.1

27.1

45.6

22.3

5.9

(B250 lm; readily ingestible)
Refer to Table 2 for a
description of size fractions
(S1–S7)

S6–S7
(B100 lm; dust)
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Fig. 2 Mass distributions
of the mine waste samples
plotted as a function of
particle size fraction. Refer
to Table 2 for a description
of size fractions (S1–S7)
(modified from Martin et al.
2014, http://www.mdpi.
com/2076-3263/4/3/128/
htm. Re-use of this figure is
licensed under a Creative
Commons Attribution 4.0
International license, see
http://creativecommons.org/
licenses/by/4.0/legalcode)

Concentration analysis of size-fractionated mine
waste samples

and GBS wastes, with median values ranging between
61.9 and 65.8 mg kg-1. The only maximum value
recorded in a mine waste other than the RCS was Cr
(125 mg kg-1) in the GBS.
Bivariate scatterplot matrices of the selected elemental concentrations are shown in Fig. 4. Displayed
in the upper right half of each matrix are the observed
Spearman’s rho test statistics with degrees of significance, and each scatterplot displays a linear trend line
indicating the direction of correlation.
Strong positive correlations were observed
between all six elements in the GBS and YBS mine
waste types (p values \0.05). Inspection of the trend
lines revealed several similarities in the geochemical
associations between the GBS and YBS, and to a
lesser degree, the BBS mine wastes. Specifically,
common to these three mine waste types are statistically significant correlations between As–Cr, As–
Sb, As–Zn, Cr–Zn, Cr–Sb, Fe–Zn and Sb–Zn. In
contrast the only shared statistically significant
elemental correlation with RCS and the other mine
waste types was the As–Zn relationship. Furthermore, when compared with scatterplots for the BBS,
GBS and YBS wastes, those for the RCS reveal
nonlinear associations between elemental concentrations, as indicated by a wide scattering of data points
around the trend line (Fig. 4).

Elemental concentrations of each size fraction derived
from the mine waste samples including results from
the Mann–Kendall test for trend (MK tau) and
associated p values, are shown in Table 4. The S1
size fraction of the BBS and GBS wastes were
removed from the trend analysis as they displayed
anomalous (i.e., highly elevated) values for most
elemental concentrations, indicating the presence of
heavily mineralised ore material that was not adequately processed during the crushing and grinding.
Results from the MK test found that 19 of the 24 data
series for elemental concentration were significantly
dependant on particle size fraction and that all
statistically significant results were characterised by
upwards trends. Common to all four mine waste types
were statistically significant upward trends for As and
Zn with decreasing particle size fraction (all p values
\0.05). With the exception of the GBS waste, Co and
Fe showed significant inverse associations with size
fraction. Upward trends for Cr levels were observed in
the GBS and YBS mine waste types only. Finally, with
the exception of the RCS, Sb showed a statistically
significant (p \ 0.05) upwards tendency with decreasing particle size fraction.
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Fig. 3 Box plots of selected
elemental concentrations
As, Co, Cr, Fe, Sb and Zn
(mg kg-1) in four distinct
mine waste types from the
gold province in central
Victoria. P values for
Friedman’s two-way
analysis of variance are
shown in the top right
corner

mobility and human exposure. As demonstrated in
Fig. 5, the selected elemental concentrations in the
finer size fractions often exceed their corresponding
bulk average concentrations. To quantitatively determine the degree of these enrichments, Table 5 shows
the concentrations in the S5, S6 and S7 size fractions
as a percentage above or below the corresponding
average bulk concentrations. These size fractions
contain particles relevant to mobility and human
exposure: the readily ingestible size fraction (S5), the
dust size fraction (S6), and the finest size fraction (S7)
which can be transported through the atmosphere and
may contain inhalable PM10 particles.
Elemental enrichments in the selected size fractions
show a high degree of variability among the mine
waste samples (Table 5). The overall average enrichments in the S5, S6 and S7 size fractions of each
sample ranged between -7.5 and 51.2 %, 14.1 and
190 %, 17.3 and 411.3 %, respectively. All elements

Since the emphasis of this study was on As, a
qualitative assessment of the distributions for As
concentration was undertaken to compare trend patterns between the mine waste types. The bar charts
(Fig. 5) compare the As concentration in each size
fraction with the average concentration of the whole
sample, represented by the dotted orange line. Common to all distributions are steady upward trends in As
concentration with decreasing particle size fraction;
however, in the BBS this is preceded by an anomalous
value in the S1 size fraction. Bulk As concentrations
were exceeded to varying degrees in the finer size
fractions in each mine waste type.
Elemental enrichments in size fractions relevant
to mobility and human exposure
Further analysis was undertaken to calculate the
elemental enrichments in size fractions relevant to
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Fig. 4 Scatterplot
correlation matrices with
linear trend lines showing
the direction of relationship
between selected elemental
concentrations reported in
the BBS, GBS, RCS and
YBS mine waste samples.
Spearman’s rho test
statistics are displayed:
correlation is significant at
the 0.05 (*) and 0.01 (**)
level (2-tailed)

Elemental mass distribution analysis

in the selected size fractions of the YBS show
substantially greater enrichment beyond the average
bulk concentrations when compared with the other
mine waste types. For example, the enrichment of As
in the S7 size fraction of the YBS (381.1 %) is more
than two and half times the average As enrichment of
the four wastes (144.7 %). Similarly, Zn enrichment in
the S5 size fraction of the YBS (72.0 %) is around five
and a half times greater than the average for Zn
(12.8 %). On average, the BBS displays the lowest
elemental enrichments in each size fraction, and this
may be an artefact of the ore material and/or the
processing history. Taking into consideration the
average percentage enrichment for each of the selected
elements, the most enriched element differs among
size fractions: Sb, Zn and Co are the most enriched
elements in the S5, S6 and S7 size fractions, respectively. Zinc is consistently in the top two enriched
elements in each size fraction.

Plots displaying the percentage mass distribution of
As, Co, Cr, Fe, Sb and Zn as a function of particle size
(S1–7) are shown in Fig. 6. These graphs show the
percentage mass contribution of each selected element
as a function of particle size. As described by Kim
et al. (2011), elemental mass distribution analysis
takes into consideration the relative influences of both
sample mass distribution and elemental concentration
and is useful for determining the size fraction in which
a specific element is most abundant. This analysis also
indicates whether sample mass distribution plays an
influential role in determining the abundance of the
selected PTEs in the mine wastes.
Consistent with the results reported by Kim et al.
(2011), but with the notable exception of one plot (i.e.,
GBS As concentration), these distributions generally
resemble the corresponding sample mass distribution

123
99

Environ Geochem Health
Table 4 Elemental concentrations (As, Co, Cr, Fe, Sb and Zn) in size-fractionated subsamples of the BBS, GBS, RCS and YBS
mine wastes
Size fraction

As (mg kg-1)

Co (mg kg-1)

Cr (mg kg-1)

BBS

GBS

RCS

YBS

BBS

GBS

RCS

YBS

BBS

GBS

RCS

YBS

S1

632a

211a

6690

n/a

39.8a

13.4a

40

n/a

88a

125a

57

n/a

S2

214

138

8600

37

5.6

3.2

91

0.34

34

30

97

3

S3

357

98

13,000

39

27.8

2.5

81

0.05

52

36

65

5

S4

511

182

13,200

195

19.1

4.4

126

0.62

45

49

64

17

S5

750

307

14,800

371

25.8

7.8

137

0.83

62

66

65

29

S6

930

508

14,100

707

31.4

10.2

231

1.84

81

75

64

40

S7

1050

980

15,600

1270

24.5

13.5

189

4.28

108

85

101

69

Bulk

669

414

15,200

265

37.5

7.7

167

0.57

63

61

77

21

MK tau

1.000

0.867

0.905

1.000

0.333

0.867

0.810

1.000

0.429

1.000

0.333

1.000

p value

0.009

0.024

0.007

0.009

0.452

0.024

0.016

0.027

0.230

0.009

0.368

0.027

Size fraction

-1

Fe (%)

-1

Sb (mg kg )

BBS

GBS

RCS

S1

2.64a

23.1a

S2

0.622

S3

Zn (mg kg )

YBS

BBS

GBS

RCS

YBS

BBS

GBS

RCS

YBS

7.2

n/a

2.45a

13.5a

1550

n/a

265a

169a

544

n/a

1.29

15.0

0.11

0.87

0.75

1790

0.35

45

35

1023

9.1

1.64

1.63

22.3

0.06

1.44

0.79

378

0.32

120

38

846

5.2

S4

2.39

2.18

24.9

0.49

1.61

1.17

1090

0.95

148

61

894

20.2

S5

2.24

2.68

22.5

0.81

2.27

1.74

1300

1.58

182

87

1265

27.8

S6

2.45

3.59

27.4

1.60

3.00

1.97

1580

2.66

220

118

1801

62.0

S7

2.38

4.65

25.6

2.40

2.66

3.21

1820

4.80

207

152

2380

93.0

Bulk

2.46

2.88

24.7

0.46

2.40

1.40

1150

1.13

202

88

1403

16.2

MK tau

0.600

1.000

0.810

0.867

0.867

1.000

0.333

0.867

0.867

1.000

0.810

0.867

p value

0.133

0.009

0.016

0.024

0.024

0.009

0.368

0.024

0.024

0.009

0.016

0.024

Statistically significant results for the Mann–Kendall test for trend and levels of significance are shown in bold
n/a indicates that the listed size fraction was not observed
a

Anomalous values omitted from trend analysis

plots (Fig. 2). The RCS and YBS provide good
examples of this relationship. Both the percentage
mass distributions (Fig. 2c, d) and elemental mass
distributions (see Fig. 6) of the RCS and YBS mine
wastes are characterised by unimodal trends whereby
the sample mass and elemental loadings are greatest in
the S4 and/or S5 fractions. Elemental loadings in the
S5 size fraction are on average 3.6 and 10.3 times
greater than the S7 size fraction of the RCS and YBS
wastes, respectively.
In contrast to the RCS and YBS elemental distribution plots (which closely resemble their corresponding
sample mass distributions), the elemental and mass
distribution plots of the BBS and GBS show a lower
degree of conformity. Although both the sample and
elemental mass distribution plots for the GBS are

generally bimodal, closer inspection of the S5–S7 size
fractions reveals that the loadings of particular elements
tend to increase despite incremental decreases in sample
mass. The most obvious example of this phenomenon is
the plot for As which shows a 20 % increase in mass
between S5 and S7 despite a 10 % reduction in sample
mass over the same size fraction range. More than 40 %
of the As mass is contained in the S7 size fraction of the
GBS mine waste. Similarly, As is most abundant in the
S7 size fraction of the BBS mine waste.

Discussion
The measurement of toxicologically relevant properties of mine wastes is essential for the identification of
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Fig. 5 Bar charts
illustrating concentrations
of As in particle size
fractions S1–S7 of the
historical mining wastes.
Bulk average As
concentrations are
represented by the broken
line

Table 5 Enrichment of selected elements as a percentage above or below their corresponding bulk average concentrations in the S5,
S6 and S7 size fractions
Size fraction

S5

Mine waste type

Cr (%)

Fe (%)

Sb (%)

Zn (%)

Average
per sample
-7.5

BBS

12.8

-31.1

-1.7

-9.1

-5.9

-9.8

-25.9

1.5

7.2

-7.0

26.2

-1.4

0.1

RCS

-2.6

-18.0

-15.5

-9.0

13.4

-9.8

-6.9

YBS

40.1

44.6

35.1

75.3

40.3

72.0

51.2

6.1

-0.8

6.3

12.6

18.5

12.8

39.1
22.7

-16.4
33.2

28.1
22.1

-0.4
24.7

25.2
42.8

8.9
33.0

BBS
GBS

14.1
29.7

RCS

-6.9

39.0

-17.5

11.2

38.0

28.4

15.3

YBS

167.1

220.9

86.1

245.4

135.7

284.5

190.0

55.5

69.2

29.7

70.2

60.4

88.7

BBS

56.9

-34.6

72.0

-3.5

10.6

2.6

GBS

137.7

76.4

38.8

61.6

132.4

71.8

86.5

RCS

3.2

13.5

29.8

3.6

58.2

69.6

29.6
411.3

Average per element
S7

Co (%)

GBS

Average per element
S6

As (%)

YBS

381.1

646.0

224.6

418.2

324.2

473.8

Average per element

144.7

175.3

91.3

120.0

131.3

154.5

potential sources to which populations or individuals
may have been exposed and the exposure route by
which these exposures occurred (Caussy 2003; Plumlee and Morman 2011). Particle size is a key characteristic that influences both the exposure pathway and

17.3

exposure intensity to mine wastes (e.g. Kim et al.
2011). Fine particles that can penetrate into the
deepest portion of the lung are often characterised by
highly elevated levels of PTEs (Gonzales et al. 2014).
While particle size alone is not sufficient to assess
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Fig. 6 Mass distributions
of selected elemental
concentrations as a function
of particle size fraction in
the BBS, GBS, RCS and
YBS mine waste samples

toxicity, geochemical characterisation of size fractions
relevant to mobility and human health are important
factors for determining the ability of a contaminant to
reach a particular location in the body.

particular concern were the relatively high quantities
of particles in the dust (max, 45.6 %) and finest size
fractions (max, 19.7 %) of the GBS and BBS mine
wastes. Particles in these size fractions may be
resuspended as airborne particles and therefore
become available for inhalation and/or ingestion.
Moreover, particles in the B53 lm size fraction,
particularly those that have low volatility and low
aqueous solubility, play an important role in the longdistance transport of contaminants through the

Size-based characterisation and geochemistry
Size-based mass distribution analysis of the mine
wastes identified the proportions of mine waste in
various size fractions relevant to human health. Of
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statistically significant relationship between As and
Fe (p = 0.023) observed in the RCS further supports
the fact that iron oxides in this mine waste type may
provide important sorption sites for soluble As.
Alternatively, the As–Fe association may indicate the
presence of iron arsenates, such as scorodite, a
relatively insoluble As-bearing phase commonly
observed in mine wastes and tailings (Jamieson et al.
2011; Langmuir et al. 2006).
Concentration analysis of size fractions relevant to
mobility and human exposure revealed that As and
other PTEs frequently occur at levels that exceed, and
in some cases greatly exceed, their corresponding bulk
concentrations. Consistent with the results from this
study, PTE enrichments in size fractions relevant to
mobility and human exposure have been reported
elsewhere (Kim et al. 2011; Mackay et al. 2013;
Palumbo-Roe et al. 2013; Schaider et al. 2007). Kim
et al. (2011) reported enrichments of As, Cr, Fe and Zn
in the ingestible (B250 lm) size fraction of mine
wastes from the Rand historic mining district, California, USA. The degree of these enrichments were,
however, 3–14 times greater than the values reported
in this study. In another study, the median Pb
concentration in the ingestible size fraction of mine
wastes collected from the Central Wales orefield, UK,
was almost two times greater than the \2 mm size
fraction (Palumbo-Roe et al. 2013). Similarly, Schaider et al. (2007) recorded substantial enrichments of
Zn, Cd and Pb in particles that have a high potential for
wind-borne transport and inhalation (B10 lm) in
mine waste samples collected from the Tar Creek
Superfund Site, Oklahoma, USA. The frequently
observed size-dependent differences in PTE concentrations demonstrate that a reliance on bulk mine waste
samples for risk characterisation could lead to substantial underestimates of exposure.
As discussed by Kim et al. (2011), an inverse trend
between concentration and particle size suggests that
the selected trace elements exist in one or more
highly insoluble phases that persist during the
chemical weathering and breakdown of host material
relative to the other matrix phases present. Under
these conditions, it could be reasonably expected that
the physical weathering process will continue to
concentrate the element-bearing phase into progressively finer size fractions, especially those phases
with low mineralogical hardness (Kim et al. 2011).
Alternatively, the inverse relationship between trace

atmosphere (Csavina et al. 2012). With respect to the
potential for ingestion exposure, all mine waste types
were comprised of notable proportions of particulates
in the B250 lm size fraction (range 36.1–75.6 %),
suggesting a high likelihood of exposure via ingestion
to historical mine wastes in the study locality. Particles
in this size fraction are most likely to adhere to the skin
or food and consequently be inadvertently ingested via
food- or hand-to-mouth-behaviour (Plumlee and
Ziegler 2003).
Size distribution analysis also revealed a high
degree of variability among the mine waste types. The
RCS and YBS wastes were characterised by normal
distributions, while the BBS and GBS showed potential bi-modal trends. The bi-modal or non-normal
distributions of the BBS and GBS wastes could be an
artefact of the deposition patterns of the processed
tailings. During deposition, tailings deposits are often
stratified into thin interbedded seams of hydraulically
placed silts and sandy silts (James 2004). Samples
collected across the different vertical layers will
therefore be comprised of a mix of coarse and fine
particles. Visual identification of such bedding in the
field could be used as a preliminary diagnostic tool for
identifying those mine waste types with a high
potential to contain fine, highly mobile material.
The associations between As–Sb–Zn in the BBS,
GBS and YBS wastes are suggestive of sulphide
mineralisation typical to the study region (Radojkovic
and Bibby 2003). Such heavy mineralisation has
resulted in concentrations of As that exceed the current
Australian health investigation level (HIL) for recreational open space, currently set at 200 mg kg-1
(Imray and Langley 1996). Median As values for the
BBS, GBS and YBS waste types were 632, 211 and
283 mg kg-1, respectively. Moreover, the median As
concentration of the RCS (13,170 mg kg-1) exceeds
the current HIL for commercial/industrial use
(500 mg kg-1) by a factor greater than 25.
The considerably greater As concentration in the
RCS may be a result of the calcination process.
Amorphous roaster iron oxides (e.g. haematite) can act
as hosts for sorbed soluble As (Walker et al. 2005), and
contain much greater proportions of As than that
associated with crystalline iron oxide minerals (Bowell
1994). This is consistent with the geochemical occurrence of As in natural settings where oxide minerals,
particularly iron oxides, have a strong binding affinity
for As (Smedley and Kinniburgh 2002). The
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Implications for human exposure and site
management

element concentration and particle size may be
attributed to the preferential sorption or co-precipitation of soluble species onto the relatively higher
available surface area of smaller particles (Kim et al.
2011; Ranville and Schmiermund 1999). Yean et al.
(2005) observed an increase in maximum adsorption
capacities for As with decreasing magnetite particle
size. Canales et al. (2013) also reported that the
adsorption capacity of dissolved As to laterite
particles dramatically increases for particles finer
than 75 lm.
The occurrence of PTEs in smaller grain size
fractions could also be due to the presence of
crystallised soluble contaminant salts. Fine-grained
efflorescent salts are commonly observed at the
surface of sulphide mine tailings (Bea et al. 2010;
Meza-Figueroa et al. 2009; Root et al. 2015), and it is
reported that these salts may be a significant source of
heavy metals such as As, Cu, Mn, and Pb (Keith et al.
2001; Meza-Figueroa et al. 2009). Evaporation of
water from tailings deposits results in an accumulation
of salts at the tailings surface which have been
described as a thin crust of very fine-grained material
(Meza-Figueroa et al. 2009). Due to their fine-grained
texture, these small particles are particularly susceptible to erosive action, such as wind, and are readily
bioavailable (Csavina et al. 2012; Root et al. 2015).
Elemental enrichment of the coarsest size fractions
in the BBS and GBS wastes is inconsistent with the
general trend between particle size and concentration,
but similar findings have been described by others
(Brook and Moore 1988; Martinez-Martinez et al.
2010; Singh et al. 1999). Such enrichments may be due
to several factors. Studies show that oxidation and
decomposition rates of larger particles in pyritic mine
waste can be very low, even after hundreds of years
(Davis and Ritchie 1987). Also, the long residence
time of larger particles (possibly due to higher particle
durability) may lead to higher accumulations of oxide
coatings and sorbed PTE species (Brook and Moore
1988; Singh et al. 1999). The largest particles in mine
tailings may remain enriched due to a lower recovery
of the metals from these grains during the ore
beneficiation process (Martinez-Martinez et al.
2010). A mineralogical assessment of the mine wastes
would be required to characterise the PTE-bearing
particles in terms of their mineralogy and weathering
product assemblages and to identify the source of
enrichment.

Identification of the size fractions in which the PTEs are
most concentrated and abundant is useful in the
management of abandoned and unremediated historical
mine waste sites. It assists in predicting the potential for
mobility and human exposure pathways as well as
identifying populations that may be at greater risk. The
BBS and GBS mine wastes are comprised of substantial
proportions of the finest investigated size fraction
(particles B 53 lm), which are also a source of elevated
concentrations of PTEs, particularly As. Communities
that reside in the prevailing wind direction from the
waste sites may be particularly at risk of exposure to
elevated levels of PTEs through inhalation and/or
ingestion of contaminated wind-borne particulates. It
should also be noted that while the B53 lm particles
constitute a small percentage of the overall mass in the
YBS (1 %) and RCS (8.5 %) mine wastes, they are
comprised of a disproportionately high concentrations
of PTEs compared with their bulk concentrations.
The above-mentioned findings highlight the degree
of variability in particle size distribution and elemental
concentration among the four mine waste types. The
BBS and GBS mine waste deposits may pose the
greatest dust hazards for nearby communities, because
of their comparatively greater proportions of dust
sized particles. On the other hand, although the RCS
contains lower proportions of dust particles, this waste
is characterised by extremely elevated levels of As and
PTEs. It is also important to note that the RCS and
GBS, while from the same locality, are notably
different in terms of their physical appearance and
geochemistry. This variability is most probably an
artefact of the different ore processes used and types of
ore processed at individual ore processing facilities.
These observations show that each of the waste
deposits has unique characteristics and therefore
require individual strategies for management.
The analysis presented in this study may also be
used for guiding strategies for future site management
and remediation in settings with similar characteristics. The health and safety of both the public and site
workers may be impacted during detailed site investigations and subsequent remediation works due to the
potential remobilisation of contaminated dust. As
demonstrated by Querol et al. (2000), remediation
activities associated with pyrite-rich mine wastes can
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increase the levels of atmospheric PTEs by a factor of
three. Without appropriate dust suppression techniques, the use of earthwork equipment, especially
during the summer (dry) season, may give rise to
elevated levels of suspended particulates. Similar
disturbances may occur during the re-development of
land adjacent to mine waste sites. It is suggested that
any development or remediation work associated with
historical mine waste sites should be preceded by a
size-resolved assessment of their potential to generate
contaminated dust emissions so that appropriate dust
suppression programs may be designed.
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Conclusion
This study has demonstrated an important link
between PTE concentrations and particle size of
historical mine wastes in Victoria, Australia. Furthermore, the systematic approach for characterising mine
wastes (Kim et al. 2011) applied in this work proved to
be an effective tool for identifying the potential
modalities of exposure to PTEs in historical mine
wastes. Depending on the mine waste type, PTEs may
be greatly enriched (up to 411 % compared to bulk
samples) in highly mobile particles that have a direct
impact on human health. Human health risk assessments that are based on bulk concentrations may
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Abstract Mine wastes and tailings are considered
hazardous to human health because of their potential
to generate large quantities of highly toxic emissions
of particulate matter (PM). Human exposure to As and
other trace metals in PM may occur via inhalation of
airborne particulates or through ingestion of contaminated dust. This study describes a laboratory-based
method for extracting PM2.5–10 (coarse) and PM2.5
(fine) particles from As-rich mine waste samples
collected from an historical gold mining region in
regional, Victoria, Australia. We also report on the
trace metal and metalloid content of the coarse and
fine fraction, with an emphasis on As as an element of

potential concern. Laser diffraction analysis showed
that the proportions of coarse and fine particles in the
bulk samples ranged between 3.4–26.6 and 0.6–7.6 %,
respectively. Arsenic concentrations were greater in
the fine fraction (1680–26,100 mg kg-1) compared
with the coarse fraction (1210–22,000 mg kg-1), and
Co, Fe, Mn, Ni, Sb and Zn were found to be present in
the fine fraction at levels around twice those occurring
in the coarse. These results are of particular concern
given that fine particles can accumulate in the human
respiratory system. Our study demonstrates that mine
wastes may be an important source of metal-enriched
PM for mining communities.
Keywords Mine waste  Particulate matter 
Arsenic  Antimony  Laboratory-based particulate
collection  Health
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Introduction
Particulate matter (PM) generated by anthropogenic
activities is an important source of environmental
heavy metal contamination (Pacyna and Pacyna
2001). Compared with natural and other anthropogenic emission sources, mining operations and
mine tailings pose a potential risk to human health
as they release the greatest emissions with the highest
heavy metal concentrations (Csavina et al. 2012). Dust
erosion and airborne transport of PM from mining-
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straightforward (Alleman et al. 2010). Therefore, a
variety of laboratory-based methodologies to generate
and collect dust directly from emission source samples
have been investigated and applied to emission
characterisation studies (Boisa et al. 2014; Carvacho
et al. 2004; Gonzales et al. 2014; Ljung et al. 2008;
Smith et al. 2009). Several of these dust collection
methods have been described in a review by Gill et al.
(2006).
The objectives of this study were to: (1) isolate
inhalable particulates (PM2.5–10 and PM2.5) in historical mine wastes using a laboratory-based approach to
determining their overall contribution to waste
deposits; and (2) characterise their chemical composition, with an emphasis on As as a contaminant of
potential concern. Abandoned mine sites in regional
Victoria, Australia, were selected for investigation due
to their widespread distribution, close proximity to
residential areas and concentrations of As that greatly
exceed Australian health guideline values for public
open space (Martin et al. 2015). Although earlier
research undertaken in this region has focused on
residential soil, house dust and water as sources of As
exposure (Hinwood et al. 2004; Pearce et al. 2010;
Martin et al. 2013), to the best of our knowledge the
role of inhalable particulates as an exposure pathway
to As has not been explored. This data gap is warranted
particularly since As is classified as a Group 1
carcinogen (IARC 2012). Recent work undertaken in
this study area found that mine wastes may contain
relatively high proportions (up to 45 %) of particles in
the dust size fraction (PM100) which are characterised
by greater metal and metalloid concentrations than the
bulk mine waste material (Martin et al. 2015). The
quantification and characterisation of inhalable particulates in these mine wastes represents a logical next
step in the exposure evaluation process and will
provide important data for the long-term management
of abandoned mine sites.

related sources are effective dispersing agents for
hazardous substances throughout the atmosphere, and
atmospheric fallout can result in contamination of the
terrestrial, hydrological and built environments (Pacyna and Pacyna 2001).
A substantial portion of airborne PM exists in the
inhalable size fraction (Ginoux et al. 2012). For
health-based air monitoring purposes (WHO 2000),
inhalable PM (particles smaller than 10 lm in
aerodynamic diameter, PM10) is typically divided into
two main subgroups: coarse particles larger than 2.5
lm but smaller than 10 lm in aerodynamic diameter
(PM2.5–10) and fine particles smaller than 2.5 lm in
aerodynamic diameter (PM2.5). Inhalation of coarse
particles may lead to lung inflammation and injury
(Becker et al. 2005; Jarup et al. 1989), while fine
particles are considered more hazardous as they can
penetrate into the gas exchange region of the lung and
enter the bloodstream (Miller et al. 1979).
Although mining operations, such as crushing and
grinding, generate coarse particles, some authors
report the presence of fine particles (PM2.5) in mine
waste products and residues (Zota et al. 2009). This is
of particular concern, not only because of deeper
penetration into the human lung, but because smaller
particles in mine wastes and mining-affected soils are
often characterised by greater metal and metalloid
content (Kim et al. 2011; Martin et al. 2015) and
bioaccessibility (Smith et al. 2009). These observations highlight the importance of emission source
characterisation of both the coarse and fine fraction of
airborne emissions from mine wastes when assessing
the risk to human health.
Emission source characterisation, recognised as a
key research priority by various scientific and environmental regulatory agencies (Emmerson et al. 2014;
NRC 2004), requires accurate measurements of mass
emission rates, composition and size distributions
from a representative sample of an individual source
type (NRC 2004). There are, however, two key factors
limiting the direct characterisation of emissions from
mine wastes: (1) collection of sufficient quantities of
PM can be problematic because of the tendency for
large proportions of the dust fraction to become
airborne and lost during the separation process (Ljung
et al. 2008); and (2) particles collected using standard
field sampling methods are often a mixture from
different sources so distinguishing between natural
and anthropogenic elements in PM is not always

Methods
Sampling
The mine waste sampling programme, sampling
locations and sample preparation techniques have
been described in detail elsewhere (Martin et al. 2015).
Mine waste samples were collected from abandoned
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samples were separated into progressively finer size
fractions. The finest size fraction obtained (B53 lm)
was selected for further separation into inhalable
particles, specifically the coarse (PM2.5–10) and fine
(PM2.5) size fractions. Table 1 shows the origin, a
physical description and sample identification code of
the mine waste samples. Sample ID codes correspond
to brown battery sand (BBS), grey battery sand (GBS),
red calcine sand (RCS) and yellow battery sand
(YBS).

regional Victorian gold mining sites in Bendigo,
Ballarat and Mount Egerton (Fig. 1). A composite
sampling programme (EPA South Australia 2005) was
undertaken at discrete areas at each sampling location.
The discrete areas were selected based on their close
proximity to residential areas, and high potential for
wind erosion and anthropogenic disturbance. Each
discrete area was divided into five evenly spaced
subsampling locations along a 20- to 30-m linear
transect. Prior to sampling, the top 5 cm of surface
material was removed to minimise the inadvertent
sampling of non-mine waste material (Kim et al. 2011)
and to enable meaningful comparisons between the
different mine waste types.
Approximately 1 kg of mine waste was collected
from each subsampling location along the linear
transect. Samples were composited and thoroughly
homogenised in the soil laboratory at Federation
University Australia. Each composited sample was
oven dried at 20 °C until a constant weight was
achieved. Using a dry-sieving method, the dried

Grain size distribution analysis
This study investigated two different size fractions
within the PM10 size fraction of the mine waste
samples: (1) particles B10 lm but [2.5 lm in size
(PM2.5–10 or the coarse fraction); and (2) particles
B2.5 lm in size (PM2.5 or the fine fraction). The terms
‘‘coarse’’ and ‘‘fine’’ will be used herein when
referring to the two size fractions. To determine the
relative proportions of coarse and fine particles in the

Fig. 1 Location of mine waste sample sites (Bendigo, Ballarat and Mt Egerton) within the state of Victoria, Australia
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Table 1 Origin, brief description and sample identification code of mine waste samples
Locality

Physical description (based on visual observations)

Sample ID code

Ballarat

Poorly sorted mix of coarse and fine brown-coloured battery sand

BBS

Bendigo

Fine-grained, grey-coloured battery sand

GBS

Bendigo
Mt Egerton

Coarse-grained, red-coloured calcine sand
Coarse-grained, yellow-coloured battery sand

RCS
YBS

Representative subsamples from the B53 lm size
fraction were mechanically shaken for 5 min to
achieve homogeneity. Homogenised subsamples
(1–2 mg) of each mine waste sample were then
suspended in a covered dispersing chamber using
compressed air which entered the lower portion of the
dispersing chamber through a small cavity. Suspended
particles were collected using a GENT stacked filter
unit (SFU; Ghent University, Belgium) equipped with
a 47-mm-diameter coarse (8.0 lm pore size) and fine
(0.4 lm pore size) polycarbonate Nuclepore filter.
Housed within a polyethylene cylinder, the filters were
simultaneously exposed to the suspended particles
which were collected under a flow rate of 16 L/min for
approximately 10 s. Coarse and fine particles were
captured on SPI grease-coated membranes (SPI Supplies, E4708G-MB) and Nuclepore track-etched polycarbonate membrane filters (Whatman, 111107),
respectively. To determine particle loadings, the
membrane filters were weighed before and after
collection on a NATA calibrated Mettler Toledo
MX5 (Mettler-Toledo, Columbus, OH) analytical
microbalance, under laboratory conditions (20 °C
and 50 % relative humidity).

bulk mine waste samples the grain size distribution of
the B1 mm fraction of each sample was measured by
laser diffraction analysis (LDA) (Mastersizer 2000,
Malvern) at Federation University Australia soil
laboratories. The purpose of LDA was to provide
additional insights into the proportions of particles too
small to be quantified using standard dry-sieving
methods.
Mine waste sample preparation and instrument
operation were in accordance with the Environmental
Radioactivity Measurement Centre method (ERMC
2011). To remove organic matter, aliquots of approximately 1 cm3 of mine waste were transferred into
20-mL glass vials and treated with a 1:10 ratio of 10 %
H2O2 and distilled water, over a low heat. Dropwise
quantities of 10 % H2O2 were added until the reaction
with organic matter had ceased. To disperse the clayand silt-sized particles, the cooled mine waste samples
were mixed with a solution of 1 mL 0.5 M Nahexametaphosphate (NaPO3)6 and 15 mL of distilled
water and sonicated for 15 min. The grain size
distribution of each sample was measured in triplicate
to assess repeatability. Samples with high clay content
were sonicated for one-minute intervals until a consistent distribution curve was achieved. Homogeneity
of variance among replicates was checked, and no
significant differences were observed among the mine
waste types (P values range, 0.471–0.999). Grain size
distribution plots were generated using Mastersizer
2000 software.

Chemical characterisation of coarse and fine
particles
A total of six trace elements (Co, Ni, Cu, Zn, As and
Sb) and seven major elements (Al, Si, S, K, Ca, Mn
and Fe) were selected for investigation. Trace elements were chosen based on their associations with
regional gold mineralisation, their high potential for
environmental mobility (Radojkovic and Bibby 2003)
and their negative impacts on the biosphere (Fuge
2005). Elemental compositions of the coarse and fine
particles captured on filters were determined using
accelerator-based ion beam analysis (IBA) and reactor-based neutron activation analysis (NAA) methods

Collection of inhalable particulates from mine
waste samples
The aim of the collection method implemented in this
study was not to extract all particles within the PM10
fraction of the mine waste samples, but to extract a
representative subsample of sufficient quantity for
elemental quantification.
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X-ray diffraction analysis

at the Australian Nuclear Science and Technology
Organisation (ANSTO). IBA was used for multielemental analysis of all filters (n = 36) prior to NAA,
which was then used to re-analyse a filter subset
(n = 20).
Both methods require minimal sample preparation
and are sufficiently sensitive for the accurate measurement of low levels of constituents (Laul 1979;
Cohen 1998). The complementary nature of these two
techniques also enables quantification of a wide range
of elements. In the case where the two techniques
provided concentrations for overlapping elements of
interest in this study, the IBA results were reported.
This method is commonly used for the reporting of
atmospheric pollutants. NAA provided data for several additional elements, including Co and Sb, which
have been reported in this study.
Ion beam analysis: IBA methods typically include
four simultaneous techniques: particle-induced X-ray
emission (PIXE), particle-induced gamma-ray emission (PIGE), particle elastic scattering analysis
(PESA) and Rutherford back scattering (RBS) (Cohen
1998). Only PIXE was required for this study which
was applied using a 2.6 MeV proton beam 10 mm in
diameter. All elemental concentrations were reported
in lg cm-2. One blank unexposed filter for every ten
exposed filters was analysed using the same methods
applied to the exposed filters to determine what, if any,
trace elements may be present and to confirm the
integrity of the sampling technique.
Neutron activation analysis: Filters were irradiated
in the OPAL research reactor and analysed by NAA
using the k0 method of standardisation. Filters were
placed into polyethylene capsules, wrapped in aluminium foil and irradiated for 20 h with a neutron flux
of 7 9 1012 cm-2 s-1 in the LE2-1 position. Following suitable decay periods, samples were counted for
0.5 h (for intermediate-lived nuclides) and 8 h (for
long-lived nuclides) on an ORTEC GEM high-purity
germanium gamma-ray detector (P-type, 25 % relative efficiency) coupled to an ORTEC DSPEC-50
digital spectrometer. The samples were co-irradiated
with certified reference material IRMM-530RC, Al0.1 %Au wire alloy, used as the comparator in the k0
method of standardisation. Gamma-ray spectra were
analysed using HyperLab software, and elemental
concentrations were determined using Kayzero for
Windows software. Concentrations were reported in
mg kg-1.

Mineralogical profiles of the mine waste samples were
determined using X-ray diffraction (XRD) analysis on
the B53 lm size fraction. Samples were ground in a
ring mill for 3 min before loading into XRD cavity
mounts. XRD traces were obtained from the powdered
samples using a Siemens (D500, Siemens, Karlsruhe,
Germany) diffractometer. Fe-filtered CoKa1 radiation
was used under operating conditions of 35 kV/30 mA,
step size 0.02°2h, scan rate 1°2h/min. Semi-quantitative mineralogy was determined using the SiroQuantTM version 3 software. Further clay
characterisation was carried out on air-dried and
glycolated sedimented sample mounts.
Statistical analysis
Prior to data analysis, IBA-derived concentrations
were converted into mg kg-1. This enabled legitimate
comparisons with concentrations in the bulk mine
waste samples, also reported in mg kg-1. Coarse and
fine elemental concentrations were compared using
the nonparametric Wilcoxon signed-rank sum test for
paired samples. Elemental correlations were estimated
using the nonparametric Spearman’s rank correlation
coefficient. Elemental concentrations underwent principal component analysis (PCA) to reduce the number
of variables to a smaller set of factors making it easier
to interpret observed bivariate correlations. All statistical tests were performed using SPSS software
(version 21) and reported at the 0.05 significance level.

Results and discussion
Proportions of inhalable particulates in mine waste
samples
Grain size distribution analysis demonstrates that the
mine wastes are a mix of clay and sand particles
(Table 2). Average particle sizes (d50 values range,
34.9–348 lm) suggest a high degree of variability in
grain size distribution among the four mine waste
samples. Such variability is reflected in our previous
particle size analysis investigations which were based
on a dry-sieving method (Martin et al. 2015). The d10
values (below which 10 % of the volume lies) for the
BBS, GBS and RCS wastes are comparable
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exceed those of the fine, the relative proportions of the
two size fractions in the RCS were approximately
equal. The greater proportion of fine particles in the
RCS is most likely a result of the historical ore roasting
process which was undertaken to facilitate the release
of refractory gold from pyritic ore (McQueen 2012).
High-temperature purification of metal ores, such as
roasting and smelting, produces accumulation-mode
particles (0.1–1 lm) through condensation and subsequent diffusion and coagulation of high-temperature
vapours (Csavina et al. 2012). The area under the
curve in the grain size distribution plot (Fig. 3)
provides evidence of the accumulation-mode size
fraction (*4.5 %) in the RCS. Although thermal
oxidation of sulphides can result in ultra-fine particles
(\0.1 lm) (Eneroth and Koch 2003), particles of this
size were not detected.
Accumulation-mode particles were not observed in
the grain size distribution plots (not shown) of the
other mine waste types, most likely because they had
not been subjected to high-temperature processes. The
presence of the fine fraction in these wastes is likely
the result of crushing and grinding, or subsequent
physical and chemical weathering processes. These
findings highlight the importance of ore processing
history in predicting the size range of particles in mine
waste deposits. Specifically, mine wastes derived from
high-temperature processes may contain greater proportions of particles in the fine fraction than those that
have undergone historical crushing and grinding
processes only.

Table 2 Summary statistics for the grain size distribution of
the four mine wastes selected for characterisation
Mine waste type

Volume (%)
d10

d50

d90

BBS (lm)

4.35

56.5

518

GBS (lm)

3.83

34.9

187

RCS (lm)
YBS (lm)

4.14
85.0

168

486

348

771

(3.83–4.35 lm) and indicate the presence of inhalable
particles in these wastes.
Figure 2 shows the percentage distribution of
coarse and fine particles in the bulk mine waste
samples (a) and the total PM10 fraction (b). The coarse
and fine size fractions contributed between 3.4–20.6
and 0.6–7.6 %, respectively, towards the total particles in the bulk mine waste samples. While the BBS
and GBS were characterised by the highest proportions of the coarse fraction (*20 %), the RCS
contained the greatest proportion of fine particles
(7.6 %). The proportions of coarse and fine particles
observed in this investigation are comparable with
those reported in an air monitoring study aimed at
measuring the contribution of former Pb–Zn wastes to
atmospheric inhalable particulates in north-eastern
Oklahoma, USA: average mine waste contributions
were 20 and 6 % for coarse and fine particulates,
respectively (Zota et al. 2009).
In contrast to the BBS, GBS and YBS samples,
where the proportions of the coarse particles greatly

Fig. 2 Proportion (%) of coarse (PM2.5–10) and fine (PM2.5) particles in the a bulk mine waste samples and b inhalable size fraction
(PM10), as determined by laser diffraction technology
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Fig. 3 Grain size distribution undersize curve of the RCS demonstrating the presence of accumulation-mode particles (0.1–1 lm)

Collection efficiency of inhalable particulates

Elemental concentrations and enrichments

The dust generation and particle fractionation system
used in this work proved to be effective for extracting
sufficient quantities of mine waste particles in the coarse
and fine fractions for analysis by IBA and NAA.
Geometric mean masses of coarse and fine particles
captured on the filters were 20.4 lg cm-2 (range
3–120 lg cm-2) and 7.7 lg cm-2 (range 1–18 lg
cm-2), respectively (Table 3). Overloaded filters
(n = 4) were excluded from further analysis as they did
not hold all the particles. It is suspected that the variability
in particle loadings may be a result of inconsistencies in
manual collection techniques (e.g. changes in the angle of
the compressed air hose) between each sampling round.
One of the disadvantages of this technique is that only
particles light enough to remain suspended will be
captured on filters. Denser particles, such as those that are
heavily mineralised, may therefore be excluded from
further investigation. However, the collected particles are
likely to be more representative of those transported
through the atmosphere.

Geometric mean elemental concentrations in the
coarse and fine size fractions of each mine waste type
are listed in Table 4. The trace metal content of the
coarse and fine size fractions corresponds to the
geochemistry of local gold ores which commonly
contain primary sulphide accessory minerals such as
pyrite, chalcopyrite and sphalerite. The most abundant
metalloid, As, most likely originated from arsenopyrite and arsenical pyrite in the gold-bearing ore (Foster
et al. 1998). The geometric mean As concentrations in
the coarse fractions of the BBS (1400 mg kg-1) and
GBS (1210 mg kg-1) are comparable with those
reported in coarse particles collected directly from
historical metal mine tailings elsewhere (Gonzales
et al. 2014; Moreno et al. 2007). In comparison, the As
content in PM10 collected directly from gold mine
tailings in a mining region in Spain ranged between
1087 and 1581 mg kg-1 (Moreno et al. 2007). Coarse
fraction As concentrations were, however, well above
the range reported for laboratory-derived PM10

Table 3 Geometric mean
(GM), minimum and
maximum masses
(lg cm-2) of particles in
the coarse and fine size
fractions of each mine
waste type

Mine waste type

Size fraction

GM (lg cm-2)

Min (lg cm-2)

BBS

Coarse

28.7

24.4

7.7

4.4

15.9

15.7

7.1

120.2

Fine
GBS

Coarse
Fine

RCS
YBS

Max (lg cm-2)
40.4

5.1

3.1

8.0

Coarse

19.7

6.6

36.4

Fine

11.8

8.1

18.0

Coarse

18.4

3.0

85.3

6.9

1.1

14.0

Fine
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3.0 ± 0.45
21 ± 15

80 ± 117

Fe (%)
Co (mg kg-1)

Ni (mg kg-1)

395 ± 50

1400 ± 480

20a

Zn (mg kg-1)

As (mg kg-1)

Sb (mg kg-1)
12 ± 0.1

1210 ± 440

498 ± 123

264 ± 63

73 ± 75

5.0 ± 0.78
26 ± 9

0.06 ± 0.004

0.1 ± 0.08

3.1 ± 0.41

7.5 ± 0.25

1340 ± 100

22,000 ± 2600

3925 ± 325

1010 ± 164

40 ± 50

3090 ± 700

513 ± 73

372 ± 63

129 ± 44

4.1 ± 0.59
11 ± 5.0

265 ± 112

0.05 ± 0.01

24 ± 2.8
151 ± 8

0.2 ± 0.15

3.3 ± 0.65

0.2 ± 0.2

14.4 ± 0.52

0.24 ± 0.04

2.7 ± 0.37

1.3 ± 0.07

0.9 ± 0.2

8.5 ± 1.0

7.9 ± 0.91

157 ± 30

1680 ± 360

1020 ± 90

219 ± 86

184 ± 102

4.2 ± 0.12
48 ± 5

0.09 ± 0.01

0.09 ± 0.34

2.7 ± 0.34

0.4 ± 0.21

16.4 ± 2.7

108 ± 104

1970 ± 780

653 ± 372

193

a

249 ± 65

6.4 ± 0.78
36 ± 9

0.08 ± 0.01

0.01 ± 0.04

3.4 ± 0.54

0.5 ± 0.19

17.7 ± 2.7

9.1 ± 0.82

GBS

a

Value based on one measurement only

P values in bold indicate significant (P \ 0.05) differences in concentration between the coarse and fine size fractions

153 ± 44

Cu (mg kg )

-1

0.06 ± 0.01

Mn (%)

3.7 ± 0.50

3.9 ± 0.39

0.1 ± 0.04

K (%)

Ca (%)

0.2 ± 0.1

0.1 ± 0.02

S (%)

7.8 ± 0.67
15.7 ± 1.8

7.4 ± 1.7

15.1 ± 2.6

Al (%)

Si (%)

YBS

BBS

RCS

BBS

GBS

Fine fraction

Coarse fraction

1650 ± 68

26,100 ± 1560

4610 ± 150

1010 ± 135

309 ± 59

30 ± 1.4
193 ± 11

0.28 ± 0.02

2.2 ± 0.14

0.9 ± 0.16

0.5 ± 0.09

6.8 ± 0.86

2.9 ± 0.33

RCS

139 ± 120

5350 ± 650

768 ± 31

353 ± 25

75 ± 5

6.4 ± 1
24 ± 12

0.06 ± 0.01

0.11 ± 0.00

3.2 ± 0.33

0.4 ± 0.05

16.0 ± 1.3

8.1 ± 0.55

YBS

Table 4 Geometric mean and standard deviation concentrations for major and trace elements in coarse and fine particles isolated from each mine waste type

0.008

0.001

0.007

0.308

0.028

0.001
0.007

0.001

0.114

0.006

0.109

0.221

0.116

P value
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Table 5 Enrichment of
selected elements in the fine
size fraction as a percentage
(%) increase above the
coarse fraction

Element

BBS

GBS

RCS

YBS

Average
(element)

Mn

50

33

22

40

36

Fe

24

24

14

35

24

Co
Ni

129
66

39
115

28
10

118
0

78
48

Zn

45

12

14

6

19

As

69

63

15

73

55

Sb

685

350

23

223

320

Average (sample)

153

91

18

71

83

(406–769 mg kg-1) in four different historical metal
mine waste dumps from a mining region in Montana,
USA (Mullins and Norman 1994).
The data also show variability in metal and metalloid
concentrations among the mine waste types. Substantially greater concentrations of Cu, Zn, As and Sb were
observed in the RCS samples, which, in addition to
crushing and chemical separation, had also been subject
to high temperatures. Processing history is therefore a
potentially important factor governing the levels of As
and other toxic elements in the inhalable fractions of
mining wastes. Arsenic concentrations (max, 2.5 wt%)
observed in the coarse and fine fractions of the RCS are
similar to the mean As concentration (2.9 wt%) obtained
using microprobe analysis of calcine residue nanoparticles from the Yellowknife Giant Mine in Canada
(Walker et al. 2005).
Particle size was found to be an important variable
governing metal and metalloid content in the inhalable
fraction of the mine wastes. Table 5 shows the concentrations in the PM2.5 fraction as a percentage above the
corresponding coarse fraction. In terms of mine waste
type, the BBS showed the greatest average elemental
enrichments in the fine fraction (153 %), followed by
GBS (91 %), YBS (71 %) and RCS (18 %) (Table 5).
Levels of As, Co, Fe, Mn, Ni, Sb and Zn were
significantly higher (P \ 0.05) in the fine fraction, and
on average, these increases were around 80 %. Antimony showed the most extreme increase (320 %),
followed by Co (78 %) and As (55 %). The finding of a
substantially greater affinity of Sb for the fine fraction
compared with As is of particular interest given the
reported similarities in chemical behaviour and geochemistry between these two Group VA elements
(Asaoka et al. 2012). Consistent with our findings,
Moreno et al. (2007) also reported greater enrichments

of Sb compared with As in the inhalable fraction of
former gold mine wastes and tailings in south-eastern
Spain. In the absence of microanalysis of Sb-bearing
phases, however, it is difficult to determine the reasons
for these findings, particularly since there are significant
gaps in the current knowledge relating to the geochemical cycling of Sb in the environment (Fawcett and
Jamieson 2011). One explanation may be that Sb is
chemically more mobile and has faster rates of oxidation
than As in oxic historical mine waste environments
(Casiot et al. 2007; Hiller et al. 2012); accordingly, there
may be higher rates of sorption or co-precipitation with
finer particles. Given that Sb has emerged as a
contaminant of potential concern in the last decade
(Tighe et al. 2005), further research to identify the
relationship between Sb and particle size is warranted.
Figure 4 shows the comparison of concentrations of
selected metals (As, Sb and Zn) in the coarse and fine
size fractions with those in the bulk mine waste sample
to highlight the degree to which inhalable particles
may be elevated above their respective bulk concentrations. Levels of Zn in the bulk and fine fraction of
the BBS, for example, were 395 and 1020 mg kg-1,
respectively. Furthermore, the increase in As content
between the bulk and fine fraction of the RCS was
around 10,000 mg kg-1. Figure 4 also shows that As
levels in the fine fraction of the YBS (5350 mg kg-1)
were more than double those of the BBS
(1680 mg kg-1) and GBS (1970 mg kg-1). This was
unexpected given that the bulk As concentration of the
YBS (265 mg kg-1) was notably lower than that of
the BBS (669 mg kg-1) and GBS (414 mg kg-1).
Therefore, despite the generally observed increases in
As content with decreasing particle size, the magnitude of these increases cannot be predicted from the As
content in the bulk sample. Accordingly, bulk As
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Fig. 4 Geometric mean concentrations (mg kg-1) of selected metals and metalloids in the bulk, coarse and fine fractions of the: a BBS,
b GBS, c RCS and d YBS mine waste types, Note: all y axes are logarithmic

concentrations are not only unreliable measures of risk
for human health assessments, but they may significantly underestimate the potential dose of As through
the inhalation/ingestion of particles in the inhalable
size fraction.

size fraction) are predominantly composed of quartz
and muscovite (including illite) (84–96 %), with
minor proportions of haematite, clay minerals (including chlorite, kaolinite and smectite clay), gypsum
and scorodite. The dominant phase in the RCS is
haematite (40.7 %), followed by quartz and muscovite. Minor proportions of arsenolite (arsenic trioxide) were detected in the BBS, GBS and RCS samples.
The presence of arsenolite is of particular concern as it
is considered one of the most toxic and bioavailable

Mineralogy and elemental associations
Results from the XRD analyses (Table 6) demonstrate
that the BBS, GBS and YBS mine wastes (B53 lm
Table 6 Mineral
composition (%) of the \53
lm size fraction as
determined by XRD
analysis

n.d. not detected

Mineral phase

BBS

GBS

RCS

YBS

Quartz

46

47

31

69

Muscovite/illite

45

37

14

27

Haematite

0.1

0.4

40.7

0.4

Clay

6

7.9

0.3

1.3

Gypsum

1.2

0.5

7.2

0.5

Scorodite

0.9

1

4.3

1.2

Albite

n.d.

4.7

1

0.6

Pyrite
Arsenolite

0.1
0.1

0.8
0.2

n.d.
0.3

n.d.
n.d.

Siderite

0.2

n.d.

n.d.

n.d.
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Correlation analysis of paired elements in the
coarse (Table 8) and the fine (Table 9) fractions was
used to verify the results from the XRD mineralogical
analysis and to more closely examine the PCA results.
Very strong (0.80–1.0) to strong (0.60–0.79) positive
correlations between Al–Si and Al–K–Si were
observed in both size fractions. It is highly probable
that these relationships reflect the presence of muscovite and kaolinite. Similar to the observations from
the PCA, the negative correlations between these
major elements (Al, K, Si) with the heavy metals
indicate that metal(loids) are generally not associated
with the quartz, muscovite and kaolin. Although
kaolinite is recognised as an effective sorbent of As
(Frost and Griffin 1977), iron oxides may compete
more efficiently for As sorption in the soil environment (Fordham and Norrish 1979).
XRD analysis did not detect any primary sulphide
minerals other than pyrite; however, correlation
analysis identified associations between S and several
other metals and metalloids in the coarse fraction only,
suggesting the presence chalcopyrite (CuFeS2), cobaltite (CoAsS), sphalerite (ZnS), stibnite (Sb2S3), and
pyrite (FeS2), or sulphosalts. If present, these sulphurbearing minerals may occur in quantities below XRD
detection limits. In the fine fraction, a distinct decrease
in significant S-metal–metalloid correlations and a
stronger association between A–Fe were observed.
These findings indicate a possible shift in As distribution from primary sulphides in the coarse fraction to
iron oxides in the fine. The significant As–Fe correlation may indicate the presence of the XRD-identified
scorodite (FeAsO42H2O), a relatively insoluble iron–
arsenate precipitate commonly observed in mine
wastes and tailings (Jamieson et al. 2011; Langmuir
et al. 2006; Roussel et al. 2000). Alternatively, the As–
Fe correlation may reflect As adsorption by the XRDidentified iron oxide, haematite (a-Fe2O3), an effective sorbent of As over a wide pH and As concentration range (Mamindy-Pajany et al. 2011). These
observations are in general agreement with the findings from an X-ray fluorescence emission study of
mine waste particles of different sizes in which the
authors reported stronger As–Fe correlations with
decreasing particle size (Kim et al. 2013). A marked
increase of Fe in the fine size fraction has also been
reported by others (Smith et al. 2009).
Changes in the distribution of As with decreasing
size fraction may be a result of: (1) an increase in the

forms of solid As (Ruby et al. 1999). Given that
arsenolite is an oxidation product of As sulphides, it is
probable that its origin in the RCS is a result of the
historical ore roasting process (Jamieson et al. 2011).
The origin of arsenolite in the BBS and GBS samples
may be the result of oxidised sulphides.
Principal component analysis (PCA) was applied to
the data to verify the XRD results. The first two
principal components (PCs) were selected based on
the eigenvalues greater than one. Table 7 shows the
PC loadings of the first two PCs after rotation for the
maximum variance. The total variance explained by
the first two PCs was 90 %. The first PC (PC1) consists
of heavy metals common to primary and secondary
sulphide minerals in gold mine wastes and tailings: As,
Cu, Zn, Ca, Mn, Fe, S and, to a lesser degree, Sb
(loading range 0.192–0.974 %). PC1 represents the
predominant component in the mine wastes, accounting for 81.9 % of the total variance, and is interpreted
as representing the primary and secondary minerals in
the mine wastes. PC2, mainly dominated by S, Si, Al,
K and Ni, accounts for 8.05 % of the total variance.
Most of the variables in PC2 support the existence of
clay minerals demonstrated by the XRD analyses, and
this is interpreted as being the clay fraction within the
mine wastes (i.e. the Si, Al and K relationship). The
observed negative relationships in PC1 and PC2
suggest that most of the heavy metals (PC1) are not
associated with clays (PC2).

Table 7 Principal components loadings of the first two principal components
Element

PC1

PC2

As

0.974

-0.081

Cu

0.973

-0.047

Zn

0.971

-0.047

Ca

0.971

-0.016

Mn

0.968

-0.053

Fe

0.960

-0.096

K

-0.943

0.100

S

0.885

0.402
0.231

Al

-0.874

Ni

0.847

0.224

Si

-0.834

0.287

0.192

-0.830

Sb
Variance explained (%)

81.9

8.05
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Table 8 Correlation matrix for paired elements in the coarse (PM2.5–10) fraction
Al
Al

S

Ca

K

Mn

Fe

Co

Ni

Cu

Zn

As

Sb

1

Si

0.935

S
Ca

-0.467
-0.527

K

Si

0.658

1
-0.607
-0.547
0.783

1
0.798

1

-0.861

-0.682

1

Mn

-0.379

-0.431

0.505

0.484

-0.548

1

Fe

-0.528

-0.490

0.765

0.866

-0.661

0.558

1

Co

-0.650

-0.741

0.853

0.853

-0.958

0.706

0.741

1

Ni

-0.311

0.459

0.741

0.510

-0.765

0.588

0.497

0.811

1

Cu

-0.400

-0.537

0.925

0.801

-0.714

0.504

0.796

0.832

0.601

1

Zn

-0.345

-0.424

0.774

0.684

-0.704

0.593

0.654

0.734

0.650

0.680

1

As

-0.694

-0.739

0.719

0.806

-0.675

0.347

0.591

0.706

0.518

0.656

0.506

1

Sb

-0.743

-861

0.943

0.797

-0.943

0.487

0.569

0.875

0.825

0.815

0.834

0.879

1

As

Sb

Values represent Spearman’s rank correlation coefficient
Only very strong (italics) and strong (bold) positive statistically significant correlations (P \ 0.05) are highlighted

Table 9 Correlation matrix for paired elements in the fine (PM2.5) fraction
Al
Al

Si

S

Ca

K

Mn

Fe

Co

Ni

Cu

Zn

1

Si

0.972

S
Ca

0.385
-0.857

0.378
-0.833

1
-0.071

0.825

0.839

-0.091

-0.929

Mn

-0.322

-0.273

0.531

0.762

-0.643

1

Fe

-0.434

-0.385

0.364

0.905

-0.524

0.657

1

Co

-0.613

-0.613

0.126

0.543

-0.667

0.847

0.468

1

Ni

-0.403

-0.336

0.102

0.599

-0.473

0.701

0.375

0.700

1

Cu

-0.378

-0.301

0.077

0.619

-0.280

0.343

0.643

0.342

0.130

1

Zn

-0.476

-0.420

0.371

0.905

-0.650

0.769

0.671

0.667

0.466

0.699

1

As

-0.573

-0.510

0.224

0.952

-0.608

0.517

0.888

0.523

0.165

0.566

0.580

1

Sb

-0.536

-0.536

0.357

0.771

-0.679

0.857

0.679

0.901

0.450

0.643

0.893

0.714

K

1
1
1

1

Values represent the Spearman’s rank correlation coefficient
Only very strong (italics) and strong (bold) positive statistically significant correlations (P \ 0.05) are highlighted

proportion of smaller particles due to physical and
chemical weathering; (2) greater surface areas of
smaller particles that facilitate the dissolution and
secondary mineralisation of primary As-bearing
phases or adsorption of dissolved As onto iron
hydroxides; and (3) the formation of primary or
secondary mineralised As species with small grain/
crystallite sizes (Kim et al. 2011, 2013). More specific
information that leads to understanding the

mineralogy of individual mine waste particles may
be gained through microprobe analysis. Knowledge of
the mineralogy of individual particles as well as
associations between elements in the inhalable fractions of mine waste provides important information
when determining the biodurability of individual
particles and the bioaccessibility of potentially toxic
elements (Plumlee and Ziegler 2007). XRD analysis in
combination with PCA and correlation analysis has
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monitoring programme aimed at quantifying As in
coarse and fine particulate emissions from historical
mine waste deposits in the study area is recommended
to corroborate the findings from our laboratory-based
study. Furthermore, given the range of deleterious
respiratory conditions associated with inhaled As, a
systematic epidemiological investigation to identify
geographically vulnerable and health-compromised
populations within the study area may be justified.

provided a solid starting point for more targeted work
aimed at fully elucidating the mineralogical profiles of
toxic elements, particularly As, in the coarse and fine
fractions.
Implications for mobility and human exposure
Determining the chemical composition of dust generated by mining wastes as a function of particle size is a
fundamental requirement for quantifying the potential
adverse effects on human health (Kelly and Fussell
2012). This size-resolved approach has demonstrated
that historical gold mining wastes in regional Victoria
represent a source of inhalable dust that contain
elevated concentrations of As, and other metals. Of
particular note, mine wastes that have a history of
high-temperature processing contain greater quantities
of fine particles and are generally characterised by
disproportionately greater levels of As and other
metals. Although the inhalable fraction in the nonheat-treated wastes (i.e. BBS, GBS and YBS) is
dominated by coarse particles, the presence of the fine
inhalable fraction in these wastes cannot be overlooked. Fine particles disperse more effectively
throughout the environment, travel longer distances
and have longer atmospheric residence times than
those in the coarse fraction (Csavina et al. 2012).
Therefore, communities residing in the downwind
direction of unremediated mine waste deposits may be
more vulnerable to increased exposures, particularly
during periods of dry windy conditions.
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Abstract
Exposure studies have linked arsenic (As) ingestion with disease in mining-affected
populations, however inhalation of mine waste dust as a pathway for pulmonary toxicity and systemic
absorption has received limited attention. A biologically relevant extractant was used to assess the 24
h lung bioaccessibility of As in dust isolated from four distinct types of gold mining wastes common
to regional Victoria, Australia. Mine waste particles less than 20 µm in size (PM 20 ) were incubated in
a simulated lung fluid (SLF) containing a major surface-active component found in mammalian lungs,
dipalmitoylphoshatidylcholine. The supernatants were extracted and their As contents measured after
1, 2, 4, 8 and 24 h. The resultant As solubility profiles show rapid dissolution followed by a more
modest increasing trend, with between 73 and 85% of the total 24 h bioaccessible As released within
the first 8 h. These profiles are consistent with the solubility profile of scorodite; a secondary Asbearing phase detected by X-ray diffraction in the investigated waste materials. Compared with similar
studies, the As concentrations released after 24 h were extremely low (range, 289–3787 µg L-1),
representing between 0.019 and 0.034% of the total As in the PM 20 . Inhalation of dust arising from
historical mining wastes therefore represents a potentially important pathway of exposure to As.
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Introduction
Unremediated metalliferous mining waste deposits represent a potential health hazard for proximal
communities due to an increased risk of exposure to heavy metal-bearing particles (Plumlee and
Morman 2011). In active and former mining regions, windborne dispersal of metal-laden dust from
poorly contained mine wastes, tailings and contaminated soils represents an important pathway
through which humans may come into contact with particulate-bound toxicants such as As, Cd, and
Pb (Csavina et al. 2012).
Although ingestion is often recognised as the primary exposure pathway to metals and metalloids in
mine waste deposits (Ordonez et al. 2011; Qu et al. 2012), a growing body of evidence suggests that
inhalation may play an additional role in determining exposure outcomes. This is primarily linked to
the presence of inhalable particulates (i.e. PM 10 and PM 2.5 ) which have been detected in various types
of mine waste deposits (Gonzales et al. 2014; Martin et al. 2016). The significance of this observation
relates to the commonly observed inverse relationship between particle size and metal concentration
in mine wastes and mining-affected soils (Kim et al. 2011; Kim et al. 2013; Martin et al. 2015). The
increased levels of metals and metalloids in inhalable particulates may therefore expose lung cells to
concentrations in excess of those reported for the bulk mine waste material.
In metalliferous mining areas, arsenic (As) is often identified as an element of potential concern
(Hamilton 2000; Ashley and Lottermoser 2001; Camm et al. 2004) and its persistence in the
environment is well-recognised (e.g. Smith et al. 1998). Chronic environmental exposure to As has
been linked with a range of adverse health outcomes such as cancer of the lung, bladder and skin
(IARC 2012). The human lung is recognised as one of the major target organs for As-induced
toxicities, sustaining both carcinogenic and degenerative diseases as a result of both ingestion and
inhalation exposures (ATSDR 2007). Consequently, higher risks of lung cancer and other deleterious
respiratory effects, such as chronic obstructive pulmonary disease (COPD) and pneumonia, have been
observed in areas with elevated levels of airborne As (Huang et al. 2014a; Knox 2008).
Biomedical and toxicological research has identified a number of different mechanisms by which As
exerts its carcinogenic and other toxic effects on the human lung such as oxidative stress, suppressed
DNA repair, altered methylation patterns, and genotoxicity (Kitchin 2001). While it is clear that
absorbed As is toxic for pulmonary cells following both acute and chronic exposures, important dosedependent differences in the toxicological response between the two exposure scenarios have been
noted in the literature (Martin et al. 2014). It follows that the pulmonary exposure dosage of As is an
important consideration in the immediate and long-term health risk assessment of As-impacted
communities. Furthermore, the chemical speciation of As is an important consideration governing
solubility and dose (Lantz 1995).
The fate and biological toxicity of an inhaled particle deposited in the pulmonary region depends on a
number of chemical and physical characteristics, particularly the solubility of the particle constituents
(Adamson et al. 1999; Lantz et al. 1994). In vitro dissolution studies aim to measure the maximal
amount of a metal that is soluble in a simulated lung fluid, and therefore potentially accessible for
uptake across the respiratory epithelia. The dose delivery to humans from particulate bound As is
strongly governed by the total soluble fraction which is released and available for systemic absorption
following exposure (Caussy 2003). This is commonly referred to as the bioaccessible fraction and can
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be measured in vitro using a simulated biological fluid (Ng et al. 2009). Bioaccessibility may be used
as a surrogate for estimating the bioavailability of a contaminant, which has been defined as the
proportion of a substance that is absorbed into systemic circulation following exposure, and is
generally measured in vivo (Ng et al. 2009). Bioavailability is dependent on a number of factors
including mineralogy, soil properties (e.g. particle size distribution, pH, Fe content, etc.) and the
residence time of the contaminant in the soil (Ruby et al. 1999). As a result of these variables, sitespecific data are critical for the accurate assessment of potential environmental and human health risk
(Juhasz et al. 2013).
Despite the critical importance of bioavailability in determining As toxicity and the biological
response, there is limited information regarding the inhalation pathway as a route of As exposure to
particulate matter from mine wastes, as well as the solubility of particle bound As in the lung. In our
previous work, we have demonstrated that mine wastes in the study area are a potential source of
inhalable particulates, specifically, PM 10 and PM 2.5 (Martin et al. 2016). Therefore, we conducted this
study to establish 24 h lung bioaccessibility profiles of particle-bound As from historical mine waste
deposits to determine the potential risk of exposure via inhalation.
Methods
Sample location, collection, and preparation
Four physically distinct types of historical mine waste were collected from abandoned gold mining
towns in central Victoria, Australia: (i) brown battery sand (BBS), (ii) grey battery sand (GBS), (iii)
red calcine sand (RCS) and, (iv) yellow battery sand (YBS). The mine waste sampling program and
sample preparation methods have been described previously (Martin et al. 2015). Composite samples
were collected from historical mine waste deposits in Bendigo, Ballarat and Mt Egerton (Fig. 1). Mine
wastes were selected based on their different ore processing histories and physical characteristics, as
well as their close proximity to residential and/or public use areas. Sample identification codes (ID),
descriptions, and bulk As concentrations (Martin et al. 2015) are provided in Table 1.
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Fig 1 Location of mine waste sample sites (Bendigo, Ballarat and Mt Egerton) within the State of
Victoria, Australia
Table 1 Mine waste sample descriptions and bulk total As (TAs) concentrations (mg kg-1)
ID

Description (location)

BBS
GBS
RCS
YBS

Poorly sorted mix of coarse and fine brown battery sand (Ballarat)
Fine-grained, grey-coloured battery sand (Bendigo)
Predominantly coarse-grained, red-coloured calcine sand (Bendigo)
Predominantly coarse-grained, yellow-coloured battery sand (Mt Egerton)

TAs
(mg kg-1)
669
414
15,200
265

Using a dry sieving method, the samples were separated into progressively finer size fractions, down
to a size of ≤20 µm, abbreviated hereafter as PM 20 . Particles of this size represent the smallest fraction
to yield sufficient material for the bioaccessibility tests using the dry separation technique. Although
particulate matter ≤10 µm (PM 10 ) is the air quality metric for inhalation exposure assessments in the
UK, EU and USA (Heal et al. 2012), and is commonly used as the exposure indicator in
epidemiological studies (WHO 2005), PM 20 dust has been used as the solid phase in similar pulmonary
bioaccessibility investigations (Kim et al. 2014; Wolf et al. 2011). In the absence of sufficient
quantities of PM10 for the bioassays, this approach unavoidably assumes that As concentrations of the
PM20 fraction are generally representative of the As concentrations of respirable airborne particulates.
Preparation of simulated lung fluid (SLF)
Simulated biological fluids may be used as dissolution media to evaluate the amount of a toxicant
released following exposure. The chemical properties of a simulated lung fluid (SLF) are analogous to
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those of natural lung surfactant and can be obtained using a mixture of salts and lipids (Marques et al.
2011). The chemical composition of the SLF used in this study is presented in Table 2. All chemicals
were purchased from Sigma-Aldrich (Australia) and were of analytical grade.
Table 2 Composition of simulated lung fluid (Caboche et al. 2011, adapted from Davies and Feddah
2003)
Order of addition
1
2
3
4
5
6
7
8

Compound
NaCl
CaCl 2 , 2H 2 O
Na 2 HPO 4
NaHCO 3
Na 3 citrate, 2H 2 O
NH 4 Cl
Glycine
Dipalmitoylphosphatidylcholine (DPPC)

Concentration mg L-1
6400
255
150
2700
160
118
190
0.02%

The SLF included dipalmitoylphosphatidylcholine (DPPC) which is considered the major surfaceactive component found in mammalian lungs (Morton 1990) and has been used as a surrogate for
natural lung surfactant in similar studies (Mbengue et al. 2015; Caboche et al. 2011). The addition of
DPPC in SLF may be particularly advantageous for in vitro studies because it increases the wettability
of hydrophobic particles, improves contact between the leaching solution and soluble compounds, and
prevents particle aggregation (Davies and Feddah 2003). Increased dissolution rates have been
reported with the addition of DPPC compared with SLF alone (Davies and Feddah 2003). Furthermore,
given that the mucous layer in most bronchial airways is covered in a surfactant lining layer similar to
that in the alveolar region (Bernhard et al. 1997; Asgharian et al. 2001), the results from this study
may be relevant for inhaled particles that are deposited in both the tracheobronchial and alveolar
regions of the respiratory tract.
The DPPC was prepared in accordance with the method prescribed by Son and McConville (2009).
To begin with, 400 mg of DPPC was weighed into a 500 mL round-bottom flask and dissolved in 100
mL of a chloroform and methanol mixture (1:1). The solvent was evaporated until visibly dry using a
Buchi Rotavapor Model R-114 (Buchi Labortechnik AG, Flawil, Switzerland) with rotation speed set
at 250 RPM. The water bath in which the flask was semi-immersed was maintained at a temperature
of 50°C. Vacuum was supplied by a Welch Model 2028 self-cleaning vacuum system (Welch, Illinois,
USA) operating at approximately 300 mbar. The dry film was resuspended with 200 mL ultrapure
water obtained using an ultrapure water system set to 18.2 M Ω cm-1, and agitated for 2 h at 55 °C.
The warm suspension was placed into a sonic bath and sonicated at 55 °C for 1 h. The concentrated
DPPC solution (0.2 %) was stored for less than 24 h at 4 °C before use.
The SLF was also prepared using ultrapure water (18.2 M Ω cm-1). To avoid salt precipitation, the
components of the SLF were added in accordance with the sequence listed in Table 2, and the solution
was constantly stirred using a magnetic stirrer over a low heat until the constituents had dissolved. The
concentrated DPPC solution (200 mL) was added last to bring the SLF up to the required quantity (2
L). The SLF solution was stored at 4°C. Prior to use, the pH was adjusted by the dropwise addition of
10% HCl until a pH of 7.4 was achieved.
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Incubation procedure
The solid to liquid (S/L) ratio is an important factor which may affect the bioaccessible fraction
(Caboche et al. 2011). When lower ratios have been used (e.g. 1:5, 1:25, etc.), there is the potential for
saturation of the extraction solution (Sorenson et al. 1971). As noted by Caboche et al. (2011), S/L
ratios less than 1:500 present a risk of saturation of the solution or competition between the soluble
elements that may lead to lower bioaccessibility values. Furthermore, higher S/L ratios are more
representative of environmental exposure scenarios (Caboche et al. 2011). Therefore, the S/L ratio
chosen for this experiment (expressed as g mL-1) was 1:500.
Approximately 0.06 g (weighed to 0.0005 g) of the PM 20 mine waste dust was transferred into a 50
mL polyethylene centrifuge tube and 30 mL of the SLF was added via pipette. The samples were
capped and placed in a sealed environmental shaker set at body temperature (37 °C). The samples were
removed from the incubator after 1 h and centrifuged for 2 min at 18000 G. The supernatant was
decanted for analysis without filtration into clean polypropylene sample containers, acidified using
HNO 3 and stored at 4°C until analysis. Fresh SLF was added to the centrifuge tubes and the procedure
was repeated after 2, 4, 8 and 24 h of incubation.
Since this study aimed to replicate the residence time of particles in the human bronchial tree, a
maximum incubation time of 24 h was selected on the basis that 85–90% of particles are cleared from
this region within 24 h following initial deposition (Asgharian et al. 2001).
Chemical analysis and repeatability assessment
Arsenic concentrations in the unincubated PM 20 mine waste dust (n=4) and supernatants (n=60) were
determined using ICP-AES and ICP-MS, respectively. All chemical analyses were conducted by a
National Association of Testing Authorities, Australia accredited laboratory: Australian Laboratory
Services Limited. To assess repeatability, each bioassay was conducted in triplicate (i.e. three assays
per extraction time for each mine waste type). Repeatability was assessed by calculating the relative
standard deviation (RSD) of the As concentration data for each assay. The RSD was calculated as the
mean value divided by the standard deviation expressed as a percentage.
Bioaccessibility determinations
The bioaccessible As content of the mine waste samples was calculated from the cumulative As
extracted over the 24 h period. The bioaccessible fraction was calculated as a percentage of the soluble
concentration relative to the total content in the mine waste samples using the following formula:
𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵𝐵 (%) =

𝐴𝐴𝐴𝐴 𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐 𝑖𝑖𝑛𝑛 𝑒𝑒𝑒𝑒𝑒𝑒𝑒𝑒𝑒𝑒𝑒𝑒𝑒𝑒
× 100
𝑇𝑇𝑇𝑇𝑇𝑇𝑇𝑇𝑇𝑇 𝐴𝐴𝐴𝐴 𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐𝑐 𝑖𝑖𝑖𝑖 𝑃𝑃𝑃𝑃20 𝑑𝑑𝑑𝑑𝑑𝑑𝑑𝑑
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Results
Mineralogical profiles
Results from the XRD analyses of the bulk fraction (≤2 mm) and sieved fraction (≤53 µm) are shown
in Table 4. The ≤53 mineralogical profiles have been reported previously (Martin et al. 2015) but are
shown here for completeness. The BBS, GBS and YBS mine wastes are predominantly composed of
quartz and muscovite, while the RCS is dominated by quartz and hematite. The As minerals identified
in all samples was scorodite, while arsenolite was present in the BBS, GBS and RCS wastes. The data
shows an increase in the proportions of As-bearing minerals in the ≤53 µm size fraction. This increase
is most notable in the RCS mine waste where the percentage of scorodite in the ≤53 µm size fraction
is greater by more than four times the percentage of scorodite in the bulk sample.
Table 4 Summary of mineralogical composition of mine wastes determined by XRD.
Arsenolite
Clay
Gypsum
Hematite
Muscovite
Pyrite
Quartz
Scorodite

Bulk
nd
0.9
0.6
nd
24
nd
73
0.4

BBS
≤53 µm
0.1
6
1.2
0.1
45
0.1
46
0.9

Bulk
0.1
2.96
0.4
0.1
31
0.5
60
0.5

GBS
≤53 µm
0.2
7.9
0.5
0.4
37
0.8
47
1

Bulk
0.2
0.2
2.5
37.7
12
nd
44
1.1

RCS
≤53 µm
0.3
0.3
7.2
40.7
14
nd
31
4.3

Bulk
nd
0.3
0.3
0.1
8
0.3
90
0.9

YBS
≤53 µm
nd
1.3
0.5
0.4
27
nd
69
1.2

As concentrations in PM 20 dust and simulated lung fluid
Table 4 lists the total As concentrations (mg kg-1) of the PM 20 dust, as well as the cumulative 24 h
bioaccessible concentrations (µg L-1) and bioaccessible fractions (%). Total As concentrations of the
mine wastes ranged between 1220 and 19800 mg kg-1 and on average, exceeded their respective bulk
concentrations (see Table 1) by 265% (range, 30–745%). The As content of the RCS PM 20 was an
order of magnitude greater than the other samples.
Bioaccessible As concentrations in the SLF ranged between 289 and 3787 µg L-1 (geometric mean,
720 µg L-1). The total and bioaccessible As concentration values suggest the existence of a positive
relationship between the two variables, however there were insufficient data points to measure the
degree of correlation. In contrast, the bioaccessible As fractions (%) showed no direct relationship
with their respective total As concentrations. A good example of this is demonstrated by the RCS:
despite having by far the greatest As concentration, this mine waste dust yielded the lowest
bioaccessible fraction (0.019%). It is also worth noting that the bioaccessible fraction (%) varied by a
factor of <2 despite the As concentrations varied by a factor of 10. All bioaccessible As fractions were
less than 0.1% and ranged between 0.019–0.034 (geometric mean, 0.025%).
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Table 5 Summary table showing the total As concentration of the PM 20 mine waste dust (mg kg-1),
bioaccessible As concentration in the SLF (µg L-1), and the bioaccessible As fraction (%)
Mine waste
BBS
GBS
RCS
YBS
aPM

20

PM 20 As
(mg kg-1)a
1230
1220
19800
2240

Bioaccessible As
(µg L-1)
422
289
3787
583

Bioaccessible As
(%)
0.034
0.024
0.019
0.026

arsenic concentrations were converted to µg kg-1 when calculating bioaccessible As (%)

Bioaccessibility data
All reported measurements shown in Table 4 are based on the average of three replicates for each
extraction time period. The Bioaccessibility Research Group of Europe (BARGE) recommends that
the within-laboratory RSD for in vitro measurement of a single sample should be less than 10%
repeatability. As shown in Table 4, the median repeatability for the sampling triplicates ranged from
being fair (8% for GBS, and 11% for RCS) to poor (21% for BBS, and 22% for YBS) using this
measure.
Table 6. Mean ± standard deviation (SD) and the median relative standard deviation (RSD) of replicate
concentrations of As (µg/L) in each mine waste type.
Sample

BBS

GBS

RCS

YBS

Extraction time period
(h)
1
2
4
8
24
1
2
4
8
24
1
2
4
8
24
1
2
4
8
24

Mean ± SD
(µg/L)
97 ± 12
57 ± 12
82 ± 33
93 ± 28
104 ± 14
108 ± 3
47 ± 6
40 ± 2
43 ± 3
52 ± 11
1700 ± 140
623 ± 35
389 ± 42
527 ± 137
629 ± 379
153 ± 26
86 ± 19
113 ± 29
109 ± 9
152 ± 38

Median RSD
(%)

21

8

11

22

Bioaccessibility profiles
As illustrated in Fig. 2, solubility profiles of the four mine waste samples display a similar trend with
a rapid dissolution rate of As during the first 8 h, followed by a less intense response pattern. Of the
total 24 h bioaccessible As concentrations, between 73 and 85% was released in the first 8 h. For
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example, 237 µg/L of the 24 h bioaccessible concentration (289 µg/L) was released by the GBS into
the SLF after an incubation period of 8 h.
The plots in Fig.2 also demonstrate relatively high As release rates within the first hour, followed by
a steep decrease at the 2 h mark, after which time As solubility in the BBS and YBS begins to modestly
increase while solubility in the GBS and RCS shows a modest increase after 4 h. These plots also show
similarities in As release rate patterns between the BBS/YBS and GBS/RCS mine waste pairs.

75%
82%

85%

73%

Fig 2 Arsenic solubility profiles for the brown battery sand (BBS), grey battery sand (GBS), red calcine
sand (RCS) and yellow battery sand (YBS), plotted against time (h). Percentage (%) values indicate
the proportion of the 24 h bioaccessible fraction released after 8 h. Error bars indicate stdev (n=3)
Discussion
In this study, the 24 h bioaccessibility of particle-bound As in the PM 20 fraction of historical mine
waste dust was measured using a SLF as a biologically-relevant extractant. To simulate an
environmentally-relevant inhalation exposure scenario, we used a relatively high S/L ratio, as
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recommended by Caboche et al. (2011). We also added DPPC to the SLF solution to replicate as
closely as possible the conditions in the human lung (Davies and Feddah 2003; Riley et al. 2012).
A limitation of this study was the assumption that bioaccessible As in PM 20 is representative of As
bioaccessibility in respirable airborne particulates. It is possible that the observed PM 20 bioaccessible
As concentrations under-estimate As bioaccessibility of the PM 10 size fraction. Smaller particles in
mine wastes and mining-affected soils are often characterised not only by greater metal and metalloid
content (Kim et al. 2011; Martin et al. 2015) but also As bioaccessibility (Smith et al. 2009). Another
limitation was the timeframe in which the dust particles were incubated. Although up to 90% of
particles are cleared from the lung within 24 h following deposition (Asgharian 2001) the remaining
particles may be retained for weeks (Bailey 1994). Therefore, the As bioaccessibility data reported in
this study is not applicable to any particles retained in the respiratory system for longer than 24 h.
Arsenic solubility in SLF
Our results demonstrate similarities in As release rate patterns among the mine waste samples
investigated, irrespective of their differential ore processing histories and physical characteristics. The
total bioaccessible fractions of As in the mine waste dust samples, however, were moderately variable
(range, 0.019–0.034%).
Taking into account the limited data relating to the lung bioaccessibility of As in mining wastes
(Mullins and Norman 1994), as well as the high variability in the dissolution test methods employed
(Marques et al. 2011; Wiseman 2015), the following inter-study comparisons should be viewed with
a degree of caution. The study by Mullins and Norman (1995) measured the lung bioaccessibility of
As in windblown dust from mine waste dumps in Butte, Montana, USA, and therefore closely aligns
with this work. Arsenic bioaccessibility values (0.1–0.4%) after a 2 h incubation period were an order
of magnitude greater than the values reported here (0.019–0.034%).
In the vast majority of other studies, As bioaccessibility was several orders of magnitude greater than
our observations (Huang et al. 2014b; Wiseman and Zereini 2014; Wolf et al. 2011). Wiseman and
Zereini (2014) reported substantially higher 24 h lung bioaccessibilities of As in the range of 57–89%
in dust samples derived from a busy city road, while Huang et al. (2014b) observed a maximum
bioaccessible fraction of around 30% in a dust sample from an urban area. The 24-h lung
bioaccessibility of As (7–22%) was also substantially greater in wildfire affected soils (Wolf et al.
2011).
Solubility profiles
The bioavailability of particulate bound metals is governed by a variety of physical and chemical
properties including: the type and grain size of the minerals in which the metals occur; the degree of
encapsulation by other, less reactive or soluble minerals; crystal morphology, and; the concentrations
and types of trace elements in the crystal structure (Plumlee and Ziegler 2007). Many studies have
indicated that, probably due to its near neutral pH (pH~7), SLF is not as effective in leaching metals
compared with more acidic biological fluids such as simulated gastric fluids (pH~1.6-6.4) and artificial
lysosomal fluid (pH~4.5) (Colombo et al. 2008; Mukhtar & Limbeck 2013).
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The low bioaccessibilities of As observed in this study are also possibly linked to the presence of
insoluble As-bearing minerals in the mine waste samples. This is consistent with findings from our
previous work which identified scorodite (FeAsO 4 · 2H 2 O) as one of the main As-bearing phases in
the mine waste samples (Martin et al. 2016). Scorodite is a relatively bio-insoluble iron-arsenate
precipitate (Meuinier et al. 2010) and a common secondary As-bearing phase found in mine waste
deposits (Jamieson et al. 2011; Langmuir et al. 2006). In mine tailings, primary As bearing minerals
(e.g. arsenopyrite) are often encapsulated by secondary replacement products of scorodite (Flemming
et al. 2005).
The solubility profiles observed in this study provide further evidence to suggest that scorodite may
represent a potential source of soluble As in the mine waste dust. The initial rapid release of As into
the SLF within the first hour followed by a gradual increase over time is consistent with the aqueous
solubility profile of scorodite at a pH of 7 (Paktunc and Bruggeman 2010). The near neutral pH
conditions of the SLF may have facilitated dissolution of As due to the enhanced mobility of scorodite
at this pH (Paktunc and Bruggeman 2010). These results are consistent with those reported by Meunier
et al. (2011) whereby a scorodite-rich mine waste sample released substantially more As into the near
pH neutral gastric intestinal phase (671 mg kg-1 As) compared with the highly acidic gastric phase
(277 mg kg-1 As). Plumlee et al. (2006) also proposed that As may be effectively leached by the pHneutral simulated lung fluids due to the enhanced mobility of the As oxyanion species (such as those
found in scorodite) at near neutral conditions. Based on this proposition, human lung epithelia may
provide favourable solubility conditions for this secondary As-bearing phase.
The notable rapid dissolution of As during the first hour, followed by less intense reactivity, may be
attributed to the formation of insoluble As-bearing precipitates facilitated by certain SLF constituents.
Wragg and Klinck (2007) attributed the decrease in dissolved lead over time to the formation of
insoluble lead phosphates due to the presence of sodium phosphate in the SLF. It is feasible that in the
presence of Ca (CaCl 2 , 2H 2 O is a constituent in the SLF), As may form a calcium arsenate precipitate.
As demonstrated by Zhu et al. (2005), Ca(As 5 O 4 ) 2 ∙xH 2 O is the most dominant As compound across
the near-neutral pH range of 7.14 ~ 7.50 at a temperature of 25°C. Micro-analysis of the solid fraction
post-incubation in the SLF would be required to investigate this proposition.
Repeatability assessment
With regards to the repeatability of the bioassays, the RSD values are slightly elevated compared with
a similar lung bioaccessibility study which reported precision in the range of 5.7–16.3% (Boisa et al.
2014). Difficulties in obtaining repeatable results in bioaccessibility studies have been described in
earlier work (Denys et al. 2011) and may reflect the complex geochemistry of the mine wastes and
tailings which could lead to small scale heterogeneity in the sample, and/or it may be an artefact of the
high S/L ratio (Wragg et al. 2011). It may also be due to the very low concentrations of As being
measured (Denys et al. 2011). Although the repeatability assessment data cannot be used to test
accuracy, they do provide an indicator of the uncertainty in the results for well-homogenised mine
wastes and tailings (Wragg et al. 2011).
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Recommendations for future health risk assessments of historical mine waste deposits
The lack of a consistent relationship between the total As concentration in the bulk mine waste
samples, the As concentration in the PM 20 size fraction, and the bioaccessible As fraction indicates
that site-specific investigations are crucial when identifying the risks to human health. For example,
although the YBS had the lowest bulk As content (265 mg kg-1), this mine waste had the second highest
PM 20 (2240 mg kg-1) and 24 h bioaccessible (583 µg L-1) As concentrations. It is also worth noting
that although the sample with the highest PM 20 As content (RCS, 19,800 mg kg-1) produced the highest
24 h bioaccessible concentration (3787 µg L-1), this was lowest bioaccessible fraction (0.019%) among
the mine waste samples. It has been reported that the chemical forms of As may be different even
though the source of contamination is similar (Yang et al. 2015) and that these differences may be an
artefact of the complex nature of these mine waste products which have been subject to different
mineral processing techniques, as well as long periods of physical and chemical weathering (Navarro
et al. 2004). Site-specific bioavailability influenced by the chemical forms of As is therefore a
potentially important factor in determining human health risk.
This study suggests that inhalation of particulate matter arising from historical mining wastes
represents a potential pathway for As absorption and toxicity in the human lung. In order to determine
whether windblown dust from mine waste deposits represents an actual source of inhalation for the
community, it is recommended that a targeted air sampling program be undertaken where peri-urban
transition zones adjoin abandoned mines, mine waste deposits and mining-affected areas. Given that
As and other heavy metals are preferentially concentrated in smaller particles (Martin et al. 2016), it
is also recommended that air sampling programs target the PM 2.5 size fraction.
Conclusion
Although numerous environmental exposure studies have linked As ingestion with disease in miningaffected populations, few studies have investigated inhalation of mine waste dust as a pathway for
systemic As absorption and pulmonary toxicity. This study is one of few that focuses on the
bioaccessibility of As in dusts extracted directly from As-rich mine wastes and tailings. The 24 h
accessible fractions of As in the lung fluid for all wastes tested were extremely low (<0.1%) which
may reflect both the aged nature of the waste and the particle size (<20 µm) investigated. Concern
about the effects of As in the lung remain for all mining sites because of their geochemical variability,
complex history and the potential for ongoing exposure for nearby communities. From a human health
management perspective, these findings illustrate the need for site specific investigations in
environments where humans are potentially exposed to mining-impacted dust. The unique
toxicological and carcinogenic effects of As-containing compounds affect humans at even low
environmental exposure levels and the additional risks of an airborne contribution require further
investigation.
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Chapter 7
Synthesis of key findings, management
implications and recommendations

143

7.1 OVERVIEW
This thesis investigates the degree to which particle size governs the risk of human
exposure to arsenic and other potentially toxic elements in abandoned gold mine
wastes located in central Victoria, Australia. This was achieved through a series of
distinct but inter-related studies aimed at characterising arsenic in particle size
fractions relevant to dust mobility and human exposure pathways. This multidisciplinary approach is consistent with the methods employed in the area of medical
geology; an emerging field of research that deals with the relationships between the
geological environment and the human health impacts (Bunnell et al. 2007; Centeno
et al. 2005; Finkelman et al. 2001).
A detailed review of the international literature found that numerous studies had
investigated the ingestion pathway as the route of exposure to arsenic in mining
wastes and contaminated soils (Calabrese et al. 1997; Carrizales et al 2006; Chung
et al. 2014). Conversely, the review also revealed a limited range of global knowledge
regarding the role of mining wastes in the generation of metal-contaminated dust, and
the potential for exposure by proximal communities. In order to address this knowledge
gap, the intention of this research was to focus on the exposure risks associated with
dust-sized particulates in arsenic-rich mining wastes with an emphasis on inhalation
as a potential pathway for exposure.

7.2 SYNTHESIS OF KEY FINDINGS
Summarised below are the key findings as reported in Chapters 2–6 of this thesis. The
intention of this chapter is not to repeat the results, but to present a synthesis of
evidence upon which future decisions regarding the management of arsenic-rich mine
wastes in Central Victoria might be based.
Key findings 1 and 2 reflect the common themes observed in the published literature
and were intended to define the problem, guide the original research and inform the
discussion, while key findings 3–5 were derived from the original research components
of this work. It is important to note here that although key findings 3–5 are restricted
to the four distinct types of historical gold mine waste selected from Central Victoria,
the implications of these findings are relevant to historical mining regions throughout
the world.
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Key finding 1: A systematic approach to contaminated site identification and
characterisation is essential for characterising the hazards and the associated
human health risks posed by individual sites.
This review (Chapter 2) examined the interface between contaminated lands and
human populations and identified the need for a consistent and systematic approach
for site assessment in order to accurately define the hazards and their associated risks
to human health. This finding provided justification for the original research component
of this thesis, and underpins the management implications and recommendations
described in this chapter.
Key finding 2: There exists a fundamental need to improve our knowledge
regarding the toxicity of airborne arsenic emissions from mining operations, and their
impacts on human populations, given the predicted rise in the potential for human
exposure to airborne arsenic.
A review of the international literature (Chapter 3) concluded that the risk of human
exposure to arsenic emissions generated by mining operations is predicted to rise
worldwide due to global increases in coal and copper emissions, and increases in the
generation of mine waste products. Increased urbanisation and the impacts of climate
change are also predicted to increase the likelihood of proximal communities
encountering arsenic-contaminated emissions, wastes and dusts.
The literature review also found that, despite the predictions of increased risk, there
remain gaps in our knowledge regarding the toxicity of arsenic emissions from mining
operations and the long-term impacts on communities. Biomedical studies aimed at
closing this gap reported deleterious effects of arsenic in human lung cells at very low
exposure levels. Despite this, there was a limited amount of published research on
inhalation as a pathway of exposure to arsenic in mining-impacted regions.
One common theme throughout the literature was the importance of particle size in
determining the risks to human health posed by arsenic emissions from mining
operations. However, there were a limited number of published studies that
systematically investigated the role of particle size on arsenic distribution in mine
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waste materials in order to understand the potential human pathways of exposure to
arsenic and other metals (Martinez-Martinez 2010; Kim et al. 2011).
Key finding 3: Particle size is a significant factor governing arsenic concentration
in the historical mine wastes, and the nature of the relationship between these two
variables cannot be predicted based on the arsenic content of the bulk sample.
The systematic approach to the characterisation of mine waste deposits described in
Chapter 4 demonstrates an inverse relationship between arsenic and particle size, as
measured across a total of eight discrete particle size fractions. This finding was
further supported through X-ray diffraction (XRD) analysis which demonstrated an
increase in the abundance of arsenic-bearing minerals between the bulk and ≤53 µm
size fraction.
Although the general trends between arsenic content and particle size observed in the
mine wastes were qualitatively similar, there were quantifiable differences in the
degree to which arsenic was enriched above the respective average bulk levels. For
example, the mine waste with the lowest bulk arsenic concentration showed
substantially greater arsenic enrichments with decreasing particle size than the mine
waste with significantly greater bulk arsenic content.
The range of potential reasons for this finding (e.g. differences the ore deposit, the ore
processing history, and the weathering regime) highlight the importance of site-specific
investigations when characterising the risks to human health and the environment.
Key finding 4: The inhalable size fractions of the historical mine wastes are
characterised by significantly elevated levels of arsenic and other metals.
In Chapter 5, arsenic and other potentially toxic elements in the inhalable fractions
(PM 2.5–10 and PM 2.5 ) of the mine waste materials were significantly elevated above
their corresponding bulk (in situ) concentrations. Concentrations of arsenic and other
metals in PM 2.5 were, on average, 80% enriched above their respective PM 2.5–10
concentrations. These results indicate that inhalable particles are skinks of arsenic
and other potentially toxic elements in mine waste materials. This finding is of
particular concern because smaller particles have a higher potential to be mobilised

146

through wind or other physical disturbances, can travel longer distances, and can
penetrate more deeply into the human lung.
Key finding 5: The pulmonary bioaccessibility of arsenic in the historical mine waste
dust is relatively low, and likely to be controlled by arsenic mineralogy.
A substantial proportion of the total arsenic in the historical mine waste dust may not
be available for absorption in the lung for up to 24 hours following inhalation. The very
low lung bioaccessibility results reflect the degree to which mineralogical constraints
impact upon arsenic dissolution under the near-neutral conditions of a simulated lung
fluid.
Irrespective of total arsenic concentration or mine waste processing history, the four
historical mine wastes tested revealed the dominance of the relatively insoluble
arsenic-bearing mineral, scorodite (FeAsO 4 _2H 2 O); a weathering product of arsenic
sulphide minerals. This finding supports the low bioaccessibility results observed in
this study, and confirms the importance of iron oxides in the immobilisation of arsenic
in above-ground mine waste deposits.
The low bioaccessibility of arsenic in the simulated lung fluid do not appear to be a
reason for immediate concern. However, proximal communities may be at risk of lowlevel respiratory health effects through ongoing exposure to mine waste dust
emissions.

7.3 IMPLICATIONS FOR CONTAMINATED SITE ASSESSMENT
The

implications

for

contaminated

site

assessment,

and

the

associated

recommendations in section 7.4, evolved following an evaluation of the national
contaminated site assessment framework against the results from this research.
When viewed in the context of the data and analysis presented in this thesis, and in
comparison to significant overseas studies (Moreno et al. 2007; Martinez-Martinez et
al. 2010; Kim et al. 2011), a convincing case emerges for the need to re-evaluate the
current methods by which site contamination is initially assessed. Prior to making
specific recommendations regarding such a review, the parts of the Australian
contaminated site assessment framework relevant to the recommendations are briefly
described for context.
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7.3.1 Overview of the Australian contaminated site assessment framework
The management of contaminated sites is regulated at the individual jurisdictional level
in Australia and internationally (Scott & McInerney 2012). Given the commonalities in
site assessment frameworks observed between jurisdictions (Scott & McInerney
2012), the findings in this thesis are relevant beyond the Australian context.
Within the Australian context, the National Environmental Protection (Assessment of
Site Contamination) Measure 1999 (NEPM hereafter) is to establish a nationally
consistent framework for the assessment of site contamination to ensure sound
environmental management practices in order to provide adequate protection of
human health and the environment (NEPC 1999).
To facilitate a nationally consistent approach for the health risk assessment of
potentially contaminated sites, Schedule B1 of the NEPM provides a list of Health
Investigation Levels (HILs) for contaminants in soil with respect to different land-use
scenarios. The HILs are designed to be used in the first stage of an assessment and
establish the concentration of a contaminant above which further health investigation
and evaluation will be required (NEPC 1999). They are not designed to be used as
clean-up or response levels, nor are they desirable soil quality criteria (NEPC 1999).
It should be noted here that contaminant levels slightly in excess of the HILs do not
imply unacceptability or that a significant health risk is likely to be present (NEPC
1999).
Schedule B3 of the NEPM outlines the requirements for soil preparation in Section
4.2.4 and states that unless impracticable or not recommended for a specific method,
the sample portion for chemical analysis should be of a size to pass through a 2.0 mm
aperture sieve. It is reasonably assumed here that the purpose of sieving is to remove
large objects such as plant matter, sticks and rocks, etc., while preserving the bulk (in
situ) sample for chemical analysis.
When a HIL is exceeded for a specific contaminant, a site-specific qualitative or
quantitative health risk assessment may be triggered. The nature of the investigation
typically depends upon the potential risks to human health and the environment, or the
intended future use of the site. For example, total concentration measurements and
bioavailability determinations on the readily ingestible size fraction (≤250 µm) may be
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undertaken to enable a more realistic site-specific abatement or remediation criteria
to be developed (Ng et al. 2010). Or, if the contaminated soil or waste at the site is
poorly contained and generating dust, air quality monitors may be used to quantify any
off-site impacts in order to better understand the risks to human health.
7.3.2 Applying the arsenic HIL to historical gold mine waste deposits
Three of the historical mine waste samples investigated in this thesis were from public
park and recreation spaces (BBS, GBS, YBS) and one sample was from an industrial
area (RCS). Therefore, the HILs relevant to this thesis are Recreational C (300 mg/kg)
and Commercial/Industrial D (3000 mg/kg).
When considering the mine wastes in the public park and recreation spaces, in
accordance with the NEPM approach, the bulk arsenic concentrations of the BBS (669
mg/kg), GBS (414 mg/kg) mine waste deposits may warrant further investigation as
they exceed the Recreational C HIL of 300 mg/kg. Conversely, the YBS bulk arsenic
concentration (265 mg/kg) would not trigger a further assessment because it is less
than the Recreational C HIL.
This systematic investigation found that the readily ingestible size fraction of the BBS
exceeded its bulk size fraction by around 13%, while the ingestible size fraction of the
GBS contained less than 26% of the arsenic in its corresponding bulk size fraction.
Notably, the arsenic content in ingestible size fraction of the YBS was 40% above the
bulk sample, indicating that arsenic is highly concentrated in the finer fraction in this
mine waste type. Similarly, in the dust sized fraction, the BBS, GBS and YBS
exceeded their bulk fractions by 39, 23 and 167%, with respective arsenic values of
1050, 980 and 1270 mg/kg. Finally, the arsenic concentration in the inhalable (PM 2.5 )
size fractions of the BBS, GBS and YBS were 1680, 1970 and 5350 mg/kg,
respectively. In terms of the potential risk to human health through the inhalation
pathway, the YBS also had the highest arsenic 24 h bioaccessibility compared with
the other samples.
Based on these results, it is clear that application of the NEPM arsenic HIL to these
historical mine waste deposits fails to capture the deposit that poses the greatest
potential risk with respect to arsenic levels in dust emissions: namely, the YBS deposit.
If this observation is indicative of wider trends, it is possible that potentially high-risk
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historical arsenic-contaminated mine sites assessed against the NEPM HIL for arsenic
may not receive further investigation because the trigger for further assessment is
based on the concentration in the bulk sample. In countries that follow a similar
screening process for preliminary site investigations, potentially high-risk sites that
have passed the screening process may be widely distributed on an international
scale. These results naturally lead to the postulation of further questions regarding the
adequacy of this generic approach for the screening of contaminants at historical mine
sites.

7.4 RECOMMENDATIONS
7.4.1 Management of historical mine waste deposits
Abandoned mine sites are considered one of the most significant environmental issues
associated with mining (UNEP 2001), and it is likely that there are millions of
abandoned mines worldwide, however, the scope of their impacts on human health
and the environment is not well understood (Fields 2003). Management of abandoned
mine sites is often a challenging undertaking, particularly in the absence of a
consistent approach to the investigation of contamination at these sites. Suitable
guidance is therefore needed to prevent land managers making poor decisions early
in the contaminated land screening process that may lead to long-lasting impacts on
human health and the environment.
The data presented in this thesis confirms that unremediated gold mine waste deposits
at abandoned mine sites in Central Victoria represent a source of arsenic-rich dust,
and this dust contains an inhalable component. Given the high likelihood for similar
sites to exist on an international scale, it is recommended that the potential
environmental and human health impacts of dust emissions from mine waste deposits
be investigated using a consistent approach in order to develop, where necessary,
remediation strategies that match the real level of risk. It is also recommended that
initial arsenic screening of the sites take into consideration the arsenic content of the
dust size fraction, rather than the bulk size fraction. This will ensure that deposits with
high-risk dust hazards that would ordinarily be classified as requiring no further action
under the current investigation framework, are identified for further investigation and
remediation.
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7.4.2 Suggested modification of the conceptual site model for human health
risk assessment
Chapter 1 of this thesis described a generic framework for the risk assessment of
contaminated sites through the development of a conceptual site model (CSM). The
CSM is a representation of site-related information regarding potential contamination
sources, receptors and exposure pathways between those sources and receptors.
Based on the work undertaken in thesis, a modified framework for the CSM is
proposed through the addition of arsenic concentration values in particle size fractions
relevant to mobility and human exposure (Fig 7.1). In the absence of this information,
it is not possible to adequately develop targeted remediation strategies; it may also
result in inaction (i.e. if the CSM is based on the bulk arsenic concentration). This
modified CSM, while developed as a result of research into historical mine wastes,
has broader applications and may be used to characterise the human exposure
pathways to arsenic (and other metals) at former industrial sites.
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Source

Size
fraction

Transport
vector

Primary
exposure
pathways

Receptor

≤250 µm

Anthropogenic
(clothes, pets, skin);
wind erosion

Ingestion

Children; individuals
with direct contact
to source

≤100 µm

Wind erosion (dust)

Ingestion; inhalation
into upper airway

Nearby residents

≤10 µm

Atmospheric
dispersion

Inhalation into lung
bronchia

Wider community

≤2.5 µm

Atmospheric
dispersion

Inhalation into lung
alveoli

Wider community

Mine waste deposit

Figure 7.1 Suggested modification to the generic conceptual site model for the health risk assessment of abandoned mine sites.
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7.5 CONCLUSION
Historical mining wastes represent a widespread and ongoing global problem, but their
impacts on human health and the environment are not well-understood. When
assessing arsenic exposure and risk in communities impacted by historical mining
activities, this thesis demonstrates the importance of performing site-specific
geochemical

analysis

on

size-fractionated

mine

waste

materials.

Arsenic

measurements of particle size fractions relevant to dust mobility, ingestion and
inhalation should therefore be reported as a complementary screening tool to
traditional techniques. This modified approach will provide more accurate
assessments of the potential human health risks associated with arsenic
contamination so that sites may be appropriately prioritised for further investigation or
remedial action. The research included in this thesis adds to the scientific body of
evidence critical to the process of updating current approaches to the assessment of
contaminated sites, in both the Australian and international context, and provides a
platform upon which to develop future targeted research into the impacts of arsenicrich historical mine wastes.
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